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Abstract 
Contamination within the marine environment is ubiquitous and may 
contain both metals and polycyclic aromatic hydrocarbons (PAH’s)  
individually or within complex mixtures. Contamination may bind 
directly to organic particles within sediment and may remain 
undisturbed or re-released during periods of hydrodynamic activity. 
Sediment may therefore act as both source and sink for complex 
mixtures of contamination and bio-accumulate in sediment dwelling 
organisms including the marine polychaete Hediste diversicolor.  
Following exposure, an organism may deploy a variety of 
biochemical, cellular, molecular and behavioural alterations to 
maintain homeostasis and reduce the effects of the insult. 
Biomarkers are used within environmental monitoring to forecast 
adverse outcome pathways via the assessment of endpoints 
including those of cellular, molecular, behavioural, tissue, systemic 
and organism responses and alterations. However, research is 
primarily conducted upon bioaccumulation and adverse outcome 
pathways of exposure to individual contaminants although 
environmentally, mixtures of contaminants including metals and 
PAH’s are omnipresent.  
Concentrations of metals and PAH’s in the environmental matrices of 
the Fleet Lagoon, Dorset, UK were analysed in order to obtain 
environmentally relevant concentrations of contaminants. Specific 
metals and PAH’s were found to exceed the Threshold and Potential 
effects limits of the Canadian sediment quality guidelines. 
Granulometric composition showed spatial variance throughout the 
lagoon where all sites were identified as extremely poorly to 
moderately poorly sorted. Relationships between sediment fractions, 
Cu, Zn and Pb were identified. Additionally, both metals and PAH’s 
were found to bioaccumulate in H diversicolor. Total metal sediment 
analysis and worm tissue concentration were not relational excluding 
As, where a positive correlation was identified. Sediment digestion 
using BCR sequential extraction revealed a positive relationship 
vi 
 
between worm tissue concentrations for Cu. However, proteinase K 
sediment digestion identified positive correlation between Cu, Pb and 
worm tissue concentration. Furthermore, BCR sequential extraction 
was found to overestimate the bioavailable fraction. Isomer source 
analysis identified that PAH’s found at all sites excluding site 2, were 
from pyrolytic origins. PAH’s at site 2 were identified as being from 
petrogenic sources.   
Exposure investigations using the environmentally relevant 
concentrations of Pb and pyrene found in sediment of the Fleet 
lagoon identified that both contaminants, alone and in combination 
negatively affect burrowing rates of H diversicolor. Although, 
burrowing rates of the combined Pb and pyrene exposure groups 
were faster than those exposed to Pb alone. Acetylcholinesterase 
was inhibited by both Pb and pyrene (alone and in combination) 
although more notably by pyrene. However, burrowing rates to not 
correlate to AChE activity. 
The presence of pyrene in combination with Pb was found to reduce 
Pb assimilation by H diversicolor. Furthermore, both Pb and pyrene 
were found to produce reactive oxygen species which may not be 
suitably controlled by glutathione-s-transferase, cytochrome P450, 
superoxide dismutase as 8-OHdG adducts post exposure were 
identified. Additionally, potential inhibition of both GST and CYP450 
were observed during the assimilation phases for all exposure 
groups.  
Energetic alterations following exposure were identified in all 
exposure groups suggesting that exposure to these contaminants 
induces high energetic demands in H diversicolor. Results from this 
study demonstrate for the first time that the bioaccumulation of Pb 
and pyrene by H diversicolor elicit behavioural, biochemical and 
energetic changes which may have negative effects on populations 
which reside in marine environments where Pb and pyrene are 
present. 
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1. Introduction 
1.1 Overview 
 
Oceans provide a sink for many manufactured and naturally 
occurring chemicals of which, 16 polycyclic aromatic hydrocarbons 
(PAH’s) and certain metals are considered priority pollutants (EPA, 
2018). As a consequence, marine organisms may be exposed to 
mixtures of these contaminants where bioaccumulation (Brown and 
Takada, 2017) may result in unpredictable co-toxic effects, 
subsequently altering the ecological risk (Gauthier et al., 2014). Yet, 
the majority of marine organism toxicity research is conducted on 
single contaminants (Banni et al., 2009), even though co-toxicities of 
contaminant exposures are frequently hypothesised (Fleeger et al., 
2007, Gauthier et al., 2014). For example, Chen et al. (2018), 
demonstrated the depression of antioxidant response following 
exposure to mixtures of either Cu, Cd or Pb and benzo [a] pyrene in 
the mussel Mytilus coruscus than found in single exposures. 
Consequently, there is a requirement to investigate the interactions 
of contaminant mixtures to determine the risk posed to marine 
organisms (Wang et al., 2011a).   
PAH’s are released into the environment through natural pyrolytic 
events (volcanic eruptions and forest fires), combustion of fossil fuels 
and biomass, direct and in direct oil spills and natural seepage from 
oil shale (Boitsov et al., 2009; Jiao et al., 2009; Luo et al., 2008; 
Page et al., 1999). PAH’s assimilate within marine organisms through 
epidermal uptake and ingestion (Gauthier et al., 2014). Once 
assimilated, metabolism of PAH’s alters the chemical structure, 
allowing excretion (Geissing et al., 2003). However, some 
intermediate metabolic products of PAH’s are observed to be highly 
carcinogenic and / or mutagenic (Barhoumi et al., 2011).  
Metals in the environment naturally derive from the Earth’s crust 
through erosion and abrasion of rocks and sediment (Garrett, 2000). 
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However, metal concentrations within the marine environment have 
increased due to industrialisation, direct and indirect dumping of 
waste, and leachate from land (Frignani and Bellucci, 2004; 
González-Fernández et al., 2011; Ibrahim and Mutawie, 2013). 
Certain metals are essential for biological function and therefore 
mechanisms exist for regulation, accumulation and excretion (Luoma 
and Rainbow, 2005; Rainbow et al., 1990). However, high 
environmental concentrations of essential metals and uptake of non-
essential metals via ion mimicry may elicit toxicity (Berthet et al., 
2003; Wang and Fisher, 1999a).  
A limited number of investigations regarding the toxicities of metals 
and PAH exposure have been conducted, where results demonstrate 
more than additive effects on mortality rates (Gauthier et al., 2016), 
biochemical markers of oxidative stress (Chen et al., 2018; Díaz-
Jaramillo et al., 2017; Gauthier et al., 2016; Gopalakrishnan et al., 
2011; Wang et al., 2011a), neurotoxicity (Banni et al., 2009), and 
altered assimilation of metals / PAH’s (Diaz-Jaramillo et al., 2017; 
Gauthier et al., 2016; Wang et al., 2011a; Banni et al., 2009). 
Importantly, the hydrophobic nature of PAH’s and the affinity of metal 
ion sorption to sediment and organic particulates results in 
sedimentary settlement potentially Leading to concentrations higher 
than those found in the water column (Gauthier et al., 2014). 
Consequently, it is necessary to conduct investigations into the risk 
following exposure to mixtures of contaminants using sediment 
dwelling marine organisms such as the common ragworm Hediste 
diversicolor (O.F.Muller, 1776) to elucidate the toxicological 
responses  (Wang et al., 2011a). This PhD research will investigate 
the toxicological responses of H. diversicolor following exposure to 
metals and PAH’s (alone and in combination) to determine additive 
toxicities.   
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1.2 Literature Review 
1.2.1 Threats to the marine environment 
1.2.1.1Marine pollution 
 
Anthropogenic industrial activities and increased human population 
progressively contribute to the rise of marine pollution via direct 
inputs such as burning of fossil fuels, oil spills (Yunker et al., 2002), 
dumping of waste (Jambeck et al., 2015) and sewage overspills (Au 
et al., 2000). Indirect inputs from agricultural and industrial land run 
off contribute pesticides, fertilizer and petrochemicals, whilst leachate 
from landfill sites may contain metals and petrochemicals (Polidoro et 
al., 2016). Aside from the concentrations of pollutants, the 
transboundary nature of the marine environment allows long distance 
transport of pollutants within the water column, which accumulates in 
regions governed by tidal flows including coastal habitats such as 
lagoons and estuaries (Echeveste et al., 2016).  
Climate change, associated sea water temperature rise, reduction of 
oxygen and the alteration of seawater chemistry, such as increased 
acidity related to increased carbon dioxide levels, may further 
influence the toxicity of marine pollution (Deutsch et al., 2015). 
Temperature and pH modification are recognised factors in the 
alteration of some chemical pollutants (Xue et al., 2016) and have 
been evidenced to increase toxicity following exposure (Cao et al., 
2018; Lewis et al., 2016; Marangoni et al., 2019; Nardi et al., 2018; 
Rodríguez-Romero et al., 2014b). Additionally, sea temperature rise 
may increase the metabolic rate and ventilation of many marine 
organisms, influencing contaminant assimilation and potential toxicity 
(Schiedek et al., 2007). Co - toxic effects of temperature and pH 
alterations were demonstrated by Nardi et al. (2015) who detailed 
disturbances to oxidative stress and immune system function. 
Increased bioaccumulation of trace metals from sediment in the 
polychaete H diversicolor were reported at lowered pH levels 
(Rodríguez-Romero et al., 2014a). However, reduced pH (7.5 )  
increased cellular defence responses in H diversicolor (Freitas et al., 
4 
 
2017), highlighting the need for further research regarding pollution 
and climate change driven sea water alterations.    
Coastal lagoons are shallow water ecosystems that are partly or fully 
enclosed via depositional barriers from the sea and which are heavily 
influenced by tidal flushing, freshwater inputs, depth and evaporation 
(Bird, 1994). Within these environments, high levels of ecosystem 
system services are provided including watershed protection, leisure 
activities, protective nurseries for important biota and carbon 
sequestration (Gedan et al., 2011). Moreover, high productivity and 
shelter provides a habitat for many protected species including 
seagrass, fishery species and wading birds (Newton et al., 2014). 
Yet, lagoons are subjected to terrestrial, atmospheric and aquatic 
pollution inputs including metals, pesticides, pharmaceuticals, 
plastics and PAH’s, which may be present either individually or within 
complex mixtures (De Wit et al., 2017). Such contaminants may be 
persistent and accumulate within the environment due to low tidal 
flushing and water exchange, degrade to more toxic states and elicit 
deleterious effects upon marine organisms (Rossi et al., 2016). 
Upon entry to the marine environment, sediments remain the sink for 
such pollutants as shown in Figure 1 (Remaili et al., 2016a). 
Adsorption of pollutants to organic matter within the water column, 
which subsequently settle upon bottom sediment results in acute and 
chronic capture of contamination (Peng et al., 2009). However, 
sediment may further act as a source for contamination during 
periods of hydrodynamic action, bioturbation by invertebrates, marine 
vessels and anthropogenic disturbance, which serves to re - release 
contamination back into both the pore water fraction surrounding 
sediment and the water column (Bryan and Langston, 1992; 
Eggleton and Thomas, 2004; Remaili et al., 2016b). 
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Figure 1. Metal inputs into the marine environment.  Air particulate matter derives from anthropogenic 
sources including industrial / urban burning of fossil fuels and natural sources such as volcanic 
eruptions. Agricultural inputs include use of pesticides and wastewater. Industrial and urban inputs 
include wastewater leachate, leachate from land fill and direct dumping of contaminated waste. 
Bioturbation of sediment by benthic invertebrates allows the re - release of sediment bound metals. 
Geological processes and hydrothermal venting provide direct natural inputs. M+::: denotes metals from 
sources binding to organic particulate matter within the water column which then settles on to the 
sediment bed.  
INDUSTRIAL/ 
URBAN 
HYDRODYNAMIC/
ANTHROPOGENIC 
DISTURBANCE 
M+::::: 
BIOTURBATION 
AIR PARTICULATE 
AGRICULTURAL 
GEOLOGICAL/HYDROTHERMAL 
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1.3 Marine Metal Pollution 
1.3.1 Heavy Metals? 
 
Within this review, the term heavy metals will not be used as there 
appears to be inconsistencies throughout scientific literature 
regarding which metals belong to this group. Duffus (2002) detailed 
how confusions regarding metals labelled ‘heavy’ appear to arise 
from a lack of definition, with some authors using either mass, 
density, specific gravity or atomic number as means of classification. 
Furthermore, the term ‘heavy metal’ has not yet been defined by any 
authoritative body such as the International Union of Pure and 
Applied Chemistry (Hübner et al., 2010).Therefore, each metal within 
this study will be treated separately in accordance with individual 
toxicological properties. 
1.3.2. Bioavailability of Metals within the Marine Environment 
 
Bioavailability of metals may be defined as the fraction of total metal 
readily available for uptake by organisms via water, sediment and 
food which in turn, elicit effects upon the organism (Rainbow et al., 
2009a). Metal speciation / fractionation (i.e. the chemical form) is the 
primary factor that governs bioavailability, which is further influenced 
by environmental conditions such as temperature and aqueous 
chemistry including pH (Park et al., 2014), salinity (Li et al., 2008) 
and dissolved oxygen (Maruya et al., 2012). Metals are commonly 
bound to sediment via ion exchange, precipitation or adsorption 
(Gaillard et al., 1986). The bioavailability of the different fractions are 
frequently analysed using sequential chemical extraction methods 
such as the three stage extraction scheme (SM&T) which 
supersedes the BCR (commission of the European Communities, 
Community Bureau of Reference 1992) (Pini, 2014). This three-step 
sequential chemical extraction procedure targets the soluble and 
exchangeable fraction (F1), reducible fraction (F2), and the 
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oxidizable fraction (F3), leaving the residual fraction (F4) (Pueyo et 
al., 2008; Yoo et al., 2013).  
Within seawater, metal elements are present as ions, organic or 
inorganic complexes, and as insoluble compounds adsorbed to 
suspended particulates (Du Laing et al., 2009). Ionic forms are 
considered to have high bioavailability due to penetration of the 
mucous membranes in marine organisms (Bajger et al., 2011). 
However, ingestion of contaminated sediment particles provides an 
additional contamination exposure pathway for depositional feeders 
(Buffet et al., 2011). Yet, sequential extraction analysis does not 
address bio - accessible fractions solubilized during the gastro-
intestinal processes following ingestion of contaminated sediment 
particles (Bignasca et al., 2011).  Therefore, the applicability of using 
sequential extraction alone when determining bioavailability of metals 
using deposit feeding fauna as chosen species may be questioned. 
The use of biomimetic approaches, including that of the digestive 
enzyme proteinase K, are evidenced to mimic the complexation and 
exchange with ligands of metals within the gastric environment of 
sediment dwelling marine invertebrates (Bignasca et al., 2011; Ianni 
et al., 2010; Rosado et al., 2016; Turner, 2006), increasing the 
accuracy of bioavailability assessment. However, the superiority of 
biomimetic digestion over sequential extraction techniques to 
determine metals bioavailability are yet to be fully established.  
1.3.3 Marine Metal Contamination Inputs 
 
Metals are naturally present within the environment, emitted into the 
atmosphere from aerosol particulate matter from volcanic eruptions 
or the water column via hydrothermal venting (Resing et al., 2015), 
and released from rocks and sediment through natural erosion 
processes (Hechun et al., 1988; Vriens et al., 2019). Metals are then 
subject to transport in solid or dissolved form via tides, currents, 
rivers and streams (Young and Ishiga, 2014). Yet, anthropogenic 
industrial activity including electroplating, mining operations, 
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manufacture and disposal of batteries, smelting, burning of fossil 
fuels and contaminated materials (Ibrahim et al., 2016) progressively 
contributes to the accumulation of metals, in particular As, Cd, Cu, 
Fe, Pb, Ni, and Zn into the marine environment through aerosol 
particulate matter, land run off, leachate and dumping of toxic wastes 
at sea (Chiarelli et al., 2014).   
1.3.4 Toxicity of Metal Pollution 
 
Metals which have eco toxicological relevance (Ag, As, Au, Bi, Cd, 
Co, Cr, Cu, Fe, Ga, Hg, In, Ir, Mn, Mo, Ni, Pb, Pd, Pt, Rh, Sb, Se, Sn, 
Ti, V, and Zn) do not biodegrade, resulting in their toxicity and 
behaviour being influenced by chemical and physio - chemical 
processes of the marine environment (Álvarez-Muñoz et al., 2016). 
Some metals, such as Mn, Fe, Cu and Zn are crucial trace nutrients 
for biological reactions although sufficiently high exposure elicits toxic 
effects (Aboul-Ela et al., 2011). Cellular response following metal 
exposure is therefore related to the concentration level, exposure 
time (long or short term) and individual metal (Figure 2). 
 
 
   
 
 
 
 
 
 
 
 
Figure 2. Organism response following metal exposure. Schematic illustration 
depicting traditional biomonitoring analysis whereby metal specificity, concentration 
levels and individual toxicities may result in a cascade of cellular and molecular 
expression.   
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The current literature regarding the toxicity of metals to marine 
invertebrates (Table 1), demonstrates multiple negative observations 
across a range of species, from laboratory experiments including 
oxidative stress and cellular damage. Furthermore, studies regarding 
fecundity and gamete heath status highlight negative influences that 
may be evidenced at population levels and have far reaching 
negative effects upon the ecosystem health. 
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Table 1. Molecular and cellular effects of metals on marine invertebrate species.  
Species Metal Methodology Results Author (s) 
Hediste diversicolor 
(Common ragworm) and 
Scrobularia plana 
(Peppery furrow shell) 
Ag 
CdS 
Au 
ZnO 
CuO 
10 µg l-1 
10 µg l-1 
100 µg l-1 
10 µg l-1 
10 µg l-1 in dosed sea 
water 
Oxidative stress, 
apoptosis and DNA 
strand damage using 
microscopy techniques 
(Mouneyrac et al., 
2014) 
Mizuhopectin yessoensis 
(Japanese scallop) 
Cd 0.3 mg l-1 Cd dosed 
sea water 
DNA strand breaks in 
gill cells using comet 
assay 
(Slobodskova et 
al., 2012) 
Hydroides elegens 
(serpulid worm) 
Crepidula onyx (slipper 
snail) 
Balanus amphitrite 
(striped barnacle) 
Ag nano- 
particles 
1, 10, 100, 1000 µg L-1 Growth and 
development 
retardation of larval 
stages and reduced 
settlement  
(Chan and Chiu, 
2015) 
Nereis virens 
 (King ragworm) 
Cu 
 
 
Cu 
250 mg kg-1 spiked 
sediment 
 
500 µg 1-1 
Reduced settlement of 
larvae calculated using 
observation and 
statistical analysis 
Reduced Embryonic 
survival using 
observation 
(Watson et al., 
2008) 
Mytillus galloprovincalis 
(Mussel)  
As (lll) 
and As (v) 
50 µg l-1 in dosed sea 
water 
Increased oxidative 
Stress and apoptosis, 
and cell development 
using microscopy 
techniques. Osmotic 
regulation disruption 
and energy 
metabolism 
interference using 
assay techniques 
(Yu et al., 2016a) 
Ciona intestinalis (sea 
squirt) 
Ni nano- 
particles 
<100nm dosed in 
seawater 
Lipid peroxidation and 
DNA fragmentation of 
sperm plasma 
membrane and cells, 
decreased fertilization 
and mitochondrial 
membrane 
hyperpolarization. 
(Gallo et al., 2016) 
Magallana gigas    
(Pacific oyster) 
Pb 5 µg l
-1 in dosed sea 
water 
Altered Ca2+ 
homeostasis and fatty 
acid oxidation. 
(Meng et al., 2018) 
Gibbula umbilicalis (Flat 
top shell) 
HgCl2 20 mg l
-1 in dosed 
seawater 
Acetylcholinesterase 
inhibition 
(Cabecinhas et al., 
2015) 
Mytillus galloprovincialis 
(Mussel)  
Cr(Vl) 1-50 ng l-1 in dosed 
seawater 
Reduced lysosomal 
membrane stability 
(digestive gland).  
(Franzellitti et al., 
2012) 
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Exposure to the metals As, Cd, Cu, Cr, Au, Ni and Ag were reported 
to initiate oxidative stress responses detected as biomarkers of 
antioxidant defence and lipid peroxidation (Franzellitti et al, 2012; 
Slobodskova et al., 2012; Mouneyrac et al., 2014; Gallo et al., 2016; 
Yu et al., 2016). However, where these antioxidant defences were 
not sufficient to regulate reactive oxygen species, further toxic 
responses were observed: reduction of lysosomal membrane stability 
(Franzellitti et al., 2012); fragmentation of sperm plasma membrane 
and cells (Gallo et al., 2016); apoptosis in coelomocyte cells 
(Mouneyrac et al., 2014); and DNA strand breaks (Mouneyrac et al., 
2014; Slobodskova et al., 2012, Gallo et al., 2016). In addition, Meng 
et al., (2018) and Yu et al., (2016) demonstrated the energetic costs 
of Pb and As pollution exposure respectively, indicating a reduction 
in health status. Importantly, exposure of Hydroides elegens and 
Nereis virens larval stages to Cu and Ag demonstrated mortality and 
settlement (Chin and Chui et al., 2015; Watson et al., 2008), which 
may impact populations, biodiversity and biomass in environments 
where these contaminants are present at the concentrations 
investigated. 
 
1.4 Polycyclic Aromatic Hydrocarbon Environmental pollution  
1.4.1 Polycyclic Aromatic Hydrocarbon Environmental Inputs 
 
PAH’s are a group of several hundred organic chemical compounds 
comprising hydrogen and carbon atoms with two or more fused 
aromatic rings (Kuppusamy et al., 2016). They originate from a 
variety of natural and anthropogenic sources (Figure 3). However, 
global industrialization, increased requirement for energy, reliance on 
fossil fuels, subsequent processing and combustion of petroleum 
products containing PAH’s results in a worldwide distribution of 
contamination within the terrestrial and aquatic environments 
(Gauthier et al., 2014; Luna-Acosta et al., 2015). 
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Figure 3. Sources of environmental PAH inputs. Anthropogenic and Natural 
processes which include incomplete combustion of petroleum products, fossil fuels 
and biomass. Further inputs include indirect geophysical release and direct 
anthropogenic inputs. 
Pyrolytic PAH’s derive from incomplete combustion of organic matter 
after which, the products condense to low molecular weight organic 
molecules, whereas petrogenic PAHs originate from the incomplete 
combustion of fossil fuels (Xue et al., 2016). 
1.4.2 PAH’s Characteristics and Toxicity 
 
Individual PAH’s illustrate an inverse relationship between Octonal-
Water coefficient (Kow) and water solubility whereby individual 
compounds with low water solubility show high Kow, high molecular 
weight and high lipophilicity (Hylland, 2006). However, both pyrolytic 
and petrogenic PAH’s as detailed in Table 2, can be found in 
complex mixtures within the marine environment (Hylland, 2006). 
 
 
 
 
 
 
 
PAH Sources 
Via 
Incomplete 
Combustion, 
Degradation, 
Direct and 
Indirect 
Sources 
Natural Sources 
Forest Fires 
Volcanoes 
Vegetation Decay 
Oil shale / Natural 
transference of oil 
Minerals 
Anthropogenic Sources 
Petrol / Diesel / Jet 
engines 
Industrial power 
stations / Processes 
Petroleum Spills 
Domestic activities 
Incineration 
Pesticides 
Land Run Off 
 
 
 
 
 
 14 
 
Table 2. Polycyclic aromatic Hydrocarbons found within the marine environment 
(Lee et al., 2013). 
PAHs Ring Molecular 
Weight 
Aqueous 
Solubility 
(µg l-1) 
Henry’s Law 
Constant  
Log Kow 
Acenaphthylene 2 152.2 3,930 1.0 10-1 Pa/m3/mol 3.7 
Acenaphthene 2 154.2 insoluble 2.610-1 Pa/m3/mol 3.9 
Fluorene 2 166.2 1,900 6.510-1 Pa/m3/mol 4.18 
Phenanthrene 3 178.2 1,050 2.310-1 Pa/m3/mol 4.57 
Anthracene 3 178.2  2.010-1 Pa/m3/mol 4.45 
Fluoranthene 3 202.3 201 1.110-1 Pa/m3/mol 5.23 
Pyrene 4 202.3 132 4.110-1 Pa/m3/mol 5.18 
Chrysene 4 228.3 1.9 2.1 Pa/m3/mol 5.81 
Benzo[b,k,j] 
fluoranthene 
4 252.3 0.8 1.010-1 Pa/m3/mol 6.11 
Benzo[e]pyrene 5 252.3 0.006 3.310-1 Pa/m3/mol 6.44 
Benzo[a]pyrene 5 252.3 1.6 6.2 Pa/m3/mol 6.13 
Perylene 5 252.3 0.4 2.3 Pa/m3/mol 6.25 
Indeno[1,2,3-cd] 
pyrene 
5 276.3 2.6 2.910-1 Pa/m3/mol 7.00 
Benzo[g,h,i] 
perylene 
6 276.3 0.7 2710-1 Pa/m3/mol 6.22 
 
Temperature and salinity of seawater effects the solubility of PAH’s 
where reduced solubility is observed with increasing salinity, and 
increased solubility observed with increasing temperature, thus 
allowing partitioning effects between dissolved and sorbed phases 
(Wang et al., 2001). Moreover, PAH’s with relatively high Henry’s law 
constants will evaporate from the surface of the water whereas high 
molecular weight PAH’s will bind to organic colloidal particles such as 
marine bacteria and fulvic acids present in the water column prior to 
sediment deposition (Fleeger et al., 2007). As a result, sediment 
dwelling marine organisms may be exposed to chronic levels of 
PAH’s directly via tissue contact or indirectly from contaminated 
particle and food ingestion. The toxic responses to PAH exposure 
are detailed in Table 3.  
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Table 3. PAH toxicity to marine invertebrate organisms.   
Species PAH Test 
Methodology 
Results Author(s) 
Hediste 
diversicolor 
(Common 
ragworm) 
Benzo(a) 
pyrene 
0.1, 0.5 mg -1 
dosed sea 
water 
Inhibition of 
antioxidant 
enzymes after 10-
day exposure 
from intestinal 
tissue and 
coelomocytes. 
Destabilisation of 
lysosome 
membranes. DNA 
strand breaks. 
(Catalano 
et al., 2012) 
Chlamys 
farreri 
(Chinese 
Scallop) 
Benzo (a) 
pyrene 
0.1µg -1 dosed 
sea water 
Oxidative damage 
DNA strand 
breaks 
(Guo et al., 
2017) 
Chlamys 
farreri 
(Chinese 
Scallop) 
Chrysene 0.2,0.8, 3.2 µg 
-1 dosed sea 
water 
DNA strand 
breaks, lipid 
peroxidation at all 
exposure levels 
(Xiu et al., 
2016) 
Pecten 
maximus 
(King scallop) 
Phenanthrene 200 µg -1 
dosed sea 
water 
Oxidative stress 
and lipid 
peroxidation in 
haemolymph 
(Hannam et 
al., 2010) 
Rudiptapes 
philippinarum 
(Manilla 
clam) 
Phenanthrene 
Benzo (b) 
pyrene 
86.7, 88.8, 
544 and 763 
ng g-1 spiked 
sediments in 
tanks with 
filter sea 
water 
Lipid peroxidation 
and increased 
glutathione-s-
transferases 
following 
exposure to all 
treatments. DNA 
strand breaks 
decreased over 
time in all 
exposures 
(Martins et 
al., 2013) 
 
Biomarkers of oxidative stress were reported for all exposures (Guo 
et al., 2017; Xiu et al., 2016; Martins et al., 2013; Catalano et al., 
2012; Hannam et al., 2010). Importantly, lipid peroxidation and / or 
DNA strand breaks were reported in all cases and may result from 
insufficient regulation of reactive oxygen species (Chen et al., 2018).  
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1.4.3 PAH Toxicity Pathways 
 
The non - polar behaviour of PAH’s allow passive diffusion across 
cellular membranes, resulting in their ready uptake and subsequent 
detection within the tissues of marine organisms including the 
crested oyster Ostrea equestris (Pie et al., 2015), the Pacific oyster 
Magallana gigas (Zacchi et al., 2018) and marine polychaete 
Perinereis rullieri (Nesto et al., 2010). Biological responses to PAH 
exposure involve the action of the cytochrome P450 oxidase enzyme 
superfamily. These enzymes utilise a variety of compounds as 
substrates including contaminants, which are oxidised to produce 
polar compounds with enhanced water solubility, enabling the 
enhanced excretion and reduction of toxicity (Parente et al., 2014).  
Paradoxically, PAH’s toxicity may be attributed to metabolism of the 
parent compound via cytochrome P450’s resulting in carcinogenic, 
genotoxic and reactive oxygen metabolites (Nebert and Dalton, 
2006). 
Incorporation of PAH’s into cellular membranes may expand 
membranes thereby altering fluidity (Wang et al., 2011a), with 
subsequent change in ion regulation further reducing the activity of 
the cell (Sikkema et al., 1995). Additionally, toxicity may be induced 
via light activation whereby excitation of PAH’s to upper energy 
states leads to the formation of reactive oxygen species (ROS) or 
reaction with oxygen to form intermediate endoperoxides and 
quinones as stable end products, which are acknowledged to invoke 
lipid peroxidation and DNA damage (Gauthier et al., 2014). 
1.4.4 Metal –PAH Co -Toxicity  
 
Within the marine environment, exposure to chronic and diverse 
mixtures of contaminants, including metals and PAH’s may exert 
antagonistic, additive, more than additive or non - additive co- toxicity 
to organisms (Gauthier et al., 2014). Despite this, the joint toxicity of 
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these pollutants are rarely examined (Fleeger et al., 2007). 
Moreover, the behaviour and characteristics of each contaminant 
within a mixture may influence the uptake rate of each individual 
compound thereby increasing the assimilation, body concentration, 
subsequent toxicity and potential for bioaccumulation by trophic 
transfer (Gauthier et al., 2014). 
Effects of co - toxicity have been observed. For example,  Xiaolei et 
al, (2007) demonstrated that exposure to Cu 2+  increased the cellular 
membrane sorption of PAH’s during cellular ion transport. 
Furthermore, Wang et al. (2011a) describe exposure to mixtures of  
Benzo [a] pyrene and cadmium increasing the rate of cadmium 
uptake in the clam Ruditapes philippinarum.  
Although the capability of metal - PAH mixtures to elicit toxicity may 
be dependent upon the individual characteristics of each contaminant 
and their influences on each other, toxicity may arise from 
accumulative and influential action of each substance. Actions 
include mucus secretion (a favourable binding agent for PAH’s) 
following surface contact and subsequent ingestion (Gauthier et al., 
2014); metal exposure inhibiting cytochrome P450 enzymes 
responsible for the phase 1 metabolism of PAH (Wang et al., 2011a); 
PAH’s eliciting an inhibitory effect upon metallothionein detoxification 
of metals following exposure to both contaminants (Costa et al., 
2009) and mutual induction of ROS by both PAH’s and metals 
resulting in cellular damage from lipid peroxidation and DNA damage 
via formation of 8-hydroxyguanine adducts (Peter et al., 2006; Yoo-
Na and Mi-Young, 2011; Yu et al., 2006). However, understanding of 
mixed exposure remains limited. To address the current gaps in 
knowledge, altered metal / PAH uptake, inhibition of biochemical 
detoxification enzymes / proteins, alterations of behaviour and 
energy expenditure following exposure will be investigated in the 
present study.  
 
 18 
 
1.5 Marine Organisms as Sentinels of Metal Pollution 
 
Commonly, biomonitoring includes the use of marine invertebrate 
species, in particular bivalves as environmental biomarkers due to 
factors including ubiquitous distribution, low mobility, population 
abundance, and accessibility (Duarte et al., 2017; Viarengo and Nott, 
1993). As invertebrate species occupy intermediate consumer 
positions in pelagic and benthic food webs, information gained from 
such investigations may be used to determine bioaccumulation 
through trophic transfer and ecosystem structural shifts which may 
result in the relocation or decline of resources and reduced 
biodiversity (Viarengo et al., 2007). 
The use of Mytilus edulis within the international “Mussel Watch” 
program initiated during the 1970’s (Schöne and Krause Jr, 2016), 
evidenced accumulation and related toxicity to contamination (Luna-
Acosta et al., 2015) both, globally along coastlines and in areas of 
environmental concern (Laitano and Fernández-Gimenez, 2016). 
However, marine invertebrate species which occupy different trophic 
levels may also exhibit varying toxicity to contamination. Therefore, 
to assess the heath of an ecosystem, it is vital to examine effects 
upon species with differing physiologies that reside in contaminated 
environments (Viarengo et al., 2007). For example, marine sediment 
dwelling organisms including H diversicolor may be exposed to 
mixtures of contaminants which differ from those found in the water 
column. Furthermore, differing modes of feeding and the sedentary 
or active use of the environment may result in additional uptake 
pathways for contamination (Viarengo et al., 2007). Consequently, 
the sole use of an intermediate species from a contaminated 
environment to determine bioavailability and toxicity  may provide an 
inaccurate assessment of risk.   
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1.5.1 Marine quality guidelines 
 
To identify risks associated with contamination within marine 
matrices, quality guidelines have been developed. Hence, both water 
and sediment guidelines exist, developed from both empirical 
approaches identifying the relationship between contaminant 
concentration and toxic response in biota (Li et al., 2014) and 
theoretical approaches based on the prediction of bioavailability 
through equilibrium partitioning between matrices (Peña-Icart et al., 
2017).  
Empirical guidelines utilise threshold and probable effects levels 
(TEL / PEL) demonstrating risk associated to marine biota from 
specific concentrations. Commonly used empirical data based 
guidelines include the Floridian, Canadian, ANZECC and NOAA 
sediment quality guidelines, which were formulated from numerable 
toxicological investigations (CCME, 2001; McCauley et al., 2000). 
However, it is important to note that these quality guidelines are 
based upon single contaminant exposure. To date, there are no 
validated quality guidelines for mixed contaminant exposure for 
marine organisms.  
 
1.5.2 Marine Polychaete species in Biomarker Research 
 
The ragworm H diversicolor (O.F.Muller 1776), (phylum Annelida, 
class Polychaeta, order Aciculate, family Nereidadae) is considered a 
key ecological species due its role in sediment bioturbation (Gillet et 
al., 2012; Sizmur et al., 2013) and as an important food source for 
wading birds and fish (Dierschke et al., 1999; Rosa et al., 2008; 
Santos et al., 2009). Additionally, this species is considered a 
suitable candidate for biological monitoring due to is broad 
distribution (Virgilio et al., 2009), limited dispersal ability and 
presence within polluted environments (Scaps, 2002). H diversicolor 
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has further been successfully used as a biomarker of contamination 
exposure within laboratory studies (Buffet et al., 2011; Cong et al., 
2014; Freitas et al., 2017; Maranho et al., 2015; Mouneyrac et al., 
2003; Pires et al., 2016) and in the field (Aberson et al., 2011, 2016; 
Burlinson and Lawrence, 2007).  
1.5.3 The Polychaete Hediste diversicolor, Hediste or Nereis? 
 
Taxonomic status of the genus Nereis continues to be unclear as 
species of Nereis virens and Nereis diversicolor are generally 
denoted as Neanthes virens and Hediste diversicolor. Scaps (2002) 
conducted a comprehensive biological and ecological study upon the 
species Hediste diversicolor and further noted that molecular 
biologists use Hediste whereas ecologists prefer Nereis. For the 
purposes of consistency throughout this study, this species will be 
referred to as H diversicolor. 
 
1.5.4 Hediste diversicolor Physiology 
 
H diversicolor are found in brackish waters throughout the North 
Temperate Zone from Europe to the North American coast inhabiting 
Y or U - shaped burrows (Scaps, 2002). A temperate estuary 
inhabitant, this species can tolerate large variations in salinity and 
temperature with populations found in large densities that commonly 
feature gender ratios skewed towards the female (Kristensen, 1984). 
They are omnivorous with feeding methods including active 
predation, suspension and deposit feeding (Duport et al., 2006). 
Morphological features (Figure 4), include a flattened appearance 
with prominent dorsal blood vessel, reversible proboscis, four eyes, 
four pairs of tentacular cirri and two frontal antennae (Scaps, 2002). 
 21 
 
 
Figure 4. Hediste diversicolor morphological features (Scaps 2002). 
 
1.5.5 Lifecycle 
 
H diversicolor are gonochoristic, with adults reaching full maturity 
between 1 - 3 years with length ranging between 6 - 12cm consisting 
of 90 - 120 chaetigers (Scaps, 2002). Mature individuals are 
observed as brown / red in colour due to carotenoid pigments 
however, colouration changes to green during spawning caused by 
the presence of biliverdin and breakdown of haemoglobin in the gut, 
coelomic cavity and epidermis cellular walls (Scaps, 2002). 
Spawning occurs during the summer and autumn in accordance with 
environmental triggers and pheromone population coordination 
however, these events are terminal for both sexes (Hiddink et al., 
2002). 
 
1.5.6 Role in Lagoon ecosystems 
 
H diversicolor is considered a keystone species due to high 
population densities found within sediment (Scaps, 2002) and as the 
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primary food source for wading birds (Baird et al., 1985; Moreira, 
1999).The efficiency of suspension feeding of this species is 
considered high with Riisgard et al. (1996) suggesting that the 
extraction of phytoplankton and suspended particles from water 
exerts control of phytoplankton blooms. Furthermore, Moreira et al. 
(2006) detailed how reduced feeding by this species correlated to 
contaminant exposure, had deleterious effects upon the levels of 
detritus within sediment. Importantly, burrowing behaviour of this 
species provides a regulatory influence on the oxygenation of anoxic 
sediment (Kalman et al., 2009), which may affect the bioavailability of 
contaminants.  
 
1.6 Biomarkers 
 
Biomarkers are used within environmental monitoring to forecast 
toxic effects following exposure to contaminants (Buffet et al., 2011), 
via the assessment of a variety of endpoints and markers. Viarengo 
et al. (2007), developed the concept of adverse outcome pathways 
linking cellular, molecular and tissue alterations following exposure to 
adverse individual and population effects, thereby providing a 
method to calculate environmental risk (Connon et al., 2012) as 
illustrated Figure 5. 
 
 
 
 
 
 
Figure 5. Sources to Adverse outcome pathway. Adverse Outcome Pathway 
illustrating the progressive effects whereby exposure to the chemical initiates a 
molecular response which may eventually Pb to deleterious effects at population 
level. 
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Analysis of multiple level interactions using adverse outcome 
pathways following exposure may categorise specific contaminants 
to ecosystem level effects and alterations to ecosystem services 
(Connon et al., 2012). However, to quantify the illustrated outcome 
pathways directly relating to health and survival of an organism using 
environmental levels of metals and PAH’s, the mechanisms of 
individual and co-toxicity must first be identified as illustrated in 
Figure 6. 
 
 
 
 
  
 
Figure 6. Toxicity of metals and PAH’s. Schematic illustration which highlights the cellular 
and molecular toxicity of metals and PAH’s. 1., PAH’s bind readily to cell membrane 
increasing concentration, metals (M) may diffuse through membrane dependant on 
specificity, or via ion channels. UV radiation may alter PAH’s to quinones. PAH’s may 
damage cellular membrane and ion channels therefore increasing PAH and metal diffusion. 
PAH may form cation π bonds with metals at cellular interface which may increase diffusion. 
Metal exposure may increase mucus secretion allowing increased binding of PAH. 2. PAH 
initiate cytochrome P450 may metabolise compounds during phase 1 to form quinones 
which may exert carcinogenic, mutagenic effects and further increase reactive oxygen 
species (ROS). PAH may affect the formation and functioning of detoxification granules and 
inhibit metallothionein (MT). This in turn may increase ROS. 3. Metals may bind to enzymes, 
inhibit acetylcholinesterase, and undergo fenton reactions increasing ROS. PAH’s and 
quinones may overwhelm the detoxification system (GSSG, SOD), increasing ROS resulting 
in lipid peroxidation. Increased ROS may elicit DNA damage in the form of 8-hydroxy-2-
deoxyguanosine lesions (Gauthier et al., 2014).  
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1.6.1 Detoxification Enzymes, molecules and Cellular Effects 
 
Reactive oxygen species (ROS; Figure 7), are ubiquitous to all 
aerobic organisms, where their generation is related to the 
metabolism of oxygen reduction in which reduction of oxygen to 
water, ATP production, microsomal transport chains and activities of 
detoxification enzymes produce (ROS) as intermediates (Canesi and 
Corsi, 2016). However, metals (e.g. Cd, Ni, Hg, Pb) and PAH’s taken 
up by organisms can further stimulate the production of (ROS) 
through redox cycling or depletion of protein bound sulfhydryl groups 
(Lister et al., 2015). Photo activation, formation of PAH - dihydrodiols 
and inhibition of the cytochrome P450 detoxification enzymes 
following PAH exposure further contribute to ROS production 
(Gauthier et al., 2014). 
 
 
 
 
Figure 7. Detoxification of Reactive oxygen (ROS): O2−, superoxide anion; H2O2, 
hydrogen peroxide;.OH, hydroxyl radical; SOD, superoxide dismutase; CAT, 
catalase; GPX, glutathione peroxidase (Canesi., 2015).2015) 
 
The processes which produce and those which scavenge ROS are 
balanced in equilibrium (Wan et al., 2015): the presence of ROS 
stimulating the production of antioxidant detoxification enzymes 
including glutathione – S – transferases (GSTs), catalase (CAT), 
glutathione reductase (GR), glutathione peroxidase (GPx), and 
superoxide dismutase (SOD). When ROS production exceeds the 
detoxification capacity, oxidative stress such as lipid peroxidation and 
lysosomal membrane damage may occur (Lister et al., 2015; 
Viarengo et al., 1989; Wan et al., 2015). 
.OH 
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Loss of membrane integrity can lead to cellular death or interference 
with cell signalling pathways causing tissue abnormalities and 
ultimately reduces an organism’s health status (Moore, 2004). To 
counter this insult, ROS defence mechanisms are utilised including 
the antioxidant enzyme superoxide dismutase (SOD) (Kim et al. 
2011). SOD’s are ubiquitous in eukaryotes and observed as three 
forms: Cu / Zn (Cu / Zn - SOD), iron SOD (Fe - SOD) and 
manganese SOD (Mn - SOD) (Kim et al., 2011). This enzyme 
catalyses the reaction dismutation of superoxide: 2O2 + 2H+ → H2O2 
(Canesi, 2015; Manduzio et al., 2003), whereby induced oxidative 
stress from superoxide will be eliminated by the increase in SOD 
activity (Wang et al., 2016). 
The assessment of further detoxification enzymes in particular, the 
glutathione transferase family of enzymes in relation to metal and 
PAH exposure are commonly used biomarkers (Martín-Díaz et al., 
2008). Glutathione is an exploited substrate in phase ll detoxification 
reactions where these enzymes catalyse the reactions with metals 
and metabolism of lipophilic organic contaminants (Solé et al., 2009). 
The analysis of these enzymes shows effects of contaminant 
exposure (Buffet et al., 2011; Jing et al., 2006; Martín-Díaz et al., 
2008). However, a lack of glutathione following exposure to these 
pollutants has also been observed leading to cellular oxidative 
damage (Chelomin et al., 2005; Regoli et al., 2011). 
Additionally, enzyme responses may be influenced by environmental 
factors such as seasonal temperature variations and alterations of 
pH and salinity. This theory was evidenced by Bocchettit et al. 
(2008), who described seasonal variations in enzymatic activity in 
bivalve species and concluded that the use of these biomarkers as 
indicators of effects must be considered in relation to environmental 
alterations. Furthermore, Freitas et al. (2016) described alterations in 
oxidative biomarkers of the polychaete Diopatra neapolitana when 
exposed to differing salinities. They concluded that salinity effects 
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upon enzyme responses must be incorporated into laboratory studies 
to avoid confounding results. 
Cytochrome P450 are a superfamily of heme thiolate proteins which 
are key to the detoxification of contaminants and considered a 
reliable biomarker to evaluate the exposure effects of PAH’s (Yim et 
al., 2017). These enzymes perform reactions designated as 
hydrolysis, reduction and oxidation (Rougée et al., 2014) to render 
the xenobiotic more soluble, facilitating excretion. However, these 
reactions may produce carcinogenic and mutagenic products 
therefore increasing harmful effects of exposure (Gauthier et al., 
2014). Although, carcinogenic and mutagenic effects may accrue 
over chronic time scales, increased ROS formation from PAH 
quinones may also result in DNA damage via 8 – hydroxy – 2 -
deoxyguanisone adducts ( 8 - OHdG) (Chen et al., 2018; Gauthier et 
al., 2014).  
1.6.2 Energy Homeostasis  
 
Energy metabolism, regulation of energy expenditure and allocation 
to biological functions are fundamental parts of an organism’s health 
status (Sokolova et al., 2012). However, survival in contaminated 
environments may alter energy homeostasis as requirements of 
detoxification and avoidance of contamination increases energy 
expenditure (Nilin et al., 2012). This may Pb to an overall decline in 
population fitness and subsequent reduced food quality for higher 
organisms (Walker et al., 2007; Yeung et al., 2017). 
Fitness costs were demonstrated by Pook et al. (2009) who observed 
a decrease in lipid and carbohydrate levels in H. diversicolor 
associated with chronic metal pollution indicting the energy cost of 
the detoxification system. Pook et al. (2009) further demonstrate how 
the increase in detoxification enzymes and associated protein 
synthesis is recognised as resource intensive Leading to the 
restriction of energy or reproduction, growth and repair.  
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Energetic alterations of lipids, carbohydrates, proteins and 
metabolism following metals exposure have been observed: the 
presence of urea in the mussel Mytillus galloprovincialis was related 
to a direct energy homeostasis imbalance resultant from Cu 
exposure (Nechev et al., 2007); the reduction in metabolic rate of the 
marine clam Mesodesma mactroides on exposure to Cu (Giacomin 
et al., 2014) and depletion of cellular protein following cadmium 
exposure resultant from increased detoxification protein synthesis in 
the mollusc Crassostrea virginica (Cherkasov et al., 2006). It is 
interesting to note that although individuals in a chronically polluted 
environment may maintain an albeit stressed energy homeostasis, 
allowing the fulfilment of certain functions including maturation and 
growth, negative effects of energy alteration may not be observed if 
only a narrow range of energy budgets are assessed. For instance, 
energy alterations of reproductive processes have been observed, 
including the reduction of mitochondrial activity of invertebrate sperm 
(Au et al., 2000; Caldwell et al., 2011). However, such observations 
may not generally be included in energy budget testing due to 
time/species breeding constraints. 
1.6.3 Genotoxicity  
 
Chronic and acute exposure to metal (s) and PAH (s) may result in 
the production of ROS exceeding the capacity of the antioxidant 
system of the individual, resulting in oxidative stress and cellular 
damage (Lister et al., 2015; Viarengo et al., 1989; Wang et al., 2016). 
Nucleotide exposure in particular the base guanine (Topal et al., 
2017) can initiate alteration of DNA bases via oxidation, Leading to 
the formation of the DNA lesion 8 – hydroxy – 2’ - deoxyguanosine (8 
- OHdG) (Oliveira et al., 2010b). The consequence of which can lead 
to DNA strand breakage and misreading, altered gene expression, 
microsatellite and chromosomal instability, cytostasis and neoplastic 
growth (Oliveira et al., 2010b). 
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The use of 8 - OHdG as a biomarker of environmental contaminants 
have been studied by the researchers Topal et al. (2017) Oliveira et 
al. (2010) and Sui et al. (2008) who all found increased 8 - OHdG 
levels following contaminant exposures. Additionally, the detection of 
a micronucleus following evaluation of elevated 8 - OHdG levels is an 
established cytogenetic assay which may indicate accumulated 
genetic damage (Oliveira et al., 2010b). 
 
1.6.4 Metallothionein 
 
Metallothionein’s (MTs) have a widely established role in the context 
of metal detoxification as these thiol rich molecules have three 
primary detoxification functions:  
1) Homeostatic regulation of metals. MT induction is directly 
linked to exposure to essential metals (especially Cu and Zn) 
which may be used as a store for synthesis of 
metalloenzymes (Amiard et al., 2007). 
2) Non - essential metal regulation. Cadmium, mercury cations 
or those which share stoichiometric characteristics with Cu 
and Zn (Ryvolova et al., 2012).  
3) Neuroprotective mechanisms and oxidative stress defence 
mechanisms (Mao et al., 2012).  
MT concentrations detected in either whole soft or digestive tissues 
(Le et al., 2016) are widely established as a biomarker for monitoring 
metallic aquatic pollution (Oaten et al., 2017), due to the presence of 
these proteins in many animals including marine invertebrates 
(Serafim and Bebianno, 2007). However, following exposure to 
metals and PAH, inhibition of MT was observed in the Manilla clam 
Ruditapes philippinarum  (Wang et al., 2011a), and the sole Solea 
senegalenis, increasing stress upon the detoxification system (Costa 
et al., 2008). The expression of these proteins following metal 
exposure is not the only detoxification function as metals are also 
found in mineral rich granules (Wang et al., 2011a, Rainbow et al., 
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2006). For example, Mouneyrac et al. (2003), observed metal 
containing extracellular granules present in the epicuticle, 
spherocrystals and mineralized lysosomes in the gut wall and 
epidermal cells in which were found a variety of metals including Zn, 
Fe, Pb, As, Ca, and K in the polychaete H diversicolor. Moreover, the 
ultimate fate of excessive concentrations of metals bound to MTs are 
believed to involve the incorporation of the metal into these 
intracellular metal rich granules, although this process is not fully 
understood (Barka, 2007; Hopkin, 1990). 
Mouneyrac et al. (2003) further described how the analysis of 
metallothionein like proteins did not increase upon exposure to 
individual metals, which infers non specificity. However, this may be 
due to the fast rate of turnover of these proteins in invertebrates upon 
exposure (Langston et al., 1989), a consideration which must be 
recognised when using MTs as biomarker of metal exposure. Further 
inconsistencies of MT induction have been evidenced by Oaten et 
al., (2017) who detail seasonal variations of MT induction in the clam 
Ruditapes philippinarum. 
Nonetheless, the induction of MTs by metal exposure has been 
demonstrated for marine invertebrates (Bebianno et al., 1993; Brown 
et al., 2004; Olafson et al., 1979; Viarengo et al., 1987) leading to the 
adoption of this test as a biomarker of metal exposure (Amiard et al., 
2007). Although, growing evidence of inconsistencies include that MT 
expression may also be dose - dependent whereby, when exposure 
exceeds specific thresholds, the MT expression is not positively 
correlated (Mao et al., 2012), which may relate to toxicity reducing 
detoxification processes (Amiard et al., 2007). Furthermore, stress 
has been shown to induce the expression of MT including events 
such as anoxia, starvation (Lee and Nam, 2016), thermal stress 
(Cooper et al., 2013; Serafim and Bebianno, 2001), and fitness and 
handling (Cooper et al., 2013). 
 30 
 
MT expression may therefore be indicative of an organisms 
physiological response following exposure to specific metal pollution 
and not an indication of stress (Piña and Barata, 2011) or exposure 
to mixed metal pollution. However, MT expression remains an 
intrinsic part of any metal exposure study although current literature 
acknowledges that MTs are not solely involved in detoxification and 
transport of metals (Abebe et al., 2007; Chen et al., 2018; Liebeke et 
al., 2013; Rainbow P. S et al., 2007; Wang et al., 2011a).  
1.6.5 Acetylcholinesterase 
 
Cholinesterase’s are responsible for the removal of acetylcholine 
from synaptic clefts in eukaryotes and are found in two isoforms: 
acetylcholinesterase and butyrylcholinesterase (Viarengo et al., 
2007).The enzyme acetylcholinesterase (AChE) is responsible in 
terminating the neurotransmission by clearing acetylcholine from 
synaptic clefts by way of hydrolysis resulting in the products choline 
and acetate (Liu et al., 2014b). AChE inhibition results in the increase 
of acetylcholine in the synaptic cleft and subsequent overstimulation 
of the postsynaptic membrane (Liu et al., 2014b). 
Acute toxicity of chemical pollutants such as organophosphates and 
carbamate insecticides results in the inhibition of AChE (Day and 
Scott, 1990; Rajkumar and Samuel, 2013). Therefore, assessing the 
AChE activity of an organism following contaminant exposure has led 
to its use as a diagnostic tool within ecotoxicology.  
Numerous studies have effectively identified the inhibition of 
cholinesterase activity following marine invertebrate exposure to sub 
lethal levels of organophosphates, metals and PAH’s (Benitez-
Trinidad et al., 2014; Brown et al., 2004; Cabecinhas et al., 2015; 
Canty et al., 2007; Dailianis et al., 2003; Gauthier et al., 2016). 
Conversely, there are studies which showed no cholinesterase 
inhibition. For example, Vidal-Liñán et al., (2016) studied the effects 
of PCB – 153 on Mytillus galloprovincialis and found no affect to 
AChE activity. 
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1.6.6 Behaviour Alterations 
 
Behavioural alterations of organisms following contaminant exposure 
may provide an unobtrusive, early warning biomarker in 
ecotoxicology when such changes are possible to quantify (Macedo-
Sousa et al., 2008). Alterations may occur due to the exposure 
concentration overwhelming detoxification processes eliciting toxicity 
that in turn, leads to deterioration of health which may then have 
deleterious effects upon contaminated ecosystems (Lee and 
Johnston, 2007). Observed behavioural alterations following metal 
(s) and PAH (s) exposure include contamination avoidance 
behaviour in the earthworm Lumbricus rubellus (Zn) (Ma and Bonten, 
2011), reduced feeding of the copepod Schizopera knabeni 
(phenanthrene and Cu) (Silva et al., 2009), reduced burrowing 
activity of the ragworm H. diversicolor (silver and silver nanoparticles) 
(Cong et al., 2014), and reduced burrowing success of H. diversicolor 
(Cu) (Burlinson and Lawrence, 2007). Conversely, behavioural 
alterations including reduced burrowing and feeding have been 
observed following low concentration Zn nanoparticle exposure when 
cellular biomarkers showed little alterations in both the clam 
Scobicularia plana and ragworm H. diversicolor  (Buffet et al., 2011). 
However, altered behaviours may have far reaching negative effects 
for populations of invertebrate species that function as key species 
within ecosystems related to increased predation and reduced fitness 
(Sokolova et al., 2012). 
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1.7 Research aim and objectives  
 
PAH and metal pollution within the marine environment exist within 
complex mixtures (Fleeger et al., 2007; Gauthier et al., 2014). 
However, toxicological investigations using mixtures of these 
contaminants are scant. Additionally, there is limited research 
regarding the adverse outcome pathways from cellular to organism 
response following exposure, which is necessary to understand 
ecosystem level effects (Cannon et al., 2012). Therefore, there are 
important gaps in the understanding of the consequences of marine 
pollution. This present study will contribute to addressing this 
situation. The aim of this study is to investigate the effects of 
environmentally relevant levels of Cu, Pb and pyrene exposure 
(individually and in combination) in the marine ragworm H. 
diversicolor. The Fleet lagoon, Dorset, UK was used as a study 
location to obtain environmentally relevant concentrations of 
described contaminants following a site survey and to identify 
bioaccumulation within resident populations of H diversicolor. 
Additionally, sediment characteristics of the study site were 
investigated and the bioavailability of metals from sediment was 
conducted to determine the relationship between sediment properties 
and metal bioavailability. PAH isomer analysis was determined to 
identify potential sources of this contamination in the Fleet Lagoon. 
Controlled exposure experiments were conducted to investigate the 
assimilation, excretion, biochemical, behavioural and energetic 
effects of contaminant exposure (individually and in combination) on 
H diversicolor.  
The objectives of the present study were: 
1. To identify and quantify concentrations of metals within the 
water and sediment of the Fleet lagoon. Bioavailability of 
metals from the environmental matrices were assessed by 
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identification and quantification of metals within the tissue of 
resident H diversicolor. Bioavailable fractions of metals from 
the sediment were determined using sequential extraction and 
proteinase K sediment digestion. The accuracy of these 
techniques regarding bioaccumulation of metals by  H 
diversicolor was investigated (Chapter 3).  
2. To determine and quantify concentrations of PAH’s in water 
and sediment of the Fleet Lagoon, isomer source analysis and 
bioaccumulation to resident H diversicolor (Chapter 4). 
3. To investigate behavioural change and neurotoxic alterations 
in H diversicolor following exposure to Cu, Pb and pyrene 
(individually and in combination) (Chapter 5). 
4. To assess the assimilation, excretion and biochemical 
responses of Pb and pyrene exposure (individually and in 
combination) in H diversicolor (Chapter 6). 
5. To examine the energetic demands of Pb and pyrene 
(individually and in combination) exposure in H diversicolor 
(Chapter 7). 
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Chapter 2. Materials and Methods 
2.1 Introduction  
 
Research conducted in this study includes the identification and 
quantification of metals and polycyclic aromatic hydrocarbons 
(PAH’s) found in sediment and water of the Fleet Lagoon, Dorset, 
UK. Results found from this field work were then used to select 2 
metals and one PAH for use at environmentally relevant 
concentrations in a series of H diversicolor exposure experiments 
using spiked sediment. General methods of field work, metal and 
PAH sediment and worm tissue extraction and analysis, sediment 
spiking and tanks trials used in this study are described in this 
chapter. Further methods relating to specific research are included in 
detail in relevant chapters.  
2.1.1 Collection of samples and pre-processing 
2.1.1.1 Site selection 
 
10 sites along the Eastern shoreline of the Fleet lagoon, Dorset, UK 
were identified as sample locations. The rationale included covering 
the full length of the lagoon, including natural embayment’s where 
contamination may accrete. Additionally, care was taken when 
identifying locations to ensure safe access to the shoreline from 
adjoining public and private land as some areas of the shoreline are 
inaccessible by foot. 
2.1.1.2 Sediment collection  
 
H diversicolor burrow into sediment to depths of ~18cm (Scaps, 
2002). Therefore, to account for the potential exposure of 
contamination from the surrounding environment, a sediment depth 
of 20 cm was used. Samples (n = 3) were taken from each site using 
a depth marked stainless steel sediment corer from the Eastern 
shoreline. Areas where samples were taken were identified using a 
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Garmin 64s - d GPS and locations chosen within ~ 2m2 in areas free 
from large rocks and pebbles. Upon extraction of sediment, samples 
for metals analysis were placed into labelled plastic bags. Guidelines 
of environmental PAH analysis states that sample collection and 
storage must not be conducted using plastic equipment due to the 
potential of adhesion (Kelly et al., 2000). Therefore, samples for PAH 
analysis were placed into amber glass bottles. Care was taken to 
ensure that the sediment filled the bottles to the top to prevent loss of 
contaminant via volatility. Tin foil was placed onto the top of the bottle 
prior to sealing with the plastic lid and then placed into labelled 
plastic bags. All samples were stored in isothermal bags whilst in the 
field and returned to the laboratory at Bournemouth University within 
6 h where samples were frozen at - 20°C until analysis.  
2.1.1.3 Water collection 
 
300 ml amber glass bottles were used to collect water samples from 
each sample location for PAH analysis. Bottles were fully submerged 
to completely fill the bottle and lids replaced. This procedure was 
conducted to ensure that there was not any headspace or air bubbles 
in the sample bottle which may affect PAH analysis due to their 
volatility (Kelly et al., 2000).  
Water samples for metal analysis were conducted in conjunction 
using 100 ml polypropylene bottles. All PAH and metal sample 
bottles were fully labelled and placed into cool boxes during the 
sampling processes.  
2.1.1.4 Collection of Hediste diversicolor 
 
Holes created by sediment extraction were initially used to recover H 
diversicolor. Sediment was turned over carefully using a hand fork at 
depths of ~ 20 cm. If worms were not present, further digging was 
done around the sample location. Worms (n = 10 per site) were 
carefully removed from the sediment and placed into labelled plastic 
containers which contained water from the sample location. All 
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samples were kept at the site in cool boxes and the worms were 
returned to the Laboratory at Bournemouth University within 6 h.  
Once at the laboratory, worms were identified using a magnifying 
glass. Positive identification was made using the key described by 
Barnes (1994). Worms were then placed in aerated containers for 48 
h which contained manufactured sea water (15 ppt salinity, 17°C) to 
depurate their guts (Zhou et al., 2003). Worms were then placed 
individually into labelled containers and frozen at - 20°C until 
analysis. 
2.1.1.5 Preparation of sediment samples for metal analysis 
 
Sediment samples from each sample location (n = 3) were 
thoroughly mixed to form a single bulk sample. Homogenised 
sediment (~ 20 g) from each sample was then removed randomly 
and placed onto a large watch glass. This process was repeated until 
each watch glass contained ~ 60 g of sediment (~ 20 g from each 
sample) to represent each sample location. Samples were then left 
for a period of 48 h to dry at room temperature.  
Dried sediment was passes through a 200 µm mesh sieve and 0.3 g 
of sieved sediment was then placed into labelled polypropylene tube 
prior to chemical digestion. 
2.2 Sediment Characteristics 
2.2.1 Loss on Ignition 
 
Loss on ignition was determined using the method developed by 
(Wang et al., 2011b), where 30 g of wet sediment was placed in heat 
proof crucibles and heated at 105˚C until a constant weight achieved. 
The samples were re-weighed then placed in a Carbolite muffle 
furnace for 12 h at 550˚C. Samples were cooled, then re-weighed. 
LOI was formulated using Eq. (1). 
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(𝑊𝑠) − 𝑊𝑎
𝑊𝑠 − (𝑊𝑐)
∗ 100 
Where: 
Ws = Weight of sediment which has been dried at 105˚C until a 
constant weight achieved. 
Wa = Weight of ash produced following heating to 550˚C for 12 h 
Wc = Weight of cooled crucible dried at 105˚C for 1 h.  
 
2.2.2 Sediment characterisation 
 
Grain size distribution of the sediment samples (n = 3) were 
measured using a Malvern Mastersizer 3000 laser diffraction particle 
size analyser. The following fractions and related particle size (µm) 
were determined; clay (0.06), Very Fine Silt (3.9), Fine Silt (7.8), 
Medium Silt (15.6), Coarse Silt (31), Very Fine Sand (63), Fine Sand 
(125), Coarse Sand (500), Very Coarse Sand (1000), Granule 
(2000).  
Geometric grain size distribution was determined using the method 
described by Folk and Ward (1957). Initially, grain size values are 
logarithmically transformed to a phi scale (Eq (2)): 
𝛷 = −𝑙𝑜𝑔2 𝑑 
Where: 
 d= grain diameter in millimetres.  
The mean size of sediment particles are determined using 
corresponding phi scale units (Blott and Pye, 2001) (Eq (3)): 
Φ16+ Φ50+ Φ84   
 3 
Spread of sizes around the average (sorting) are determined using 
Eq. (4), skewness Eq.(5) and kurtosis Eq (6): 
Φ84- Φ16   + Φ95- Φ5 
          4              6.6 
Mz= 
σ= 
(3) 
(4) 
(2) 
(1) 
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Φ 16+Φ84=2 Φ50 + Φ5+ Φ95-2 Φ50 
      2( Φ84- Φ16)        2(Φ95- Φ 5)  
 
 
       Φ95- Φ5 
    2.44(Φ75- Φ25) 
 
2.3 Chemical analysis 
2.3.1 Preparation of Equipment 
 
All glassware and plastic equipment used in this series of 
experiments were acid washed using 10% HNO3 for a minimum of 
12 h. Equipment was then rinsed in distilled water and finally in 
deionised water (Millipore 18 MΩ) prior to use.  
2.3.2 Chemical Determination of Total Metals in Sediment 
 
Total concentrations of metals within the sediment samples were 
determined in accordance with the method developed by McGrath 
and Cunliffe (1985) using aqua regia digestions as follows; 0.3 g of 
sediment were placed in polypropylene digestion tubes to which 3 ml 
of 70% HNO3 (PrimarPlus trace analysis grade, Fischer Scientific, 
UK) and 9 ml of 37% HCl (PrimaPlus trace analysis grade, Fischer 
Scientific, UK) added. Samples were pre-digested for 2 h prior to 
heating at 60˚C overnight. The temperature was then increased to 
105˚C until approximately 2 ml of fluid remained. The temperature 
was then decreased to 50˚C and samples left to cool until all 
moisture was removed, and then samples were cooled to room 
temperature. 20 ml of 5% HNO3 was then added to the samples 
which were then shaken to re-suspend the digests. Samples were 
Sk= 
KG= 
(5) 
(6) 
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centrifuged at 2000 rpm for 2 min and the supernatant removed for 
analysis by ICP-OES (Varian vista Pro, Varian inc. California, USA).  
 
2.3.3 Metal Content in Worm tissue 
 
All worms ( n = 10, per site) were depurated for a period of 48 h in 
clean manufactured sea water (15 ppt salinity, 17°C) prior to 
freezing. Individual worms were defrosted and washed using 18 MΩ 
ultrapure water to remove sediment particles. Worms were then dried 
at 70°C for 24 h until a constant weight was achieved. The weight of 
dry worms was then recorded, and length measured using a 
calibrated Vernier. Individual worms were dried at 70° for 24 h or until 
a constant weighed was achieved. A minimum of 0.025 g of tissue, 
typically 1 small size worm, was placed into a digestion tube to which 
5 ml of 70% HNO3  (PrimarPlus trace analysis grade, Fischer 
Scientific, UK) was added. The tubes were placed into digestion 
block at 60°C for 1 h. Digestion tubes were agitated and temperature 
increased to 90°C for a further 2 h until tissue was no longer visible 
and samples were clear. Tubes were left to cool and if fat deposits 
were visible, samples were further treated by the addition of  2.5 ml 
of 100 vol H2O2 (PrimarPlus trace analysis grade, Fischer Scientific, 
UK) followed by heating at 90°C for a further 2 h. The digestion block 
temperature was then increased to 100°C until tube contents were 
almost completely evaporated. The digestion block temperature was 
then decreased to 50°C until tube contents nearly dry. Tubes were 
removed and left to cool when contents were dry and weighed. The 
contents were then re -suspended by adding 8 ml of 5% HNO3. 
Tubes were agitated and left for a further 30 min to ensure 
dissolution of metal salts. Tubes were then re-weighed to determine 
the sample volume gravimetrically. Metal analysis for Ag, As, Cu, Cr, 
Ni, Pb and Zn was conducted using ICP - OES (Varian Vista Pro). 
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2.3.4 Sequential Sediment Processing 
 
The bioavailability of metals from sediment was determined using 
analytical grade reagents using the method described by Pueyo et 
al., (2008) as detailed:- 
1) Step 1: The acid extractable and carbonate fractions were 
obtained, whereby 0.5 g of each sediment sample in triplicate was 
digested using 20 ml of 0.11 mol l -1 acetic acid for 16 h using a 
shaker at a speed of 30 + 10 rpm and temperature of 22 + 5˚C. The 
suspension was then centrifuged for 20 min at 3000 rpm, 
supernatant removed and refrigerated at 6˚C until analysis. The 
sediment residue was then washed in 20 ml distilled water, shaking 
for 15 min at 30 + 10 rpm at 22 + 5˚C, and centrifuged for 20 min at 
4200 rpm.  
2) Step 2: The reducible fractions: Fe / Mn (hydr-) oxides; were 
obtained using 20 ml 0.5 mol l-1 hydroxylammonium chloride 
(hydroxylamine hydrochloride) added to the sediment sample residue 
obtained from step 1. The samples were shaken for 16 h at a speed 
of 30 + 10 rpm and temperature of 22 + 5˚C. The suspension was 
then centrifuged for 20 min at 4200 rpm, supernatant removed and 
refrigerated at 6˚C until analysis. The sediment residue was then 
washed in 20 ml distilled water, shaking for 15 min at 30 + 10 rpm at 
22 + 5˚C, and centrifuged for 20 min at 4200 rpm.  
3) Step 3: 5 ml of 8.8 mol l-1 hydrogen peroxide was added to the 
sediment samples in triplicate. The samples were digested at room 
temperature for 1 h with occasional manual shaking. The samples 
were then heated in a water bath to 85˚C and digested for a further 1 
h until approximately 3 ml of solution remained. A further 5 ml of 8.8 
mol l-1 hydrogen peroxide was then added and the sample heated 
again to 85˚C for 1 h. Sample volume was then reduced until 
approximately 1 ml of solution remained. 25 ml of 1.0 mol l-1 
ammonium acetate was then added to the samples which were then 
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agitated for 16 h using an orbital shaker at a speed of 30 + 10 rpm 
and temperature of 22 + 5˚C. The suspension was then centrifuged 
for 20 min at 3000 rpm, the supernatant removed and refrigerated at 
6˚C until analysis. The sediment residue was then washed in 20 ml 
distilled water, shaking for 15 min at 30 + 10 rpm at 22 + 5˚C, and 
centrifuged for 20 min at 4200 rpm. 
 
2.3.5 Proteinase K Extraction 
 
The bioavailable fraction was determined using proteinase K 
following a procedure described by Turner (2006). Proteinase K 
solution (0.4 mg ml-1) was dissolved in 1.179 g of potassium 
dihydrogen phosphate (KH2PO4) and 4.300 g of disodium hydrogen 
phosphate (Na2HPO4) in 1l of distilled water (pH 7.4). 0.5 g of each 
sediment sample in triplicate was weighed and placed in a centrifuge 
tube to which 25 ml of proteinase K solution was added. The 
samples were then shaken at 250 rpm for 3 h at room temperature 
on an orbital shaker. The samples were then centrifuged for 20 min 
at 4200 rpm and the supernatant removed. Metal concentrations for  
As, Cu, Ni, Pb, and Zn were determined by ICP - OES (Varian Vista 
Pro).  
 
2.3.6 Determination of PAH’s in sediment and water 
 
Samples of sediment and water were sent to a commercial laboratory 
(I2 analytical Laboratory, Watford, UK) for determination of PAH 
concentrations by GCMS.  
2.3.7 Extraction of Pore Water from sediment 
 
Samples of pore water obtained from sediment from each study site 
were collected in the laboratory as per the method described by Tang 
et al. (2016) where samples were centrifuged at 2600 g for 20 min to 
extract pore water. Samples were filtered using Millex 0.45 µm 
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disposable syringe filter units attached to a 5 ml syringe and 
refrigerated until analysis. 
2.3.8 Pore water analysis 
 
Samples were analysed at the I2 UKAS accredited analytical 
Laboratory in Hertfordshire, UK. Determination of metals in water 
was conducted by acidification and filtration followed by analysis 
using ICP-MS. 
2.3.9 Preparation of worm tissue for PAH analysis using HPLC  
 
All worms were depurated in clean manufactured sea water (15 ppt 
salinity, 17°C) for 48 h prior to freezing (Malmquist et al., 2015). All 
tissue was then extracted as described in Carrasco Navarro et al., 
(2011). Organisms were defrosted and  homogenized using an IKA 
T10 ULTRA-TURRAX homogenizer in in 2 ml methanol at full speed 
for 1min. Samples are centrifuged at 500 g for 10 min. The 
supernatant was then drawn through a Millex disposable 0.22 µm 
syringe filter unit attached to a 5 ml syringe and transferred to brown 
HPLC vials and stored at − 20 °C until analysis. 
2.3.10 HPLC Pyrene and 1-Hydroxypyrene Analysis 
 
Quantification of pyrene and 1 - hydroxypyrene (1-OHP) in sediment 
and whole worm tissue from H diversicolor was conducted using a 
Perkin Elmer HPLC / UV using analytical grade reagents as 
described by Giessing et al. (2003). The method comprised of 
acetonitrile / water gradient using a reverse phase C18 (octadecyl) 
column. The acetonitrile / water (v / v) gradient profile was 50 : 50 for 
5 min, 100 : 0 for 10 min at a flow rate of 1ml min-1. The system 
consisted of a Perkin Elmer series 200 pump, and Perkin Elmer 275 
auto sampler. The injection volume was 1 µl using a 15 µl injection 
loop and using ethanol as the wash solvent. Detection was 
performed at 339 nm with specific retention times of ~12 min for 
pyrene and ~9 min for 1 - hydroxypyrene. Quantification was 
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performed by measurement of peak area as illustrated in Figures 8 
and 9, using calibration curves obtained from dissolving 0.202 g of 
pyrene in 10 ml of acetone (100 mM) and 0.002 g of 1-
hydroxypyrene (1 mM) in 10 ml methanol.  
 
Figure 8. Chromatograph depicting pyrene detection using a Perkin Elmer 200 
series HPLC pump and 275 auto injector. Retention time for pyrene was ~12 min. 
 
 
Figure 9. Chromatograph illustrating 1-hydroxypyrene detection using a Perkin 
Elmer 200 series HPLC pump and 275 auto injector. Retention time for 1 -
hydroxypyrene was ~ 9 min. 
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2.4.1 HPLC individual PAH determination 
 
Quantification of individual PAH’s in worm tissue was conducted as 
described by Serpe et al. (2010), using a Perkin Elmer HPLC / UV. 
All reagents used were analytical grade. The method comprised of 
acetonitrile / water gradient using a reverse phase C18 (octadecyl) 
column. The gradient elution acetonitrile / water (v / v) profile started 
with an initial mobile phase at 60 : 40 (v / v), changing linearly to 
100% acetonitrile in 14 min followed by a decrease to 60 : 40 after 5 
min. Flow rate increased from 1.8 ml min-1 to 3.5 ml min-1 at 18 min 
followed by decrease to 2.5 ml min-1. The total run time was 35 min. 
The system consisted of a Perkin Elmer series 200 pump, and Perkin 
Elmer 275 auto sampler. The injection volume was 1 µl using a 15 µl 
injection loop and using ethanol as the wash solvent. Detection was 
performed at 294 nm with specific retention for each PAH detailed in 
Table 6. Quantification was performed by measurement of peak area 
using calibration curves obtained from original 10 µg ml-1 PAH 
calibration mix traceable certified reference material (Sigma Aldrich, 
UK).  
 
2.4.2 Pyrene Sediment Determination 
 
Pyrene sediment concentrations were determined following the 
method developed by Zheng et al. (2015). All reagents used were 
analytical grade. 0.2 g of sediment was added to centrifuge tube. 2 
ml of acetonitrile was added to the sample, lid replaced and shaken 
vigorously using vortex mixer for 2 min. 
The sample was then centrifuged for 5 min at 3000 rpm. The upper 
solution transferred to a glass vial. 5 ml of ultrapure water was added 
to a separate glass test tube. 80 µl of dichloromethane was added to 
1 ml of the upper solution and then injected into the ultrapure water 
using a glass Pasteur pipette. The solution was then centrifuged for a 
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further 5 min at 3000 rpm. The dichloromethane extract was then 
removed from the bottom of the tube using a glass Pasteur pipette 
and evaporated under a continuous stream of nitrogen. The sample 
was then re-suspended using 1ml of methanol and transferred to a 
glass HPLC vial. The samples were analysed immediately using 
HPLC.  
2.5 Tank set up  
2.5.1 General set up 
 
Plastic tanks of 24 l (40 x 25 x 25 cm) capacity were used to conduct 
exposure experiments in a series of tests. Tanks were contained in a 
secure controlled environment with a set  mean temperature of 17°C 
and photoperiod of 12 h.  
For each experiment, control systems consisting of tanks containing 
6 kg of commercially available clean sediment ~20 cm deep and 
artificial sea water (tropic marin salt Ltd) (15 ppt salinity). The tanks 
were aerated using commercially available aquatic pumps and 
maintained at 17°C.  
For all treatments using spiked sediment tanks – spiked sediments 
were placed into one 24 l tank per test condition. Manufactured sea 
water was then poured on top of the sediment and aerated using an 
aquatic pump. Tanks were left for a period of 4 h to settle prior to 
addition of live worms. 
2.5.2 Hediste diversicolor 
 
H diversicolor used in laboratory trials were obtained from a 
commercial source (Sustainable Feeds Ltd, UK). Worms were 
identified as H diversicolor as previously described in section 2.1.1.4. 
The wet paper containing live worms was floated on top of a plastic 
sheet attached to the tank and in contact with the manufactured sea 
water (15 ppt salinity, 17°C) for 1 h to allow acclimatisation to 
temperature (Craig, 2018, Sustainable Feeds Ltd, personal 
 46 
 
communication).  Worms where then carefully removed and placed 
into allocated tanks. 
2.5.3 Hediste diversicolor feeding regime 
 
Worms were fed a diet of commercially available fish food (Love Fish 
Ltd) twice per week as advised by Craig (2018) (Sustainable Feeds 
Ltd, UK, personal communication). To ensure that sufficient food was 
provided, food weight equivalent to 1 - 2% of the biomass of worms 
per tank was added. Metal analysis of fish food showed: Cu (0.153 + 
/ - 0.04 µg kg-1); Pb (below detectable limits); Ni (0.017 µg kg-1); Zn 
(109.1 + / - 0.09 µg kg-1). Energy determinants of the fish food 
revealed: carbohydrate content, 0.98 + / - 0.01 mg g-1; Protein 
content, 0.49 + / - 0.17 µg mg-1; Lipid content, 0.63  + / -1.02 mg g-1.  
2.6 Spiking of sediment with metals and pyrene  
2.6.1 Sediment spiking for exposure experiments 
 
Cu levels found in Chapter 3 were used to obtain the median 
concentration of all sample locations. For Cu, the median (31.80 mg 
kg-1) and ½ the median (15.95 mg kg-1) were used initially. High or 
total mortality of worms occurred at these levels. Consequently, the 
Cu levels were reduced to 7.5 mg kg-1 and 3.7 mg kg-1 and the 
experiments repeated. 
Pb concentrations found in Chapter 3 were used to obtain median 
values of 9.2 mg kg-1 and ½ the median 4.5 mg kg-1 for Pb. 
Pyrene concentrations found in Chapter 3 were considered too high 
to use in this series of experiments. Concentrations from the 
obtained results below the Threshold Effects Limits of the Canadian 
Sediment Quality Guidelines (TEL) were then used to formulate the 
median for these lower concentrations of 970 ug kg-1 and 480 ug kg-
1. 
Spiking of sediment was conducted by formulation of a stock solution 
for each chemical which was then added to 6 kg of dry sediment for 
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each test exposure (Table 4) to obtain the individual or mixed 
contaminant concentrations required.  
Table 4. Sediment spiking concentrations. 
Test Exposure Stock solution 
chemical 
Stock solution 
addition 
 (g) 
Solvent Stock solution 
concentration 
(mg l-1) 
Addition to 6kg 
dry sediment  
(ml) 
Cu 31.80 mg kg-1 Cu Chloride 2.115 Analytical 
Water 
10,000  19.5 
Cu 15.95 mg kg-1 Cu Chloride 2.115 Analytical 
Water 
10,000  9.6 
Cu 7.5 mg kg-1 Cu Chloride 2.115 Analytical 
Water 
10,000  4.7 
Cu 3.7 mg kg-1 Cu Chloride 2.115 Analytical 
Water 
10,000  2.4 
Pb 9.2 mg kg-1 Pb Chloride 0.1342 Analytical 
Water 
1,000  55.2 
Pb 4.5 mg kg-1 Pb Chloride 0.1342 Analytical 
Water 
1,000  27.6 
Pyrene 970 µg kg-1 Pyrene 0.2 Analytical 
Grade 
Acetone 
2000  0.291 
Pyrene 480 µg kg-1 Pyrene 0.2 Analytical 
Grade 
Acetone 
2000  0.146 
 
The solution (s) were mixed into the sediment using a glass stirring 
rod. 6kg of dry sediment was weighed and placed into large plastic 
(tin foil bags were used for individual and mixed exposures using 
pyrene) sample bags. The bags were then sealed, and the sediment 
rolled by hand to ensure thorough mixing. Bags were placed into a 
dark cupboard and left for 6 d to allow interactions between the 
contaminant (s) and the solid phase to develop. 
2.6.2 Acetone tank 
 
In addition to the control tanks and to ensure that the acetone used 
to dissolve pyrene did not adversely affect worms, 38.6 ml g-1 of 
acetone were added to 6 kg of dry sediment, stirred with a glass rod 
and rolled by hand to ensure thorough mixing. Bags were left in a 
dark cupboard for 6 days to acclimate. 
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2.7 Quality Control  
2.7.1 Total metal sediment analysis 
 
Toronto Harbour certified reference material (TH - 2, National water 
Research Institute, Ontario, Canada) and solvent blanks were 
analysed alongside samples when conducting total metal sediment 
analysis as per section 2.3.2. Blanks were used to identify 
contamination. All analysis was accepted when results for the 
reference material were within the quoted certified minimum and 
maximum concentrations as shown in Table 5. 
Table 5. Results for certified reference material. Analysis conducted alongside total 
metal sediment determination for this test series. Results shown are mean values 
(n=2) 
Metal Certified 
values µg kg-1 
Min     Max 
Chapter 3 
Values 
µg kg-1 
 
Chapter 5 
Values 
µg kg-1 
 
Chapter 6 
Values     
µg kg-1 
 
Chapter 7 
Values 
µg kg-1 
 
Cadmium 4.76 5.68 5.60+/-0.12 5.62+/-0.08 5.01+/-0.27 5.18+/-0.31 
Chromium 112 134 124+/-8 113+/-6 130+/-7 128+/-6 
Cu 117 131 122+/-5 119+/-4 117+/-4 120+/-5 
Pb 180 208 180+/-11 182+/-9 184+/-8 180+/-2 
Ni 38.7 47.3 47.0+/-0.27 47.2+/-0.10 47.1+/-0.11 47.1+/-0.08 
Zn 852 964 866+/-26 960+/-12 954+/-11 936+/-11 
  
2.7.2 Sequential sediment extraction 
 
To determine the accuracy of results, the certified standard BCR 701 
and blanks were analysed as per the detailed steps with recovery 
levels: Cadmium (95 - 109%), Chromium (72 - 118%), Cu (76 -
127%), Ni (85 - 123), Pb (79 - 137%), Zn (90 - 127%). All results 
obtained were within the certified minimum/maximum values. 
2.7.3 Total metal worm tissue analysis 
 
Analysis of the certified reference material lobster hepatopancreas 
(TORT - 2, National Research Council Canada, Ontario, Canada) 
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and blanks were conducted alongside determination of total metals in 
worm tissue. Results gained were within the certified minimum / 
maximum values detailed in Table 6. 
Table 6. Results for analysis (mg kg-1) of certified reference material TORT - 2. 
Results were obtained alongside determination of total metal in worm tissue for this 
study. Results shown are mean values (n = 2) 
Metal Certified Values 
mg kg-1 
Min           Max 
Chapter 3 
Values  
mg kg-1 
Chapter 5 
Values  
mg kg-1 
Chapter 6 
Values  
mg kg-1 
Chapter 7 
Values  
mg kg-1 
Cd 26.1 27.3 26.2+/-0.5 27.1+/-0.1 26.6+/-0.4 27.3+/-0.1 
Cr 0.62 0.92 0.79+/-0.02 0.86+/-0.05 0.90+/-0.02 0.89+/-0.02 
Cu 96 116 98.5+/-1.6 97.1+/-0.17 97.3+/-1.2 96.2+/-0.09 
Pb 0.22 0.48 0.47+/-0.02 0.48+/-0.05 0.47+/-0.03 0.46+/-0.01 
Ni 2.31 2.69 2.65+/-0.05 2.69+/-0.06 2.68+/-0.02 2.61+/-0.05 
Zn 174 190 179+/-2 175+/-3 180+/-3 189+/-3 
 
2.7.4 HPLC Pyrene and 1-OHP analysis 
 
Six sequential dilutions (1000, 700, 500, 300, 100 and 1 µg kg-1) 
were conducted to obtain calibration curves for 1-hydroxyprene and 
pyrene (Figures 10 and 11 respectively), with regression coefficients 
of r2 > 0.99 for pyrene and > 0.97 for 1 - OHP. The limit of 
quantification for both pyrene and 1 - OHP was determined where 
the signal to noise ratio did not fall below 10 : 1. The minimum 
quantification for pyrene was 500 ng and 1 µg for 1 - OHP. Blank 
samples were run following each concentration analysis in order to 
assess contamination carry over. No carry over was detected using 
this method. 
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Figure 10. Calibration chart for 1-hydroxypyrene. Sequential dilutions were 
performed (n = 3) at 1000, 700, 500, 300, 100 and 1 µg kg-1 . The shaded area 
depicts the 95% confidence interval. 
 
 
Figure 11. Calibration chart for pyrene. Sequential dilutions were performed (n = 3) 
at 1000, 700, 500, 300, 100, 1 µg kg-1. The shaded area depicts the 95% 
confidence interval. 
 
 
2.7.5 HPLC PAH determination 
 
Five sequential dilutions (1, 3, 5, 7 and 10 µg ml-1) were performed 
using a PAH calibration mix traceable certified reference material 
(Sigma Aldrich, UK) containing 16 individual PAH’s, each with a 
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concentration of 10 µg ml-1. The limits of quantification for all 
individual PAH’s was determined where the signal to noise ratio did 
not fall below 10 : 1. The minimum quantification for all individual 
PAH’s was 1 µg. Blanks were run following each analysis to identify 
carry over however, no carry over was identified. Individual retention 
times and regression coefficients are detailed in Table 7. 
Table 7. Retention times, linearity (r 2 and RSD (%) of calibration curves for 16 
individual PAH from PAH calibration mix traceable certified reference material.  
PAH Retention Time (min) Linearity (r 2) RSD % 
Naphthalene 4.5 0.9721 6.19 
Acenaphthylene 8.8 0.9788 7.22 
Acenaphthene 9.2 0.9850 10.95  
Fluorene 9.4 0.9781 8.69 
Phenanthrene 9.6 0.9757 9.14 
Anthracene 9.8 0.9701 2.78 
Fluoranthene 10.0 0.9762 4.68 
Pyrene 10.2 0.9716 12.95 
Benz (a) anthracene 10.5 0.9680 11.73 
Chrysene 11.0 0.9634 5.99 
Benzo (b) fluoranthene 11.1 0.9786 7.65 
Benzo (k) fluoranthene 11.3 0.9621 6.74 
Benzo (a) pyrene 11.5 0.9665 8.61 
Dibenz (a, h) anthracene 12.0 0.9783 8.07 
Benzo (g h i) perylene 12.2 0.9755 10.67 
Indeno (1, 2, 3 – C, D) pyrene 16.8 0.9923 11.14 
 
2.7.6 Varian Vista - PRO ICP - OES 
 
Metal analysis was conducted using a Varian Vista - PRO ICP - OES 
Inductively Coupled Plasma, Optical Emission Spectrometry) 
instrument with detection limits (DL) and method detection limits 
(MDL) as shown in Table 8. MDL is defined as the minimum 
concentration of a substance which can be measured and reported 
with 99% confidence (Ketkar and Bzik, 1998). The ICP - OES was 
calibrated using Fisher Scientific ME / 1001 / 08 multi-element 
standards. 
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Table 8. DL and MDL for Varian ICP - OES.  
Metal DL mg l-1 MDL mg l-1 
Cadmium 0.00041 0.00138 
Chromium 0.00048 0.00159 
Cu 0.00075 0.00251 
Pb 0.00294 0.00979 
Ni 0.00146 0.00487 
Zn 0.00430 0.01435 
 
2.8 Data analysis 
 
All data obtained from experiments within the present study were 
analysed using Ri386 version 3.4.2 statistical software (R core team, 
2017). Results from sampled environmental matrices, worm tissue 
and biochemical tests are reported using the mean result +/- 1 
standard error unless otherwise specified. All data were tested to 
meet assumptions for parametric tests, namely normality and 
homogeneity of error variances using the Shapiro- Wilk and Levene’s 
test respectively. Data which did not meet assumptions were 
transformed using log10, arcsine or square root transformation. Two - 
way ANOVA’s were performed to identify differences between one 
dependant and two independent variables. Differences between test 
groups and those of the control were assessed for differences using 
a one-way ANOVA. If assumptions were not met, Welch’s robust 
ANOVA used as appropriate. Welch two way t – tests were 
performed to determine differences between means of two 
unmatched samples. Following ANOVA analysis, a post hoc 
comparison test of means with equal number of samples (n) was 
conducted using Tukey HSD test (ANOVA).  Pearson’s product 
moment correlation was applied to raw or transformed data to identify 
correlations between variables. If data assumptions were not met, 
Spearman’s rank order correlation was used.  
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3. Metal concentrations in environmental matrices of the 
Fleet Lagoon, UK, and bioavailability to the marine 
polychaete H diversicolor 
3.1 Introduction 
 
Saline lagoons are listed as priority habitats in Annex 1 of the 
Habitats Directive (EU, 1992), defined as “Areas of shallow coastal 
water, wholly or partially separated from the sea by sand banks, 
shingle or less frequently, rocks” (Brown et al., 1997). These sites 
constitute 5.3% of European coastlines (Razinkovas et al., 2008). 
Separation from the surrounding environment results in a sublittoral 
habitat which acts as a sink for particulates including organics and 
fine sediment (Bamber et al., 1992; Barnes et al., 2008). Shallow 
water depths, freshwater inputs and evaporation result in variable 
salinity, water temperature and stratification of pH (Kjerfve, 1994). 
These unique environments provide highly productive ecosystems 
and vital habitat for species of fauna and flora (Razinkovas et al., 
2008). Furthermore, shallow water depths, fluctuating environmental 
parameters and reduced tidal flushing associated with these 
environments further increase the likelihood of eutrophication, via 
leachate from land containing nitrogen compounds (Nixon et al., 
2001). Indeed, the Fleet Lagoon, Dorset, UK received eutrophication 
status in 2001 ascribed to substantial blooms of planktonic algae 
including the dinoflaellate Prorocentrum micans (EA, 2016a). 
Subsequently, the lagoon was designated as Nitrogen Vulnerable 
Zone (NVZ) in 2002 resulting in steps to reduce nitrate - nitrogen 
concentrations of all freshwater inputs to the lagoon (EA, 2016).  
However, anthropogenic pollution containing metals can also enter 
this habitat from sources including leachate from land, air 
particulates, and water exchange. Upon entry to the marine 
environment, metals may sorb to particulates within the water column 
which settle on the sea bed, allowing sediment to act as both sink 
and source for metal pollution during periods of natural modification 
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(Eggleton and Thomas, 2004; Fan et al., 2002; Frémion et al., 2016; 
Remaili et al., 2016a) and anthropogenic disturbance (Atkinson et al., 
2007; Bryan and Langston, 1992). Thus, acute and chronic 
concentrations of metals may be available to benthic species with 
bioavailable fractions assimilated via ion mimicry, cellular active 
transport, passive diffusion across the cellular membranes and 
uptake of contaminated matrices  (Chun-Mei et al., 2016; Luoma and 
Rainbow, 2005; Wang and Fisher, 1999b).   
Sediment dwelling marine organisms are further exposed during 
feeding (Bignasca et al., 2011; Luoma and Rainbow, 2005; Mayer et 
al., 1997; Rainbow P. S et al., 2009a, b; Rosado et al., 2016; Turner, 
2006; Williams et al., 2010; Zhen and Lawrence, 1999) where large 
quantities of sediment are ingested to satisfy dietary requirements 
due to low levels of intra - sediment food particles (Granberg and 
Forbes, 2006). Upon ingestion, metals may undergo biological 
regulation including partitioning into proteins and granules, 
transportation via proteins and enzymes to support physiological 
function (Depledge and Rainbow, 1990; Jorge et al., 2016; Serafim 
and Bebianno, 2007; Viarengo and Nott, 1993), deposition in tissue 
and excretion (Berthet et al., 2003). However, toxicity may arise 
when bioaccumulation of metals exceed the capability of regulatory 
systems (Rainbow et al., 1990).  
Metal bioavailability is defined as the fraction of the total metal 
concentration directly obtainable via uptake pathways, which is 
related to the speciation of the contaminant and its ability to release 
from its bound particulate (Luoma, 1983; Meyer, 2002; Rainbow, 
1995; Rosado et al., 2016). Therefore, toxicity determination of 
metals is a complex issue, where reliance on total concentrations of 
metals within sediment as a predictive criterion for sediment quality 
assessment fails to identify the role of metal speciation, uptake, and 
how environmental alterations effect metal speciation (Yin et al., 
2014). Metals exist within marine sediment in differing species 
associated with discrete sedimentary solid phases including 
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carbonates, organic matter, sulphides and the crystalline lattice of 
minerals (Alvarez et al., 2014; Pueyo et al., 2008; Tang et al., 2016; 
Zhang et al., 2014).  
Changes in the physiochemical environmental conditions including 
pH, salinity, dissolved oxygen and redox potential, may elicit 
desorption from bound fractions resulting in the remobilisation of 
metals into pore and overlying water, altering chemical speciation 
(Atkinson et al., 2007; Birch, 2017; Chun-Mei et al., 2016). Moreover, 
altered metals bioavailability following physiochemical changes have 
been observed: increased Fe (lll) uptake in phytoplankton following 
exposure to reduced pH (7.7) (Breitbarth et al., 2010); exposure to 
pH (7.85) increased Ag bioaccumulation in the cuttlefish Sepia 
officinalis (Bustamante et al., 2009); higher salinity levels (25 ppt) 
increased Cd uptake in the killifish Fundulus heteroclitus (Dutton and 
Fisher, 2011). 
Consequently, fractionation analysis of sediment to assess 
bioavailability, such as the Community Bureau of Reference (BCR) 
(Pueyo et al., 2008) and Tessier’s procedure (Tessier et al., 1979) 
are commonly employed (Ma et al., 2016). These methods utilise 
chemicals and reagents as extractants, which act as oxidising, 
reducing and complexing agents to partition metals into separate 
fractions (Pueyo et al., 2008). 
However, limitations regarding the accuracy of metal bioavailability 
determination through use of extracted metals in solution are subject 
to debate (Yin et al., 2014) as ingestion of metal contaminated 
sediment and associated alteration of metal specificity via 
gastrointestinal products are not addressed (Ianni et al., 2010). 
Additionally, within aerobic sediments, sulphate reduction to acid 
volatile sulphides (AVS) attributed to anoxic bacteria decreases the 
concentration of free metal ions therefore reducing bioavailability (De 
Jonge et al., 2009).  Analysis of simultaneously extracted metal 
concentrations (SEM) associated with AVS is conventionally 
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considered a relevant method to determine important metals which 
have solubility products lower than FeS and MnS (DiToro and 
DeRosa, 2001). The formation of the sediment toxicology model, is 
based upon the prediction AVS / SEM > 1, where metals may be 
released into the pore water in toxic concentrations (DiToro and 
DeRosa, 2001; Ribeiro et al., 2013). However, debate surrounding 
the applicability of this method to quantify bioavailability is centred 
upon how metal specificity and bioaccumulation are not directly 
related to AVS - SEM in sediment (Arfaeinia et al., 2016). Moreover, 
AVS - SEM does not detect changes of metal speciation via 
sediment bioturbation (Remaili et al., 2018) or abiotic influences 
(Celia et al., 2016; Correia and Costa, 2000; De Jonge et al., 2009; 
Yin et al., 2014; Zhuang and Gao, 2014) allowing highly 
contaminated sediment to be identified as low risk (Remaili et al., 
2018).  
To determine bioaccumulation of metals following ingestion of 
contamination by marine sediment dwelling organisms, levels found 
within the tissue and digestive fluids have been extracted and 
quantified (Turner and Olsen, 2000). Although this approach may 
demonstrate accuracy, practically this proves largely unworkable due 
to the small amounts of fluids extracted per organism, length of 
procedure time, impracticality of quantifying large sample numbers 
(Turner and Olsen, 2000) and quantifiable levels of pre adsorbed 
analytes (Bignasca et al., 2011). To overcome this difficulty, the 
digestive environment of sediment dwelling marine organisms may 
be simulated through use of pepsin, trypsin and protease K digestive 
enzymes to mimic the extraction of bioavailable metals via ingestion 
of sediment (Mayer et al., 1997; Turner, 2006; Turner and Olsen, 
2000). Development of methods and accepted research by Bignasca 
et al (2010), Ianni et al. (2010), Maruya et al. (2012), Mayer et al. 
(1997), Peña-Icart et al. (2014), Rosado et al. (2016), Turner and 
Olsen (2000), have led to the use of the digestive enzyme proteinase 
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K to assess the effects of gastrointestinal processes of polychaetes 
and bioavailability of metals. 
As no universally accepted approach to determine the bioavailability 
of metals to benthic invertebrates exists, it is necessary to apply a 
broad approach. Individually, each method may provide valuable 
information regarding the uptake and behaviour of metals in the 
marine environment. However, an integration of several methods 
may be required to further understand bioavailability and 
bioaccumulation. 
For the first time, this study aims to identify metal bioavailability to the 
marine polychaete H diversicolor from sediment and water from the 
Eastern shoreline of the Fleet Lagoon, Dorset. Ten sites along the 
Eastern shoreline of the lagoon were selected to address the 
following objectives:  
(1) To determine metal concentrations in environmental matrices of 
the Fleet lagoon  
(2) Investigate the bioavailability of metals from sediment to H 
diversicolor using several techniques  
(3) Assess the relationship between sediment characteristics and 
metal bioavailability 
3.2. Study Site 
3.2.1 Study Site Information 
The Fleet Lagoon, Dorset, UK, illustrated in Figure 12, is located 
along the south Dorset coast (50⁰37’N, 02⁰30’E). It is formed from 
the impoundment of marine water (Dyrynda and Cleator, 1995) 
behind the natural coastal shingle barrier of Chesil Beach, which 
extends 13.1 km from Portland to Abbotsbury (Weber et al., 2006). 
Physical characteristics include those of an inlet lagoon, with strong 
tidal currents and coarse sediments extending from Smallmouth to 
the entrance of the Narrows (Robinson, 1983). The lagoon basin 
exhibits reduced tidal currents and flushing, variable salinity and fine 
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sediments (Dyrynda and Cleator, 1995) with the main body of water 
entering at Smallmouth from Portland Harbour situated at the 
Southeast end of the lagoon (Robinson, 1983).  
Seawater percolates into the Fleet via Chesil beach, with small 
influxes occurring during periods of storm surges (Robinson, 1983). 
Freshwater inputs (Figure 12), derive from 7 streams, shore runoff, 
and groundwater seepage from greensand aquifers and chalk which 
underlie the area (Johnston and Gilliand, 2000).  
 
Figure 12. Map depicting the Fleet Lagoon highlighting freshwater inlets (Weber et 
al. 2006). 
Width varies from 900 m at Littlesea to 65 m at the Narrows, with 
depths ranging from 3 – 5 m in the inlet channel to 2 m in the lagoon 
basin (Langston et al., 2006). The micro tidal range exhibited in 
Portland in addition to double low cycles result in low water stands of 
3 - 4 hours (Dyrynda and Cleator 1995). However, tidal flow structure 
is primarily governed by currents extending through the Smallmouth 
inlet, allowing this area to be predominantly marine in character with 
average salinities in this region of 35 ppt (Ebrahimi et al., 2007). 
Widening of the lagoon at Littlesea and attenuation of tidal currents 
due to lagoon bed friction and shallow water depths allows weak 
penetration into the Eastern Fleet area with weak flushing and 
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circulation characteristics resulting in varied salinities (Langston et 
al., 2006). Dissipated wave energy and short-wave attenuation at the 
Abbotsbury embayment allows chemical and sediment mixing 
resulting in brackish water salinity (16 ppt) (Robinson, 1983). 
These unique physical characteristics provides habitats for a range of 
species including the protected seagrass Zostera marina, the lagoon 
polychaete worm Armandia cirrhosa (Dyrynda and Cleator 1995), 
and waterfowl species (Langston et al., 2006). One aquaculture 
oyster farm is present near Ferrybridge in which Magallana gigas are 
grown and harvested (Weber et al., 2006). Physical characteristics 
and presence of protected species have led to designations: Grade 
1. site of special scientific interest (SSSI) due to its physical 
characteristics and biodiversity; Ramsar wetland of world importance, 
a Priority Habitat (EU Habitats Directive); Special Protection Area 
(SPA) (EC Directive on Conservation of Wild Birds); Special Area of 
Conservation (Johnston and Gilliand, 2000). 
However, agricultural, industrial and domestic contamination may 
enter the lagoon via migration of ground leachate downwards from 
the Southern limb of the Weymouth anticline due to the impermeable 
surface of Oxford Clay found in regions of the lagoon shore shown in 
Figure 13 (West, 2010). 
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Figure 13. Geology of the Fleet Lagoon (West 2010). 
Additionally, large discontinuous macropores found within chalk and 
greensand aquifers of the Lagoon further operate as preferential flow 
pathways allowing rapid movement of chemicals through unsaturated 
zones (West, 2010). Further transference of contaminants into the 
lagoon may occur from Portland Harbour governed by tidal exchange 
(Figure 14), by radioactive dye tidal flow tracing studies performed by 
Kershaw (2008). 
Figure 14. Fleet lagoon tidal flow. The tidal flow from Portland harbour, Dorset (UK) was 
investigated using radioactive tracer following one tide (Kershaw, 2008) 
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3.3 Fleet Lagoon Sample Sites 
During the period May - August 2017, sediment, water and H 
diversicolor were obtained during environmental sampling of the 
Eastern shoreline of the Fleet Lagoon, Dorset (UK). Coordinates for 
all sample locations were obtained using a handheld Garmin 64s - d 
unit, and sample locations shown in Table 9 and Figures 15 and 16.  
Table 9. GPS coordinates of all 10 sample sites of the Eastern Shoreline of the 
Fleet Lagoon.  
Site Number GPS Co-ordinates 
1 50.653812, -2.603280 
2 50.641185, -2.578046 
3 50.637375, -2.560536 
4 50.631441, -2.558219 
5 50.623220, -2.543284 
6 50.615214, -2.515561 
7 50.614642, -2.514546 
8 50.602059, -2.495491 
9 50.593778, -2.493517 
10 50.586531, -2.478239 
 
 
Figure 15. Fleet lagoon sample locations. 10 sample locations on the Eastern 
shoreline of the Fleet Lagoon, Dorset (UK). 
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Figure 16. Fleet lagoon digital images. 10 sample sites along the Eastern shoreline 
of the Fleet Lagoon. 
 
3.4 Materials and Methods 
3.4.1 Sampling 
3.4.1.1 Collection of sediment and water for metal and PAH analysis 
 
Sediment (n = 3, per site) and water samples (n = 1, per site) were 
obtained from the Fleet Lagoon Dorset between the periods 17th May 
and 28th August 2017. Sediment extraction was conducted as 
detailed in Chapter 2 (2.1.1.2). All samples were returned to the 
Laboratory at Bournemouth University within 6 h and refrigerated at 
4°C until analysis.  
3.4.1.2 Collection of H. diversicolor 
 
H diversicolor were sampled from the Fleet Lagoon as detailed in 
Chapter 2 (2.1.1.4). However, worms were not located at sites 8 or 9 
which may be due to the sediment characteristics at the shoreline. It 
was not practical to venture further into the middle of the lagoon due 
to the presence of deep mud which would render this activity 
1 2 3 
4 5 6 
7 8 9 
10 
 63 
 
extremely hazardous. Furthermore, sediment concentrations of 
metals and PAH may differ than found near the shoreline. All worms 
were returned to the Laboratory at Bournemouth University within 6 h 
and placed in clean manufactured sea water (15 ppt salinity, 17°C) 
for a period of 48 h to depurate guts. Worms were then frozen at -
20°C until analysis.  
3.4.1.3 Collection of Water samples for metal analysis. 
 
Water samples for metal analysis were conducted as described in 
Chapter 2 (2.1.1.3). All metal sample bottles were fully labelled and 
placed into isothermal boxes during the sampling processes. All 
samples were returned to the Laboratory at Bournemouth University 
within 6 h and refrigerated at 4°C until analysis.  
3.4.1.4 Sediment Characterisation 
 
Grain size distribution and loss on ignition analysis of the sediment 
samples were measured as detailed in Chapter 2 (2.2.2, and 2.2.1 
respectively).  
 
3.4.1.5 Reagents and Solutions 
 
All chemicals purchased were analytical grade from Sigma Aldrich 
(UK). All reagents were produced using Millipure Ultra-pure water. All 
glassware was washed in 20% HNO3 and then rinsed in 10% HNO3. 
Finally, glassware was rinsed in distilled water. Digestion / centrifuge 
tubes used in these procedures were purchased from Sigma Aldrich. 
3.4.1.6 Chemical Determination of Total metals and sequential sediment extraction  
  
Total concentrations of metals and sequential extraction from the 
sediment samples were conducted as detailed in Chapter 2 (2.3.2 
and 2.3.4 respectively). Quality control of sediment digestions was 
determined through use of the analysis of Certified References 
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materials with results detailed in Chapter 2 (2.7.1) and (2.7.2) 
respectively. 
 
3.4.1.7 Total metal in water 
 
Water samples for metal analysis were sent to a commercial 
laboratory (I2 analytical Laboratory, Watford, UK) for determination of 
metal concentrations by ICP - MS. 
 
3.4.1.8 Worm tissue metal analysis 
 
Individual worms were analysed as described in Chapter 2 (2.3.3). 
Quality control of samples was determined through digestion of 
certified reference materials the results of which, are fully detailed in 
Chapter 2 (2.7.3). 
3.4.1.9 Proteinase K Extraction 
 
The bioavailable fraction was determined using proteinase K 
following a procedure proposed by Turner (2006). A 0.4 mg ml-1 
Proteinase K solution was prepared using phosphate buffer (pH 7.4, 
1.179 g of potassium dihydrogen phosphate (KH2PO4) and 4.300 g of 
disodium hydrogen phosphate (Na2HPO4) in 1 l of distilled water). 0.5 
g of each sediment sample in triplicate was weighed and placed in a 
centrifuge tube to which 25 ml of the proteinase K solution was 
added. The samples were then shaken at 250 rpm for 3 h at room 
temperature. The samples were then centrifuged for 20 min at 4200 
rpm and the supernatant removed. Metal concentrations for Ag, As, 
Cu, Ni, Pb, and Zn was determined by ICP - OES (Varian Vista Pro).  
2.4.2.0 Statistical analysis 
 
All data were analysed using Ri386 statistics version 3.4.2 and 
significance determined by p = < 0.05 in all instances. All analysis 
was tested to meet the assumptions for parametric tests. When 
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assumptions were not met, data was transformed using square root, 
arcsine or log10 transformation. Shapiro - Wilk tests were then 
performed to assess normality of transformed data. Levene’s tests 
were then performed to determine equality of variance. One - way 
ANOVA’s were performed to determine differences of mean values 
across sites for particle descriptors and LOI followed by Tukey post 
hoc test to identify specific site differences. One - way ANOVA’s 
were also performed to determine site differences for sediment Cu, 
Ni and Pb concentrations, proteinase K digestion and BCR digestion. 
Welch’s robust ANOVA’s were performed to determine differences of 
median values across sites when raw or transformed data failed to 
meet assumptions for parametric tests specifically, skewness and 
kurtosis, As total metal concentration and worm weights. Pairwise 
comparisons were performed following Welch’s robust ANOVA’s to 
identify site differences for skewness and kurtosis results.  
Pearson’s correlation coefficient was conducted on raw or 
transformed data to identify linear correlations: sediment 
characteristics and total metal concentrations; total metal sediment 
and pore water metal concentrations; total metal concentrations and 
BCR steps; porewater metal and worm tissue metal concentrations; 
LOI and total metal concentrations; LOI and sediment characteristics.  
When transformed data did not meet the assumptions for Pearson’s 
correlations, Spearman’s correlations were performed specifically: 
porewater metal and BCR metal concentrations; worm tissue metal 
concentrations and worm weight; proteinase K metal digestion and 
worm tissue metal concentrations; total metal and worm tissue 
concentrations; water and worm tissue metal concentrations; worm 
tissue metal concentrations and BCR steps; water and pore water 
metal concentrations; water metal and BCR steps.  
Partial correlation’s using worm weight as the controlling factor were 
used to identify the influence of worm weight on whole worm tissue 
concentrations.  
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3.5 Results  
 3.5.1Sedimet Characterisation 
3.5.1.1 Particle size analysis 
 
Results of the particle size analysis of the 10 sampled sites are 
shown in Table 10. 
Table 10. Particle size analysis (mean +/- 1SE) of sediment samples (n = 3) taken 
from sample locations of the Fleet lagoon as detailed in Chapter 2 (2.1.1.1). 
 
Analysis revealed that the proportions of measured fractions between 
the size ranges 0.06 - 2000 µm were variable ranging from; 4 - 27% 
clay (0.06 µm), 3 - 18% Very Fine Silt (3.9 µm), Fine Silt (7.8 µm) 4 -
17%, Medium Silt (15.6 µm) 5 - 17%, Coarse Silt (31µm) 9 - 17%, 
Very Fine Sand (63 µm) 5 - 21%, Fine Sand (125 µm) < 1 - 30%, 
Site Clay 
(0.06µm) 
Very 
Fine Silt 
(3.9 µm) 
Fine Silt 
(7.8 µm) 
Medium 
Silt (15.6 
µm) 
Coarse 
Silt (31 
µm) 
Very Fine 
Sand (63 
µm) 
Fine Sand 
(125 µm) 
Medium 
Sand (250 
µm) 
Coarse 
Sand 
(500 µm) 
Very Coarse 
Sand (1000 
µm) 
1 27.54+/- 
0.3 
17.46+/- 
0.22 
17.25+/- 
0.22+/- 
0.15 
17.36+/- 
0.59 
15.41+/- 
0.20 
4.95+/- 
0.11 
<0.01 0 0 0 
2 13.79+/- 
0.5 
11.24+/- 
0.47 
12.59+/- 
0.74 
16.19+/- 
0.47 
19.09+/- 
0.31 
24.78+/- 
0.20 
2.29+/- 
0.81 
0 0 0 
3 25.58+/- 
0.7 
18.64+/- 
0.91 
15.86+/- 
0.65 
15.28+/- 
0.32 
12.53+/- 
0.33 
7.34+/- 
0.19 
4.44+/- 
0.16 
0.31+/- 
0.02 
0 0 
4 20.55+/- 
0.11 
16.93+/- 
0.29 
16.99+/- 
0.59 
16.78+/- 
0.88 
14.89+/- 
0.19 
8.94+/- 
0.16 
3.65+/- 
0.29 
1.25+/- 
0.04 
0.04+/- 
0.01 
0 
5 6.84+/- 
0.23 
5.99+/- 
0.3 
7.59+/- 
0.83 
11.27+/- 
0.47 
14.29+/- 
0.30 
19.78+/- 
0.51 
26.89+/- 
0.41 
7.32+/- 
0.16 
0.02+/- 
0.001 
0 
6 9.07+/- 
0.31 
7.65+/- 
0.61 
10.29+/- 
0.81 
14.97+/- 
0.08 
16.53+/- 
0.55 
19.39+/- 
0.48 
19.73+/- 
0.37 
2.34+/- 
0.09 
0 0 
7 6.19+/- 
0.41 
5.96+/- 
0.55 
6.53+/- 
0.49 
9.55+/- 
0.11 
14.80+/- 
0.29 
19.51+/- 
0.33 
22.88+/- 
0.28 
14.46+/- 
0.14 
0.90+/- 
0.01 
0 
8 4.079+/- 
0.67 
3.74+/- 
0.81 
5.07+/- 
0.19 
10.70+/- 
0.20 
12.20+/- 
0.36 
21.87+/- 
0.71 
29.97+/- 
0.26 
12.33+/- 
0.61 
2.49+/- 
0.3 
0.01+/- 
0.001 
9 4.76+/- 
0.97 
4.29+/- 
0.25 
6.17+/- 
0.37 
9.72+/- 
0.16 
19.39+/- 
0.16 
18.70+/- 
0.33 
19.62+/- 
0.31 
17.59+/- 
0.29 
15.41+/- 
0.48 
0.32+/- 
0.01 
10 4.14+/- 
0.2 
2.73+/- 
0.28 
3.59+/- 
0.53 
5.27+/- 
0.13 
8.99+/- 
0.08 
15.81+/- 
0.26 
28.73+/- 
0.29 
30.48+/- 
0.33 
9.65+/- 
0.33 
0.98+/- 
0.02 
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Medium Sand (250 µm) < 1 - 25%, Coarse Sand (500 µm) < 1 - 11%, 
Very Coarse Sand (1000 µm) 0 - < 1%. 
All sites were characterised as extremely poorly to moderately poorly 
sorted detailed in Table 11. All sites were predominately composed 
of very fine to medium sand and silt. However, there was a general 
characteristic of reduced silt concentrations from site 1 - 10 and an 
increase in sand concentrations from site 1 - 10.  
Table 11. Particle descriptors of sediment samples taken from sample locations in 
the Fleet Lagoon: xa denotes the mean grain size (+/- 1SE)  per location (n = 3); σa 
sediment sorting,   Ska, skewness of sample (mean +/- 1SE)  , Ka, Kurtosis of 
sample (mean +/- 1SE) (Pini, 2014). Sample descriptors were calculated as per the 
method described by Folk and Ward (1957).  
Site xa σa Ska Ka Description 
1 14.28  
+/- 0.027 
1.71 
+/1 0.05 
-.406 
 +/- 0.02 
0.07 
+/- 0.01 
Poorly sorted 
2 12.50  
+/- 0.031 
1.28  
+/- 0.04 
-.329  
+/- 0.01 
1.14  
+/- 0.02 
Poorly sorted 
3 12.5  
+/- 0.17 
5.25  
+/-0.05 
0.18  
+/- 0.04 
-0.03  
+/- 0.04 
Extremely 
Poorly Sorted 
4 11.12  
+/- 0.22 
1.14  
+/- 0.02 
-1.133  
+/- 0.02 
0.619  
+/- 0.03 
Poorly sorted 
5 11.11  
+/-0.8 
0.636  
+/- 0.04 
1.00  
+/- 0.04 
0.064  
+/- 0.04 
Moderately 
sorted 
6 11.11  
+/- 0.6 
0.808 
+/-0.03 
1.00  
+/- 0.02 
0.063  
+/- 0.02 
Moderately 
Sorted 
7 11.11  
+/- 0.08 
5.025  
+/- 0.09 
-.079 
 +/-0.04 
-2.035 
 +/- 0.01 
Extremely 
Poorly Sorted 
8 11.38  
+/- 0.07 
1.301  
+/- 0.04 
1.03  
+/- 0.02 
-0.042  
+/- 0.03 
Poorly sorted 
9 11.59  
+/- 0.05 
0.894  
+/- 0.03 
-.242  
+/- 0.03 
-1.799  
+/- 0.02 
Poorly Sorted 
10 11.04  
+/- 0.2 
0.98  
+/- 0.02 
1.19  
+/- 0.03 
0.07  
+/- 0.03 
Poorly Sorted 
 
Results from one - way ANOVA’s reveal significant differences 
between sites for Xa (F(9, 20) = 15.32, p = < 0.01). Tukey Post hoc test 
showed significant differences of means were found for sites 2 - 10 
and site 1, sites 4 - 8 and site 3, sites 3 - 8 and site 10. One -  way 
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ANOVA identified significant differences for σa  between sites (F(9, 20)= 
474.8, p = < 0.01) for all means excluding those between sites 4 & 2, 
8 & 2, 7 & 3 and 10 & 9 identified as significantly different by Tukey 
post hoc tests.  
Ska and Ka results for all site locations did not meet the assumptions 
for parametric tests on raw or transformed data. Therefore, Welch’s 
robust ANOVA’s were performed which showed differences between 
median values for all site locations (F(9) = 2431.2, p = < 0.01) and 
(F(9) = 8249.3, p = < 0.01) respectively.  
3.5.1.2 Loss on Ignition Content 
 
Percentage loss on ignition results showed variation between all 
sample sites (Figure 17). 
 
 
Figure 17. Percent loss on ignition results for 10 sample sites from the Fleet 
Lagoon. Error bars indicate the +/- 1 SE. 
Lowest mean loss on ignition values ranged across the sample sites: 
2.45% (site 8); 2.59% (Site 2); 2.86% (Site 5); 3.29% (Site 6); 3.58% 
(Site 1); 3.79% (Site 7); and 3.91% (site 9). Highest mean values for 
loss on ignition were found at site 10 (10.1%), site 3 (7.59%) and site 
4 (9.89%).  
Site  
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One - way ANOVA’s showed significant differences between sites 
(F(9, 20) = 92.88, p = < 0.01). Tukey post hoc test revealed significant 
differences between sites 1 - 9 with site 10, sites 4 - 9 with site 3 and 
sites 1, 2 and 9 with site 4. All other sites were not found to be 
significantly different from each other.  
 
3.5.1.3 Total Metal Content of Sediment 
 
Total metal concentrations (n = 3) for the element’s As, Cu, Ni, Pb 
and Zn from each of the 10 sample sites are detailed in Table 12. All 
results are reported in dry weight mg kg-1. Concentrations for As and 
Ni range from the lowest values of 2.9 mg kg-1 and 3.19 mg kg-1 
respectively at site 6 to the highest of 57.9 mg kg-1 at site 8 for As 
and site 3 at 68.2 mg kg-1 for Ni. Cu values ranged from the lowest of 
4.5 mg-kg-1 at site 1 to 51.29 mg kg-1 at site 10. Pb show variation 
between the lowest of 8.8mg kg-1 at site 2 and highest of 84.8 mg kg-
1 at site 10. Zn values ranged from the lowest of 23.7 mg kg-1 at site 
2 to the highest of 242.4 mg kg-1 at site 10.  
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Table 12. Concentrations (dry weight mg kg-1) of As, Ni, Pb and Zn from 10 sample 
locations (sample: n = 3) of the Eastern shoreline of the Fleet Lagoon, Dorset. 
Canadian sediment quality guidelines which detail the threshold effects level (TEL) 
(values over TEL highlighted in blue) and probable effects levels (PEL) (values 
over PEL highlighted in red) Mean values are reported +/- 1SE.  
 
Site 
Number 
As Cu Ni Pb Zn 
1 47.55 +/- 
3.96 
4.55 +/- 
0.59 
 
23.19 +/- 
1.67 
60.79+/-  
8.09 
132.37+/- 
13.54 
2 4.84 +/- 
0.93 
8.81+/- 
 3.95 
4.85 +/- 
0.54 
8.88+/-  
0.46 
23.74+/- 
1.65 
3 49.06 +/- 
5.13 
24.25+/-  
4.68 
68.23+/- 
7.37 
38.55+/- 
 5.07 
205.49+/-
1.97 
4 7.75 +/- 
0.20 
11.22+/-  
5.32 
7.54 +/- 
0.50 
20.19+/-  
2.00 
49.30+/- 
12.09 
5 6.58 +/- 
0.64 
5.16+/-   
1.90 
5.58 +/- 
0.22 
16.84+/-  
2.07 
30.20+/- 
4.30 
6 2.98 +/- 
0.17 
6.89+/-  
1.65 
3.20 +/- 
0.28 
14.72+/-  
1.44 
26.76+/-
2.90 
7 9.75 +/- 
0.70 
23.32+/-  
1.13 
34.10 +/- 
1.94 
21.15+/-  
1.33 
83.99+/- 
5.22 
8 57.95 +/- 
7.87 
26.16+/-  
4.09 
57.19 +/- 
5.90 
37.93+/-  
1.88 
129.37+/-
11.95 
9 17.12 +/- 
1.06 
10.58+/-  
0.61 
19.03 +/- 
1.04 
13.15+/-  
0.92 
78.05+/- 
3.81 
10 29.58 +/- 
2.77 
51.29+/-  
13.68 
20.15 +/- 
4.17 
94.03+/- 
 0.22 
242.44+/- 
18.67 
TEL 7.24 18.7 - 30.2 124 
PEL 41.6 108 - 112 271 
 
Results show that As levels in sediment from sites 1, 3 and 8 
exceeded the PEL with the maximum concentration of 57.95 mg kg-1 
found at site 8. TELs were exceeded for As (sites 4 and 7); Cu (sites 
3, 7, 8 and 10); Pb (sites 1 3 8 and 10); Zn (1, 3, 8 and 10). Welch’s 
robust ANOVA revealed significant differences between sites for As 
concentrations (F(7) = 436.39, p = < 0.01). Whereas, one - way 
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ANOVA’s detailed significant differences across all sites: Cu (F(9, 20) = 
21.98, p = < 0.01); Ni (F(9, 20) = 325.7, p = < 0.01); Pb  (F(9, 20) = 193.4, 
p = < 0.01). 
 
3.5.1.5 Water metal concentrations 
 
Metal concentrations of water samples (µg l-1) taken from all 10 
sample locations of the Fleet Lagoon show variability (Table 13). 
Table 13. Metal concentrations (µg l-1) in water samples (n = 1) from all 10 sample 
locations of the Fleet Lagoon, Dorset.  
Site As Cu Ni Pb Zn 
1 2.51 1.9 0.6 0.3 6.7 
2 1.96 1.8 0.7 0.2 8.3 
3 2.08 4.6 0.7 0.3 17 
4 1.16 2.8 <0.5 0.2 5.3 
5 1.79 3.4 <0.5 <0.2 4.7 
6 1.45 2.1 <0.5 <0.2 4.0 
7 0.85 4.8 <0.5 0.3 3.1 
8 1.21 1.5 <0.5 <0.2 2.9 
9 0.41 2.4 <0.5 <0.2 2.5 
10 0.70 3.4 0.6 0.2 6.4 
 
As concentrations ranged from the highest values at site 1 (2.51 µg l-
1) to the lowest (0.41 µg l-1) at site 9. All other sample locations had 
values < 0.05 µg l-1. Highest values for Cu were found at site 7 (4.8 
µg l-1), and lowest at site 8 (1.5 µg l-1). Sites 2 and 3 showed the 
highest values for Ni (0.7 µg l-1) with all other sample locations < 0.6 
µg l-1. The highest values of 0.3 µg l-1 for Pb were found in samples 
from sites 1, 3 and 7. Pb values at all other sample locations were 
<0.2 µg l-1. Zn values ranged from 17.0 µg l-1 at site 3 to 2.5 µg l-1 at 
site 9.  
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3.5.1.6 Total metal content in H diversicolor tissue 
 
Mean total metal content of worm tissue (n = 3) and worm weight 
sampled individuals obtained from each location are detailed in Table 
14.  
Table 14. Concentrations of metals (mean +/- 1SE) (dry weight mg kg-1) in worm 
tissue. Worms (n = 3) were obtained during sediment sampling for each site using 
a hand fork to turn over sediment at depths of 20 cm. H diversicolor were not found 
at sites 8 and 9. 
Site 
Number 
As 
(mg kg-1) 
Cu 
(mg kg-1) 
Ni 
(mg kg-1) 
Pb 
(mg kg-1) 
Zn 
(mg kg-1) 
Mean 
Weight 
(g) 
1 8.85 +/- 
0.28 
9.25 +/- 
3.44 
2.26 +/- 
0.61 
1.22 +/- 
0.78 
104.55+/-
13.86 
0.04+/- 
0.01 
2 6.87+/- 
1.00 
14.56 +/-
2.14 
2.65 +/- 
0 
2.65 +/-  
0 
127.33+/-
20.59 
0.03+/- 
0.01 
3 17.30+/- 
1.72 
21.12 +/-
3.54 
1.83 +/- 
0.76 
1.20 +/- 
0.61 
154.49 +/- 
26.19 
0.03+/- 
0.01 
4 13.04 
+/-3.41 
17.43 +/- 
4.22 
5.72 +/- 
2.89 
1.83 +/- 
0.50 
121.07 +/-
8.91 
0.03+/- 
0.02 
5 11.12 +/- 
1.62 
20.23 +/-
4.59 
4.58 +/-
1.58 
1.44 +/- 
0.12 
99.21 +/- 
6.28 
0.05+/- 
0.02 
6 15.13 +/- 
0.24 
33.33 +/- 
0.83 
3.80 +/- 
0.07 
2.13 +/- 
0.10 
127.46 +/- 
5.73 
0.03+/- 
0.02 
7 9.81 +/- 
2.00 
12.06 +/-
5.01 
2.13 +/-
0.39 
2.64 +/- 
1.27 
136.02 +/- 
16.60 
0.03+/ 
0.01 
10 30.63 +/- 
2.41 
20.59+/- 
2.91 
4.72 +/-
2.17 
2.26 +/- 
0.65 
120.41+/- 
29.05 
0.10+/- 
0.04 
 
Mean worm weight varied across the sites, ranging from 0.03 to 0.10 
g. The largest worms were found at site 10, which had mean values 
of 0.10 g whereas all other sites had significantly lighter but similar 
weight worms. A Welch’s robust ANOVA revealed differences 
between individual wet worm weight (g) from each site (F(7) = 22, p= 
< 0.01). As dry weight concentrations ranged from the lowest of 6.87 
mg kg-1 at site 2 to 30.63 mg kg-1 at site 3. Dry weight tissue 
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concentrations for Pb had lowest values of 1.12 mg kg-1 at site 3 and 
highest from worms taken from site 7 of 2.64 mg kg-1 at site 2. Dry 
weight tissue concentrations for Cu ranged from 9.25 mg kg-1 at site 
1 to 33.33 mg kg-1 for site 6. Lowest concentrations of Ni (1.83 mg 
kg-1 dry weight) were found from worms taken from site 1, with the 
highest values of 4.72 mg kg-1 dry weight for site 10. Zn values 
ranged from 99.21 mg kg-1 dry weight from worms taken from site 5, 
with the highest values of 154.67 mg kg-1 dry weight from worms 
taken from site 3.  
  
3.5.1.7 BCR Sequential Analysis 
 
BCR sequential analysis was conducted on samples (n = 3) taken 
from each sample site from the Fleet Lagoon. The total mg kg-1 dry 
weight concentrations from steps 1 - 3 were totalled to obtain the 
bioavailable fraction. This revealed that the relative proportion of 
metal in the bioavailable fractions decreased in the order Zn > Pb > 
Cu > Ni > As. Results for each analysed metal are shown in Tables 
15 - 19. 
The bioavailable fraction of As (Table 15) ranged from the lowest 
value of 2.73 mg kg-1 at site 6 to the highest of 5.93 mg kg-1 at site 9.  
As was mainly present in the oxidizable fraction with an average 
across all sites of 64%, whereas reducible and exchangeable 
fractions were lower at 21% and 14% respectively.  
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Table 15. As concentrations (mean +/- 1SE) (mg kg -1 dry weight) each step of the 
BCR sequential analysis. Results for each step were then totalled to obtain the 
overall bioavailable fraction. 
As 
Site 
Number 
BCR Step 1 BCR Step 2 BCR Step 3 Bioavailable fraction 
(∑ Steps 1 - 3) 
1 0.48 + 0.04 0.76 + 0.21 2.18 + 0.08 3.416 
2 0.48 + 0.02 0.34 + 0.06 2.51 + 0.02 3.325 
3 0.45 + 0.21 0.73 + 0.11 2.04 + 0.06 3.225 
4 0.64 + 0.09 0.48 + 0.07 2.41 + 0.17 3.488 
5 0.51 + 0.05 0.49 + 0.03 2.43 + 0.08 3.431 
6 0.31 + 0.08 0.41 + 0.13 2.02 + 0.25 2.726 
7 0.26 + 0.15 0.93 + 0.10 1.97 + 0.15 3.159 
8 0.53 + 0.06 0.97 + 0.12 2.12 + 0.24 3.628 
9 0.88 + 0.11 2.09 + 0.59 2.96 + 0.09 5.930 
10 0.63 + 0.16 0.28 + 0.05 2.41 + 0.02 3.320 
 
A one - way ANOVA of each step revealed significant differences 
between sites: Step 1; (F(9, 20) = 7.49, p = < 0.01), Step 2; (F(9, 20) = 
25.33, p = < 0.01) and Step3; (F(9, 20) = 13.87, p = < 0.01). 
Cu was found as an average across all sites predominately in the 
oxidizable fraction (80%), with lower values for reducible (15%) and 
bound to carbonate fractions (8%) (Table 16). 
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Table 16. Cu concentrations (mean +/- 1SE) (mg-kg -1 dry weight) each step of the 
BCR sequential analysis. Results for each step were then totalled to obtain the 
overall bioavailable fraction. 
Cu 
Site 
Number 
BCR Step 1 BCR Step 2 BCR Step 3 Bioavailable Fraction  
(∑ Steps 1 - 3) 
1 0.73 + 0.13 0.33 + 0.02 1.70 + 0.31 2.76 
2 0.75 + 0.16 0.26 + 0.05 5.66 + 0.34 6.67 
3 0.03 + 0.02 1.46 + 0.03 2.62 + 1.12 4.12 
4 0.72 + 0.30 0.59 + 0.03 2.94 + 0.76 4.24 
5 0.65 + 0.24 0.35 + 0.01 3.73 + 3.41 4.73 
6 0.62 + 0.18 0.73 + 0.06 8.05 + 4.57 9.40 
7 0.050 + 0.01 4.07 + 0.04 5.09 + 0.31 9.21 
8 0.71 + 0.09 1.09 + 0.10 4.90 + 1.567 6.70 
9 0 + 0 0.97 + 0.11 0.95 + 0.13 1.92 
10 1.14 + 0.41 0.97 + 0.59 20.34 + 2.23 22.44 
 
Significant differences between sites were revealed using one - way 
ANOVA’s: Step 1; (F(9, 20) = 10.94, p = < 0.01), Step2; (F(9, 20) =33.58, 
p = < 0.01) and Step3; (F(9, 20) = 6.208, p = < 0.01). 
The total bioavailable fraction for Ni (Table 17) ranged from, 14.23 
mg kg-1 at site 3 to 0.72 mg kg-1 at site 6, with average percentage 
fractions highest for oxidizable of 60% and lower values for reducible 
(40%) and bound to carbonates (12%). 
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Table 17. Ni concentrations (mean +/- 1SE) (mg kg -1 dry weight) each step of the 
BCR sequential analysis. Results for each step were then totalled to obtain the 
overall bioavailable fraction. 
Ni 
Site 
Number 
BCR Step 1 BCR Step 2 BCR Step 3 Bioavailable Fraction 
(∑ Steps 1 - 3) 
1 0.22 + 0.03 0.39 + 0.04 1.76 + 0.13 2.37 
2 0.29 + 0.13 0.11 + 0.02 0.64 + 0.06 1.05 
3 1.62 + 0.77 4.46 + 0.23 8.15 + 0.45 14.23 
4 0.26 + 0.02 0.25 + 0.01 0.52 + 0.01 1.03 
5 0.28 + 0.05 0.26 + 0.01 0.68 + 0.04 1.23 
6 0.13 + 0.01 0.11 + 0.04 0.48 + 0.03 0.72 
7 0.51 + 0.04 3.35 + 0.18 3.27 + 0.05 7.13 
8 0.75 + 0.04 1.92 + 0.24 6.45 + 0.84 9.12 
9 0.42 + 0.02 3.68 + 0.16 0.75 + 0.10 4.85 
10 0.26 + 0.04 1.43 + 0.02 1.14 + 0.18 2.84 
 
Significant differences were found between sites for each of analysis 
using one - way ANOVA’s: Step1; (F(9, 20) = 23.63, p = < 0.01), Step2; 
(F(9, 20) = 47.36, p = < 0.01) and Step3; (F(9, 20) = 23.34, p = < 0.01). 
The total bioavailable Pb concentrations (Table 18) ranged from the 
highest values of 46.61 mg kg-1 at site 10 to the lowest of 2.58 mg kg-
1 at site 2. Mean percentages across all sites were highest for 
oxidizable fraction (56%), with lower values for reducible (38%) and 
bound to carbonates (4%).  
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Table 18. Pb concentrations (mean +/- 1SE) (mg kg -1 dry weight) each step of the 
BCR sequential analysis. Results for each step were then totalled to obtain the 
overall bioavailable fraction. 
Pb 
Site Number BCR Step 1 BCR Step 2 BCR Step 3 Bioavailable 
Fraction 
 (∑ Steps 1 - 3) 
1 0.33 + 0.07 6.57 + 0.44 10.21 + 1.18 17.18 
2 0.19 + 0.08 0.96 + 0.12 1.42 + 0.05 2.56 
3 0.19 + 0.09 6.58 + 0.29 6.43 + 0.56 13.19 
4 0.37 + 0.01 2.68 + 0.12 2.65 + 0.30 5.70 
5 0.37 + 0.06 2.14 + 0.11 1.84 + 0.08 4.36 
6 0.38 + 0.06 2.20 + 0.10 3.83 + 1.70 6.41 
7 0 + 0 7.47 + 0.40 3.11 + 0.12 10.58 
8 0.11 + 0.03 4.14 + 0.35 4.75 + 0.91 9.01 
9 0 + 0 2.30 + 0.22 0.76 + 0.05 3.06 
10 3.35 + 0.88 10.82 + 1.75 32.45 + 9.68 46.61 
 
One - way ANOVA’s conducted on each step revealed significant 
differences between each site: Step1; (F(9, 20) = 37.59, p = < 0.01), 
Step2; (F(9, 20) = 79.42, p = < 0.01), Step3; (F(9, 20) = 27, p = < 0.01). 
Percentages for oxidizable and reducible fractions of Zn (Table 19) 
were comparable at 40 % and 39% respectively. Zn bound to 
carbonates were the lowest percentage fraction of 13%. 
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Table 19. Zn concentrations (mean +/- 1SE) (mg-kg -1 dry weight) each step of the 
BCR sequential analysis. Results for each step were then totalled to obtain the 
overall bioavailable fraction. 
Zn 
Site Number BCR Step 1 BCR Step 2 BCR Step 3 Bioavailable 
Fraction  
(∑ Steps 1 - 3) 
1 4.21 + 0.76 9.53 + 1.14 10.86 + 1.41 24.60 
2 2.11 + 0.17 2.37 + 0.27 5.26 + 1.48 9.78 
3 4.53 + 2.12 14.29 + 1.03 7.22 + 2.18 26.04 
4 3.17 + 0.05 3.30 + 0.09 3.51 + 0.44 9.98 
5 3.06 + 0.28 3.36 + 0.29 4.69 + 1.85 11.10 
6 3.60 + 0.11 4.32 + 0.02 9.18 + 1.18 17.10 
7 2.12 + 0.12 12.82 + 0.78 6.93 + 0.11 21.87 
8 3.70 + 0.33 9.17 + 0.82 11.11 + 1.12 23.98 
9 0.97 + 0.02 8.77 + 1.07 2.41 + 0.04 12.15 
10 22.37 + 1.58 21.94 + 3.50 41.93 + 7.14 86.24 
 
Results of one - way ANOVA’s reveal significant differences between 
each step for every site: Step1; (F(9, 20) = 147, p = < 0.01), Step2; (F(9, 
20) = 65.9, p = < 0.01), Step3; (F(9, 20) = 59.93, p = < 0.01). 
Bioavailable fractions were highest at site 10 for Zn (86.24 mg kg-1), 
Pb (46.61 mg kg-1), and Cu (22.44 mg kg-1), however the lowest 
values were at site 2 (9.74 mg kg-1, 2.58 mg kg-1) for Zn and Pb 
respectively, and at site nine (1.19 mg kg-1) for Cu.  
3.5.1.8 Pore water metal analysis 
 
Metal concentrations of pore water obtained from sediment samples 
for each sample location is detailed in Table 20. 
 
 
 
 79 
 
Table 20. Concentrations of metals (µl l -1) found in pore water analysis. Samples 
(n = 1) were extracted from sediment cores taken in conjunction with cores 
obtained for metal analysis. 
Site 
Number 
As 
(µl l -1) 
Cu 
(µl l -1) 
Ni 
(µl l -1) 
Pb 
(µl l -1) 
Zn 
(µl l -1) 
1 1.91 3.9 2.9 0.3 8.0 
2 0.72 2.1 1.9 <0.2 3.9 
3 0.97 4.5 3.9 0.4 7.2 
4 1.57 2.5 2.1 0.3 8.6 
5 1.67 4.2 2.7 0.7 9.1 
6 0.80 4.2 4.4 0.4 5.9 
7 1.33 1.9 1.8 0.2 6.6 
8 2.51 4.0 2.9 4.2 40 
9 0.89 5.2 2.0 0.8 11 
10 0.80 6.3 10 0.8 16 
 
Highest values for As, Pb and Zn were found at site 8 (2.51 µg l-1 , 
4.2 µg l-1, and 40 µg l-1 respectively), with lowest values found at site 
2 (0.72 µg l-1). Cu and Ni had highest values at site 10 (6.3 µg l-1 and 
10 µg l-1) respectively, with lowest values of 1.9 µg l-1 and 1.8 µg l-1 
respectively at site 7.   
3.5.1.9 Proteinase K Metal Digestion 
 
Proteinase K was used to digest sediment samples obtained from 
each sample location. Metal concentrations obtained are shown in 
Table 21.   
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Table 21. Proteinase K sediment digestion results (mean +/- 1SE) (mg kg-1 dry 
weight) obtained from sediment samples (n = 3) extracted for use in total metal 
content determination.   
Site 
Number 
As 
(mg kg-1) 
Cu 
(mg kg-1) 
Ni 
(mg kg-1) 
Pb 
(mg kg-1) 
Zn 
(mg kg-1) 
1 0.36 + 0.01 0.39 + 0.08 0.10 + 0.02 0.02 + 0.02 0.15 + 0.06 
2 0.26 + 0.02 0.49 + 0.13 0.12 + 0.01 0.03 + <0.01 0.01 + <0.01 
3 0.67+ 0.02 0.62 + <0.01 0.18 + 0.03 0.02 + 0.01 0.08 + 0.04 
4 0.32 + 0.02 0.41 + 0.09 0.12 + <0.01 0.02 + 0.01 0.03 + <0.01 
5 0.26 + 0.02 0.35 + 0.02 0.12 + <0.01 0.01 + 0.01 0.02 + <0.01 
6 0.20 + 0.02 0.53 + 0.17 0.08 + <0.01 0.03 + 0.01 0.03 + <0.01 
7 0.42 + 0.02 0.66 + 0.20 0.52 + 0.19 0.10 + 0.05 0.69 + 0.35 
8 0.63 + 0.01 0.33 + 0.13 0.18 + 0.01 0.02 + 0.01 0.01 + <0.01 
9 0.32 + 0.02 0.51 + <0.01 0.02 + <0.01 0.01 + 0.01 0.01 + 0 
10 0.33 + 0.01 0.82 + 0.06 0.12 + <0.01 0.15 + 0.01 0.53 + 0.01 
 
One - way ANOVA’s revealed significant differences between each 
site for each metal: As (F(9, 20) = 12.28, p = < 0.01); Cu (F(9, 20) = 6.00, 
p = 0.01); Ni (F(9 ,20) = 40.84, p = < 0.01); Pb (F(9, 20) = 18.57, p = < 
0.01); Zn (F(9, 20) = 14.5, p = < 0.01). Cu concentrations obtained after 
digestion of sediment using proteinase K are the highest totalling 
4.289 mg kg-1 dry weight (d.w), followed by As (3.77 mg kg-1 d.w), Ni  
1.57 mg kg-1 d.w), Zn (1.54 mg kg -1 d.w) and Pb (0.40 mg kg-1 d.w). 
The highest concentrations following proteinase K digestion for Cu 
and Pb were from site 10 (0.82 mg kg-1 and 0.15 mg kg-1) 
respectively with the lowest values (0.33 mg kg-1 d.w) from site 8 for 
Cu and site 9 (0.01 mg kg-1 d.w) for Pb. Highest values for Zn and Ni 
were found at site 7 (0.69 mg kg -1 and 1.10 mg kg-1 d.w) 
respectively, with lowest dry weight values: 0.01 mg kg-1 at site 2 for 
Zn, 0.05 mg kg -1 for Ni at site 9. Highest values for As were 0.67 d.w 
mg kg-1 at site 3 with lowest values of 0.20 mg kg-1 d.w at site 6.  
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3.5.2.0 Relationships between total metal concentrations and pore water  
 
Pearson’s correlations revealed that there were no significant 
relationships between total metal content in sediment across all sites 
and that of respective concentrations of metals found in pore water: 
As (r = 0.514, p = 0.682); Cu (r = 0.499, p = 0.157); Ni (r = 0.097, p = 
0.314), Pb (r = 0.143, p = 0.221);  Zn(r = 0.528, p = 0.096).  
3.5.2.1 Relationships between total metal sediment and BCR sequential sediment 
digestion concentrations  
 
Pearson’s correlations between total metal concentrations and those 
of each step of the BCR sequential sediment digestion showed no 
significant relationships as shown in Table 22. 
Table 22. Pearson’s correlation results of total metal concentrations and the 
individual steps of the BCR sequential sediment digestion 
 Metal      BCR Step 1 BCR Step 2 BCR Step 3 
As r = 0.02, p = 0.07 r = 0.07, p = 0.08 r = -0.18, p = 0.51 
Cu r = 0.62, p = 0.09 r = 0.38, p = 0.44 r =  0.53, p = 0.23 
Ni r = 0.04, p = 0.52 r = 0.11, p = 0.06 r = -0.10, p = 0.42 
Pb r = 0.05, p = 0.72 r = 0.02, p = 0.32 r = -0.15, p = 0.23 
Zn r = 0.17, p = 0.22 r = 0.22, p = 0.09 r = 0.16, p = 0.45 
 
.5.2.1 Relationships between porewater and sequentially extracted sediment 
 
Spearman’s correlation analysis identified a significant correlation 
between pore water and total BCR results for As (rs = 0.539, p = < 
0.05) and Zn (rs = 0.404, p = 0.05). 
Spearman’s correlation between pore water concentration and each 
individual BCR step identified: BCR Step1 and Pb (rs = 0.66, p = < 
0.01), Zn (rs = 0.517, p = < 0.01); BCR Step 2 and As (rs = 0.582, p = 
< 0.05), BCR Step 3 and Pb (rs = 0.409, p = 0.050). 
3.5.2.2 Relationships between tissue metal concentration and worm weight 
 
Spearman’s correlations were performed on worm tissue metal 
concentrations and worm weight. Partial correlations controlling for 
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worm weight were also conducted between worm tissue and total 
metal sediment concentrations shown in Table 23.  
 
Table 23. Correlations between metal concentrations found in sediment (mg kg-1) 
and worm weight.  
 
Metal Dry worm weight (g) from sites 
1 - 10 and worm tissue 
concentration (mg kg-1) 
Partial correlations between metal 
sediment concentration, worm tissue 
metal concentration controlling for dry 
worm weight (g) (mg kg-1) 
 rs p rs p 
As .42 .04 .25 .25 
Cu .32 .12 .19 .38 
Ni .32 .13 .-27 .21 
Pb .45 .03 .24 .28 
Zn .001 .60 .23 .28 
 
Results show a significant relationship between worm tissue As (rs = 
0.42, p = 0.05) and Pb (rs = 0.45, p = 0.03) concentrations and worm 
weight.  However, partial correlations using worm weight as the 
controlling factor did not show any significant relationships.  
 
3.5.3.3 Relationships between pore water and worm tissue metal concentration 
 
Pearson’s correlation coefficients for pore water metal concentrations 
and worm tissue metal concentrations show a non- significant 
correlation: As (r = - 0.342, p = 0.333); Cu (r = -0.096, p = 0.792); Ni 
(r = -0.084, p = 0.817).  
However, there was a negative correlation for Pb ( r = -0.631, p = 
0.050) and Zn (r = -.692, p = 0.027) suggesting that as the pore 
water concentration for Pb and Zn increases, worm tissue 
concentration decreases.  
 
 
3.5.3.4 Proteinase K metal digestion concentration and worm tissue concentration 
 
Spearman’s correlations revealed a strong positive correlation 
between proteinase K and worm tissue concentrations for Cu (rs = 
0.642, p = 0.05) and Pb (rs = 0.686, p = < 0.01) whereas, a negative 
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relationship was observed for Ni (rs = -0.40, p = 0.049). There were 
no relationships identified for As or Zn. 
3.5.3.5 Partial correlation between worm tissue metal, proteinase K and pore water 
metal concentrations 
 
Partial correlations between pore water and proteinase K metal 
concentrations, using worm tissue metal concentrations as the 
controlling factor, revealed positive correlations for Cu (p = 0.02), Pb 
(p = 0.05) and Zn (p = 0.01). These results indicate that both pore 
water and sediment digestion influence the bioaccumulation of Cu, 
Pb and Zn in H diversicolor. However, there were no significant 
correlations for As (p = 0.69) or Ni (p = 0.15). 
 
3.5.3.5 Comparison between sequential and enzymatic extraction  
 
Enzymatic extractions for this test series were performed using a 
ratio of solution to solid of 50:1(Figure 18), which is the same ratio 
applied to the first step of the BCR sequential extraction and 
therefore, comparisons between these methods are applicable. For 
the metals Cu, Ni, Pb, and Zn, concentrations extracted via the BCR 
step 1 using acetic acid are generally higher than proteinase K 
extraction. However, higher values for As were obtained using 
proteinase K than the acetic acid extraction.  
 
 
    
 84 
 
 
 
 
 85 
 
 
 
Figure 18. Comparison of metal concentrations (mg kg-1 d.w) obtained using  BCR 
step 1 and proteinase K digestions. Error bars represent the +/- 1SE. 
 
3.5.3.6 Relationships between sediment metal concentrations and worm tissue 
metal concentrations 
 
Total metal sediment and total metal worm tissue concentrations 
were analysed using Spearman’s correlation. Results show a positive 
relationship for As (rs = 0.460, p = 0.02) and a negative relationship 
for Ni (rs = -0.52, p = < 0.01). There were no significant relationships 
found for Cu, Pb or Zn.  
3.5.3.7 Relationships between water metal concentrations and worm tissue metal 
concentrations 
 
Spearman’s correlations show a negative relationship for As (rs = -
0.473,  p =0.02) and Ni (rs = -0.414, p = 0.04) with a very weak 
relationship for Cu (rs = 0.134, p = 0.53).  
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3.5.3.8 Relationships between worm tissue and individual BCR Steps 
 
Spearman’s correlations were conducted to identify relationships 
between the concentration in worm tissues and both the BCR results 
for each step and the total BCR bioavailable concentration. For 
Step1, there were no relationships between worm tissue and BCR 
step 1. A positive relationship was identified for Cu in Step 2 (rs = -
0.809, p = 0.021). A negative relationship was identified for Ni in Step 
3 (rs = -0.62, p = < 0.01). No relationships for any metal found for the 
Total BCR Concentrations. 
3.5.3.9 Relationships between water metal and pore water concentrations 
 
There were no significant relationships between water and that of 
pore water concentrations for any metal analysed. 
3.5.4.0 Relationships between water and BCR sequential sediment extraction 
 
Spearman’s correlations between metal water results and individual 
BCR Steps revealed: Step 1; A negative relationship exists between 
Pb and water metal concentration (rs= -0.454, p = 0.03): Step 2; A 
positive relationship was found for Cu (rs = 0.82, p = < 0.01) and Pb 
(rs = 0.504, p = 0.01): Step 3; A positive relationship was found for Ni 
(rs = 0.43, p = 0.03) and Pb (rs = 0.429, p = 0.04):Total BCR; A 
positive relationship was found for Ni (rs = 0.411, p = 0.04) and Pb (rs 
= 0.507, p = 0.01). 
3.5.4.1 Relationships between sediment characteristics and metal concentrations 
 
Pearson’s correlation was performed on sediment characteristic 
results and total metal concentrations. There was no significant 
relationship between the sediment characteristics and the 
concentrations of the metal’s As and Ni. Results for Cu show a 
significant negative correlation for medium silt (15.6 µm) (r =0.674, p 
= 0.03), Coarse Silt (31 µm) (r = -0.825, p = < 0.01), and a significant 
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positive relationship for medium sand (250 µm) (r = 0.659, p = 0.03) 
and very coarse sand (1000 µm) ( r = 0.745, p = 0.01). A negative 
significant relationship exists between Zn and coarse silt (31 µm) (r = 
-0.861, p = 0.00), Pb and coarse silt (31 µm) (r = -0.751, p = 0.01).  A 
positive significant relationship exists between Pb and very coarse 
sand (1000 µm) (r = 0.669, p = 0.03).  
3.5.4.2 Relationships between loss on ignition and total metal sediment 
concentrations 
 
Loss on ignition and total metal concentrations for all samples site 
were analysed to assess for statistically significant relationships. A 
Pearson’s correlation was performed which revealed a positive 
correlation between loss on ignition values and Cu (r = 0.463, p = 
0.010), Pb (r = 0.488, p = 0.006) and Zn (r = 0.448, p = 0.013). There 
were no significant relationships for As and Ni. 
 
3.5.4.3 Relationships between loss on ignition and sediment characteristics 
 
Pearson’s correlation was used to determine relationships between 
sediment characteristics and loss on ignition with results showing 
significant positive relationships for clay (0.06 µm) (r = 0.711, p = 
0.02) and very fine silt (3.9 µm) (r = 0.778, p = 0.00). Negative 
significant relationships exist for very fine sand (63 µm) (r = -0.817, p 
= 0.00) and fine sand (125 µm) (r = -0.791, p = 0.00). 
 
3.6  Discussion 
3.6.1 Sediment characteristics 
 
Granulometric composition of the sediment samples taken from all 10 
sample sites showed differences in the composition of sand, clay and 
silt fractions. Generally, silt and clay fractions decreased from site 1 
extending to site 10 whereas sand fractions increased. Silt may 
accumulate in the upper regions of the lagoon via deposition from 
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inlet streams, land run off and subsequent settlement of organic 
matter. Weber et al. (2006) detailed how strong tides originating from 
the entrance to the Fleet lagoon at Smallmouth influence the lagoon 
basin. Reduced tidal range then extends upwards towards 
Abbotsbury (Site 1) from the Narrows (Robinson 1983). A reduction 
of tidal exchange and water flushing may therefore decrease the 
potential for particles of silt to be drawn down towards the 
Ferrybridge end (Site 10) and may further explain the decrease of 
sand fractions from the Narrows extending to Abbotsbury.   
LOI results for sampled locations show variability throughout the 
lagoon with the highest values found at sites 3, 4 and 10. 
Accumulation of organic matter may occur at sites 3 and 4 again, as 
a result of the reduced tidal flushing and water exchange in these 
regions of the lagoon. Moreover, the embayment features and 
shallow water depths may further reduce water flow and allow these 
areas to act as sinks for organic matter.  
Total metal sediment concentrations show the highest ∑ mean total 
for As, Cu, Ni, Pb and Zn at site 10. Pearson’s correlation analysis 
revealed significant positive relationships: Cu with medium sand and 
very coarse sand fractions; Pb and very coarse sand with the highest 
values of these fractions found at site 10. Additionally, Mendiguchia 
et al. (2006), Perfetti-Bolano et al. (2018) and Abuchacra et al. 
(2015) identified positive correlations between LOI concentrations 
and the accretion of Cu, Pb and Zn in marine sediments. As 
statistically significant relationships between LOI, Cu, Pb and Zn 
were identified in the present study,this may suggest that the high 
LOI levels found at site 10, 4 and 3 influenced the accretion of Cu, 
Pb and Zn at these locations.   
A statistically significant relationship exists between LOI and clay and 
very fine silt sediment fractions which may influence the LOI results 
found at sites 3 and 4. Importantly, the presence of the oyster 
aquaculture farm situated between sites 9 and 10 may influence LOI 
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levels. An increase of organic matter into surrounding environments 
related to oyster aquaculture has been evidenced (Erler et al., 2017; 
Forrest and Creese, 2006; Mitchell, 2006; Quintino et al., 2012). 
Furthermore, human activities associated with aquaculture re-
disperse detritus settled beneath the growing racks which may then 
be transported by tides and currents (Mitchell, 2006). Therefore, high 
LOI results found at site 10 may be influenced by the presence of the 
aqua culture oyster fishery and release of organic detritus. However, 
the impact of transported detritus in the Fleet lagoon is unknown and 
warrants further investigation.  
Relationships have been observed between small particle size 
sediment and organic matter (Froehner et al., 2009; He et al., 2016; 
Koiter et al., 2015; Ma et al., 2016). Results gained from this study 
are in agreement as correlations were identified between LOI, clay 
and very fine silt fractions from sediment samples. Organic 
particulate matter may enter the lagoon system via inlet streams, run 
off from land, breakdown of organic matter and detritus from fauna. 
Moreover, reduced tidal flushing and water exchange (Robinson, 
1983) which occurs towards the Abbottsbury end of the lagoon may 
influence the concentrations of clay and silt fractions in these 
locations.  
High ∑ mean metal concentrations found at sites 10, 8, 3 and 1 were 
between 2 - 6 times higher than found at site 2, 5, 6, 4 and 9. 
Embayment features at sites 3 and 8 may influence the accumulation 
of metals in these regions, resultant from tidal flow, current exchange 
and reduced water depths (Ebrahimi, 2004; Robinson, 1983). High ∑ 
mean metal concentrations found at site 1 may further be influenced 
by the reduced tidal flushing and potentially, the accumulation of 
metals in these locations.  
3.6.1.1 Historic and current metal concentrations 
 
Historic metal sediment analysis reported by Nunney and Smith 
(1995) show differing sample locations to those in this study. 
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However, similarities exist between sites 2C, 3C and the oyster 
aquaculture facility detailed in their study and those of sites 3, 7 and 
10 in this study respectively.  
Results show higher readings for Zn (205.5 mg kg-1), Pb (38.5 mg kg-
1), Ni (68.2 mg kg-1) and As (49.0 mg kg-1) at site 3 than those found 
historically at site 2C (Zn 100 mg kg-1, Pb 5 mg kg-1, Ni 25 mg kg-1 
and As 14 mg kg-1). Comparisons for Cu (24.3 mg kg-1) and (24 mg 
kg-1) at site 3 and 2C respectively show similarities.  
Similar concentrations for Zn (83.9 and 95 mg kg-1), Ni (34.1 and 25 
mg kg-1) and Cu (23.3 and 20 mg kg-1) were found between sites 7 in 
this study and location 3C. Significantly higher values for Pb were 
found at site 7 than 3C (21.1 and 5 mg kg-1) respectively however, 
higher As values were reported at 3C (16 mg kg-1) than this study 
(9.8 mg kg-1). 
Higher readings were found at site 10 for Zn, (242 mg kg-1), Pb (94.0 
mg kg-1), Cu (51.3 mg kg-1), and As (29.6 mg kg-1) than at the oyster 
farm (72 mg kg-1), (10 mg kg-1), (24 mg kg-1), (15 mg kg-1) 
respectively. Concentrations of Ni (20.1 mg kg-1) were of similar 
values to those found previously (18 mg kg-1) and (24 mg kg-1). The 
present study identified higher concentrations than those of the 
historic study of all metals at specific locations indicating both 
accretion and the continued environmental input of these metals.  
Exact locations for the historic study are unknown due to lack of 
reported coordinates. Furthermore, the methods used to sample the 
sediment are also unreported and loss on ignition analysis was not 
conducted. General comparisons show significantly higher levels of 
Zn, Pb, Cu and As at site 10 in the present study than previously 
reported at the oyster farm location. It is supposed that elevated 
levels of LOI found at this location may contribute to the 
accumulation of these metals at this site.  
Similar concentrations were found between site 7 and 3C for Zn, Ni, 
Cu and As. Pb at site 7 was significantly higher and may indicate 
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accumulation at this location in the period between the studies. 
Additionally, comparisons between site 5 for the present study and 
site 2C show that historic concentrations for Zn, Ni, Cu and As were 
significantly higher. However, results for Pb at this sample site again 
show elevated levels compared to the historic concentrations.  
3.6.2 Metals bioavailability 
 
The influence of environmental matrices, in particular pore water, on 
bioavailability of metals has been suggested as a primary exposure 
pathway for benthic organisms (Chapman et al., 2002; Li et al., 2014; 
Wang and Fisher, 1999b).   
Within the present study, negative relationships were identified 
between pore water and worm tissue for Pb (r = -0.631, p = 0.05) and 
Zn (r = -0.692, p = 0.027). Furthermore, negative relationships were 
identified between water As (rs = -0.473, p = 0.02) and Ni (rs = -
0.414, p = 0.04) concentrations. One very weak positive relationship 
was identified for water and worm tissue metal concentrations for Cu 
(rs = 0.134, p = 0.053). However, partial correlations between worm 
tissue metal concentrations and proteinase K sediment digestion 
using worm tissue metal concentrations as the controlling factor 
revealed positive correlations for Cu (p = 0.02), Pb (p = 0.05) and Zn 
(p = 0.01).  As H diversicolor, continually aerates its burrows with 
oxygenated water directed from the water column, contact with pore 
water will occur during movements through and ingestion of sediment 
as water bathing the worms will be from the overlying water column 
(Buffet et al., 2011; Rainbow et al., 2009a). However, there is no 
literature evident which determines whether bioaccumulation of 
metals from pore water occurs via epidermal uptake or ingestion 
during feeding and warrants further research. 
Results gained in the present study identify that both pore water and 
sediment ingestion influence the assimilation of Cu, Pb and Zn in H 
diversicolor. The influence of pore water metal concentrations and 
assimilation have been reported where Pini et al. (2014), 
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demonstrated correlations between Zn concentrations in pore water 
and tissue concentrations in the polychaete Nereis virens although 
the authors did not identify positive relationships for Cu. Porewater 
cadmium uptake was also observed in the polychaete Neanthes 
arenaceodentata however, assimilation of Ni and Zn correlated to 
sediment digestion (Lee et al., 2000). It is assumed that the dominant 
pathway for metal assimilation in many benthic organisms is through 
ingestion (Baumann and Fisher, 2011a, b; Casado-Martinez et al., 
2009; Lee et al., 2000). Yet, it is not clear whether the influence of 
pore water reported in the present study are assimilated during the 
ingestion process or through epidermal uptake.   
There were no statistical relationships found between the 
concentrations of metals in sediment and tissue concentrations of 
worms the findings of which agree with Berthet et al. (2003), Mayer 
et al.1997, Pueyo et al. 2008, Rainbow et al. (2009a), that total metal 
concentrations do not correlate with metal bioaccumulation. 
Additionally, partial correlations between worm tissue and sediment 
concentrations and worm weight did not identify any significant 
correlations. Worms obtained from sample site 10 were significantly 
heavier than those from all other sample locations. Worm weight at 
this location may be influenced by the high levels of LOI, a result of 
possible detritus from the oyster farm present at this location as 
previously discussed. The influence of detritus from aquaculture 
facilities on benthic invertebrates has been evidenced where Huang 
et al. (2018) describe increased levels of polyunsaturated fatty acids 
in the bio-deposits from a scallop farm that increased the nutritional 
quality of Canuellidae that fed on the detritus. Additionally, Ferriss et 
al. (2016) demonstrate that aquaculture facilities can increase  
biomass densities in the surrounding environment partly related to 
the increase of detritus. However, to fully elucidate effects of oyster 
aquaculture detritus on the feeding behaviours, biomass and body 
mass of H diversicolor, further research is required.  
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There were no significant relationships found between worm tissue 
and sediment total metal concentrations using worm weight as a 
controlling factor. Poirier et al. (2006) describe how increased body 
weight was positively correlated to Pb and Ag whole body 
concentrations in H diversicolor used as a control group. However,  
they found an inverse relationships between Cd, Cu, Zn and worm 
tissue concentrations in H diversicolor from the Seine Estuary. 
Interestingly, Pini et al. (2015) demonstrated site specific correlations 
between Cu worm tissue and weight in Nereis virens although the 
mechanisms which account for this are not reported. Therefore, 
findings reported in the present study may indicate site specific 
tolerance, regulation and bioaccumulation of metals in resident Fleet 
lagoon populations. Site specific weight and assimilation of metal be 
H diversicolor have been reported in previous studies by Mouneyrac 
et al. (2003), McQuillan et al. (2014), Berthet et al. (2003), Rainbow 
et al. (2009). It is suggested that investigations of the influence of 
weight and bioaccumulation of metals in H diversicolor are conducted 
from various sites including individual’s with differing weights, to 
further clarify the effects of worm weight on assimilation of metals.  
(Rainbow P. S et al., 2009a) 
Analysis of relationships between worm tissue metal concentrations 
and total metal in sediment identified a significant correlation for As 
(rs = 0.460, p = 0.02). The predominate form of bioavailable As in the 
marine environment is arsenate (Ellwood and Maher, 2003), which is 
found co- precipitated or adsorbed to oxidizable fractions associated 
with Mg oxide, hydrous Fe or Fe arsenate (Neff, 1997).  
Bioaccumulated As within organisms is generally found in non - toxic 
species including arsenobetaine, arsenocholine, 
monomethylarsinate, dimethylarsinate and tetramethylarsonium 
(Ellwood and Maher 2003). Within the sediment samples of the 
present study, the predominant BCR As fraction was found to be 
oxidizable (64%) whereas the reducible (21%) and exchangeable 
(14%) fractions where lower across all sites. However, As bound to 
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the exchangeable fraction within sediment has been reported to be 
the most bioavailable to aquatic organisms (Liu et al., 2014a). It is 
suggested therefore, that the levels of As identified in the worms may 
directly relate to the exchangeable fraction however identification of 
this fraction in worm tissue was not conducted in the present study.  
Furthermore, a negative relationship was found between water and 
worm tissue concentrations. Under reducing conditions, arsenate is 
reduced to As(lll) which may then react with sulphides producing 
sulphide compounds (Gomez-Ariza et al., 2000). These compounds 
may then be released into pore water (Casado-Martinez et al., 2012). 
Results in this study from reducible fractions in BCR step 2 identified 
a correlation with pore water concentrations (rs = 0.582, p < 0.05) 
and may indicate As (lll) as the primary species in pore water.  
However, there was no identifiable relationship for As between the 
individual BCR steps, pore water and worm tissue. Additionally, 
correlations between sediment As concentrations and proteinase K 
digestion were not identified. Assimilation of As from sediment 
ingestion has been identified in marine deposit feeding polychaetes 
(Baumann and Fisher, 2011b; Casado-Martinez et al., 2012; 
Rainbow et al., 2011). It is suggested that digested As species may 
be subject to metabolism allowing detoxification and excretion. 
Transformation of bioaccumulated As in Arenicola marina where 
biomethylation of arsenate to dimethylarsinate has been observed 
(Geiszinger et al., 2002). Also, possible microbial conversion of 
arsenobetaine to dimethylarsinate within gut fluid of Arenicola marina 
have been suggested (Casado-Martinez et al., 2012). It is necessary 
therefore, that further investigations are conducted on As speciation 
within the environmental matrices of the Fleet lagoon to identify 
abiotic and biotic factors which may influence bioavailability to 
deposit feeding polychaetes. Also, identification of metabolic 
detoxification, transformation and excretion are essential in H 
diversicolor to fully understand the mechanisms of bioaccumulation.  
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As previously discussed, the use of total metal sediment content has 
been found to be an unreliable indicator of metal bioaccumulation in 
marine species (Amiard et al., 2007; Baumann and Fisher, 2011b; 
Berthet et al., 2003; Luoma, 1983; Luoma and Rainbow, 2005; 
Pueyo et al., 2008; Rainbow P. S et al., 2009b; Rosado et al., 2016; 
Tessier et al., 1979; Wang and Fisher, 1999a). As the speciation of 
metals within sediment and water may primarily govern 
bioaccumulation results obtained from the individual steps of BCR 
sequential analysis show a correlation exists between the oxidizable 
fractions for Cu obtained in step 2 and in worm tissue. Cu 
concentrations were found to be highest across all sites in the 
oxidizable fraction (80%). This suggests the ingestion of sediment as 
the primary uptake pathway of Cu in H diversicolor in the present 
study. Additionally, as the oxidizable Cu fractions are assumed to be 
stable within sediment (Pini, 2014), it may be tentatively suggested 
that Cu levels found within the water samples may derive from the 
disturbance of sediment or potentially from new inputs.  
Positive correlations were found between BCR Steps and water 
metal concentrations. For Step 2, correlations were found for Cu (rs = 
0.82, p = < 0.01) and Pb (rs = 0.504, p = 0.01). In the case of Step 3, 
correlations were found for Ni (rs = 0.43, p = 0.03) and Pb (rs = 0.429, 
p = 0.04). In the case of the total BCR, Ni (rs = 0.411, p = 0.04) and 
Pb (rs = 0.507, p = 0.01) were correlated. Although this may suggest 
sediment as a possible source of water contamination, further 
research is required regards the species of metals found within the 
water in relation to fractions obtained in the BCR steps to elucidate 
this potential transference.  
All steps of the BCR analysis were totalled to reveal the overall 
bioavailable fraction for each metal, which showed a clear difference 
to total metal concentrations obtained for all analysed metals at each 
sample site. Although results gained from the present study indicate 
that sequential extraction analysis proves to be a more accurate 
predictor of availability than total metal determination, it fails to 
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address the exposure pathway of contaminated sediment ingestion 
(Wang and Fisher, 1999b). Also, these extraction techniques do not 
address the influence of species mode of biological uptake and 
regulation of metals (Rainbow et al., 2011).  
Marine benthic organisms may consume substantial quantities of 
sediment to extract food particulates and in doing so, gastrointestinal 
enzymes may release metal ions affecting their uptake (Rainbow et 
al., 2011). To evaluate this exposure pathway, biomimetic 
approaches which utilise digestive enzymes have been developed 
and employed (Bignasca et al., 2011; Ianni et al., 2010; Mayer et al., 
1997; Rosado et al., 2016; Turner, 2006; Turner and Olsen, 2000).  
As previously determined by Turner (2006), Ianni et al. (2011) and 
Bignasca et al. (2011), comparisons between the first step of the 
BCR sequential method and proteinase K extraction may be 
conducted due to use of solution / solid ratio of 50:1. In the present 
study, comparisons showed how values for the metals Cu, Ni, Pb 
and Zn from the BCR extraction were higher than those of proteinase 
K. This agrees with Bignasca et al. (2011) author’s work for metals 
excluding Cu where they found higher values for Cu obtained by 
proteinase K extraction. This may result from the complexation of Cu 
with the enzyme the concentration of which, acts as the limiting factor 
(Ianni et al., 2010).  
Proteinase K extraction proved to be significantly correlated to 
concentrations found within the worm tissue for Cu (rs = 0.642, p = 
0.050) and Pb (rs = 0.686, p = < 0.01) at all sites whereas a negative 
relationship for Ni (rs = -0.40, p = 0.049) was identified. These results 
suggest that proteinase K extraction is a suitable method to 
quantitatively identify interactions for Cu and Pb contamination within 
the sediment and gastrointestinal environment of H diversicolor. 
Furthermore, results achieved in this present study are in agreement 
with the findings of Bignasca et al. (2011), Ianni et al. (2010), and 
Rosado et al. (2016), where comparisons between the proteinase K 
extraction and the first step of the BCR sequential analysis show that 
the chemical extraction overestimates the bioavailable fraction.  
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It is clear how bioavailability of metals remains a complicated issue. 
However, results from the present study support the use of a 
multifaceted approach. In particular, the use of both sequential 
extraction and digestive enzymes provide more accurate methods to 
determine bioaccumulation of environmental metals by H diversicolor 
than total metals. Additionally, identification and examination of the 
behaviour of metal ions within environmental matrices, the 
assimilation and excretion pathways of sediment dwelling organisms 
may increase the understanding of the bioavailability of 
environmental metals. 
 
 
 
3.7 Conclusion 
 
Sediment characteristics of the Fleet Lagoon, Dorset (UK) show 
variance. Higher concentrations of sand fractions towards the 
entrance at Ferrybridge extend towards site 5 whereas silt fractions 
are dominant at the Abbotsbury end extending towards site 5. Silt 
and sand composition at the sample locations may be influenced by 
land run off, freshwater inputs, and reduced tidal flushing towards the 
Abbotsbury embayment. Organic matter within sediment varies 
throughout the sampled locations with the highest values found at 
site 10. Organic matter at this sample location may derive from 
subsequent detritus from the oyster farm situated between sites 9 
and 10. Sediment characteristics may further influence metal 
accumulation. A correlation between medium and coarse sand and 
Cu concentrations, and very coarse sand and Pb was identified.  
Furthermore, organic matter was shown to correlate between Cu, Pb 
and Zn.  
Differences between historic metal concentrations and those found in 
this study show significantly higher levels of Zn, Pb, Cu and As at site 
10 and may indicate continued inputs and accretion of these metals. 
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Additionally, metal accumulation at this location may be influenced by 
elevated LOI levels derived from detritus released from the oyster 
farm and industrial uses of Portland Harbour. Comparisons at other 
sample locations show either similar or lower levels for Zn, Ni, Cr, Cu 
and As than historically reported. Levels for Pb were significantly 
higher in both recent sample locations than previously reported. 
However, historic LOI analysis was not conducted, sample method 
and GPS locations were not reported therefore direct comparisons 
between results should be made with caution.   
To assess metal bioavailability and bioaccumulation in the marine 
polychaete H diversicolor, a series of sediment analysis including 
total metal and BCR sequential extraction were conducted. Total 
metal results for As showed a correlation with concentrations found 
in worm tissue. However, the speciation of As in both sediment and 
worm tissue were not identified in this study and requires further 
research to determine bioavailability from environmental matrices. 
Total metal results showed higher concentrations than those 
extracted during BCR sequential sediment analysis. Moreover, 
analysis of worm tissue metal concentrations was not correlated with 
either the total metal or total BCR concentration. By contrast, a 
significant correlation existed between the oxidizable fraction of Cu in 
sediment and Cu concentrations found in worm tissue. Partial 
correlations between proteinase K and pore water metal 
concentrations using worm tissue metal concentrations as the 
controlling factor identified relationships for Cu, Pb and Zn. However, 
it is not clear whether the uptake of pore water during the ingestion 
process contributes to assimilation or if this occurs through epidermal 
contact. 
Correlations of the first step of the BCR sequential analysis and that 
of proteinase K showed that for all metals analysed excluding Cu, the 
BCR stage overestimates the bioavailable fraction. Additionally, Cu 
results may have been confounded by sorption to the enzyme.  
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Worm tissue concentrations for Cu and Pb were significantly 
correlated to proteinase K digestion therefore, proteinase K digestion 
is a suggested as a suitable method to quantify bioavailability and 
bioaccumulation for the metals Cu and Pb from sediment.  However, 
it is acknowledged that further research is necessary to assess the 
suitability of using proteinase K for metal bioavailability investigations 
for metals other than Cu and Pb. Although BCR sediment digestion 
overestimated the bioavailable fraction, it proves a more accurate 
method to assess metal bioaccumulation than total metal 
concentrations.  
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4. Polycyclic aromatic hydrocarbons in Lagoon sediments 
and bioaccumulation by the marine polychaete H 
diversicolor  
 
4.1 Introduction 
 
Polycyclic aromatic hydrocarbons (PAH‘s) are naturally occurring 
compounds composed of two or more fused benzene rings which 
circulate though biogeochemical cycles from sources including 
natural oil seeps, volcanic eruptions and forest fires (Duran and 
Cravo-Laureau, 2016). However, anthropogenic activities and 
population expansion have increased both chronic and acute 
environmental inputs from pyrolytic and petrogenic sources including 
combustion of fossil fuels, accidental oil spills, terrestrial and fluvial 
run off or direct addition (Manuel Nicolaus et al., 2015). 
Within the marine environment, PAH’s are predominately found in 
complex mixtures within sediments the composition of which, results 
from the origin and rate of natural weathering by microbial and photo 
degradation (Sabaté et al., 2001). PAH’s found within petrogenic 
sources including diesel and gasoline, are dependent on the refining 
process and distillation temperature range of the parent oil (Neff et 
al., 2005). Generally, these products are of low molecular weight 
comprising of two or three fused benzene rings although, middle 
distillate products including diesel and home heating fuel may contain 
species with four aromatic rings (Yunker et al., 2015). 
Incomplete combustion of organic matter or the rapid cooling of 
combusted fuel releases PAH compounds either as unspent products 
or compounds re-formed during condensation processes (Lui et al., 
2016).  PAH’s are found within combustion soot and vapour emitted 
from vehicle and industrial engine exhausts, wood and coke burning 
emissions and these sources are considered to be the major 
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contributors to environmental release of PAH’s (Liu et al., 2016; Xue 
et al., 2016). 
The individual physiochemical properties including vapour pressure, 
water solubility, Henry’s law constant, octanol-water partition 
coefficient (Kow), organic carbon partition coefficient ( Koc), and 
sediment composition influence behaviour of PAH’s in the marine 
environment (Arias et al., 2016; Frapiccini and Marini, 2015). 
Moreover, environmental persistence, toxicity, carcinogenicity and 
mutagenicity have led to the inclusion of 16 individual PAH’s in the 
US Environmental Protection Agency (EPA) priority pollutant list 
(Duran and Cravo-Laureau, 2016; Frapiccini and Marini, 2015; Xue 
et al., 2016).  
Due to the hydrophobic nature and low water solubility, PAHs have a 
high affinity for particulate matter found within the water column 
(Wang et al., 2015). Absorption to particulates is influenced by the 
particulate surface area, where smaller particles show increased 
absorbance capacity (Wang et al., 2015). Additionally, smaller 
particles may be subject to higher transportation rates which may 
result in accumulation of contaminated particles in coastal and tide 
driven areas (Duran and Cravo-Laureau, 2016). Indeed, higher 
concentrations of PAH’s are recorded worldwide in sediments of 
coastal bays, lagoons and estuaries (Nikolaou et al., 2009). 
Therefore, marine sediment remains the main receptacle for PAH’s in 
the marine environment (Sun et al., 2016).  
Determining potential sources of environmental PAH’s is vital to 
understand the bioavailability to marine biota (Morales-Caselles et 
al., 2017; Yunker et al., 2002). For instance, pyrogenic PAH’s show 
reduced environmental degradation, but are perceived to have 
limited bioavailability to marine organisms whereas petrogenic PAH’s 
often dissolved in the water column, are rapidly bioavailable and 
subject to degradation and photooxidation (Yunker et al., 2015). 
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Identification of pyrolytic and petrogenic sources from marine 
sediment conducted through use of molecular indices formulated 
from environmental PAH’s have been extensively proved (Cachada 
et al., 2012; Jiang et al., 2014; Tobiszewski and Namieśnik, 2012; 
Yunker et al., 2002). For example, high alkylated / parent PAH ratios 
signifies petrogenic sources (Rust et al., 2004; Yunker et al., 2002). 
It is acknowledged that the bioavailability of PAH’s to marine 
organism’s may be influenced by individual physical properties and 
sorption to organic particulates (Dai et al., 2008; Tang et al., 2016). 
Low molecular weight and water - soluble PAH’s dissolved within the 
water column may be taken up rapidly by organisms (Hylland, 2006) 
through dermal contact, irrigation and ingestion (Timmermann and 
Andersen, 2003). High molecular weight PAH’s bound to organic 
matter present within marine sediment are hypothesised to be less 
bioavailable (Yunker et al., 2015; Yunker et al., 2002). However, 
ingestion of high molecular weight PAH’s present in contaminated 
sediment by marine benthic species including the polychaete H 
diversicolor have been evidenced (Alessio et al., 2018; Christensen 
et al., 2002b; Lu et al., 2004; Rust et al., 2004).Yet, these species 
specific bioaccumulation traits are not commonly addressed during 
marine toxicology environmental risk assessments (Diepens et al., 
2015). 
Following biological uptake, activation of the transcription factor aryl 
hydrocarbon receptor by coplanar PAH’s initiates induction of 
cytochrome P450 enzymes (Gauthier et al., 2014). These enzymes 
alter PAH’s via hydroxylation, with further modifications producing 
soluble and excretable products (Hahn, 1998). However, rapid 
metabolism of PAH’s by some species (Christensen et al., 2002b; 
Giessing et al., 2003; Malmquist et al., 2015) may produce 
confounding results as although the use of total tissue contents 
identifies exposure, it may suggest lower rates of bioaccumulation.  
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To fully understand the risk which environmental levels of PAH’s 
pose to marine organisms it is vital that environmental monitoring 
including assessment of bioaccumulation is conducted. For the first 
time, this study will determine levels of 16 PAH’s in the Fleet Lagoon, 
Dorset, UK and bioaccumulation in H diversicolor through the 
analysis of environmental matrices and worm tissue. The objectives 
of this study are: 
1) Identification and quantification of the 16 PAH’s listed as 
priority pollutants by the EPA within sediment, water and worm 
tissue 
2) Determine origins of PAH’s using isomer ratio analysis 
3) Using sediment characteristics data, identify potential 
correlations between sediment types, concentrations of 
individual PAH’s and whole worm tissue. 
4.2 Materials and Methods 
4.2.1Site description 
 
A full description of sample collection from the Fleet Lagoon, Dorset, 
UK is detailed in Chapter 2 (2.1.1.1).  
4.2.1.1 Total PAH in Sediment and Water 
 
Samples of sediment and water were sent to a commercial laboratory 
(I2 analytical Laboratory, Watford, UK) for determination of PAH 
concentrations by GCMS.  
4.2.1.2 Total PAH concentration in H diversicolor tissue 
 
Worm tissue was collected, prepared and analysed as previously 
described in Chapter 2 (2.1.1.4, 2.3.9, 2.4.1) respectively. 
4.2.1.3 Isomer ratio source identification 
 
Using the ratios of specific PAH compounds provides a method to 
distinguish sources of PAHs: Fluoranthene / (Fluoranthene + 
 104 
 
Pyrene), Ant / (Anthracene + Phenanthrene), Fluoranthene / Pyrene, 
and HMW (4 - 6ring) / LMW (2 - 3 ring) (Morales-Caselles et al., 
2017; Xue et al., 2016).  PAHs of petrogenic origin contain higher 
concentrations of 2 - 3 ring alkylated PAHs for example, as 
anthracene is less thermodynamically stable than phenanthrene 
higher phenanthrene / anthracene ratios indicate petrogenic sources. 
Pyrolytic PAH origins are identified by low phenanthrene / 
anthracene ratios. Ratios of Fluoranthene / Pyrene <1 indicate 
petrogenic origin whereas, Fluoranthene / Pyrene >1 suggests 
pyrolytic origin; HMW / LMW <1 indicates petrogenic origin whereas, 
HMW / LMW >1 indicates pyrolytic origin (Yunker et al., 2002).  
Fluoranthene / (Fluoranthene (Fla) + Pyrene (Pyr)) values below 0.4 
are related to petrogenic origins; values above 0.5 suggests 
biomass, wood and coal combustion; values between 0.4 and 0.5 are 
associated to petroleum combustion (Figure 20). Anthracene / 
(Anthracene (Ant) + Phenanthrene (Phe)) ratios less than 0.1 relate 
to petroleum pollution whereby, greater than 0.1 represents a 
pyrolytic source (Xue et al., 2016; Yunker et al., 2002) 
4.2.1.4 Statistical analysis 
 
All data were analysed using Ri386 statistics version 3.4.2. All 
analysis was tested to meet the assumptions for parametric tests. 
When assumptions were not met, data was transformed using 
square root, arcsine or log10 transformation. Shapiro-Wilk tests were 
then performed to assess normality of transformed data. Pearson’s 
correlation coefficient was conducted on raw or transformed data to 
identify linear correlations: sediment characteristics and PAH 
sediment concentrations; LOI and PAH sediment concentrations. 
Spearman’s correlations were performed on worm tissue PAH 
concentrations and PAH sediment concentrations as data for worm 
tissue did not meet the assumptions for Pearson’s correlations. 
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4.3 Results 
4.3.1 PAH concentrations of environmental matrices 
4.3.1.1 PAH Concentrations in Sediment 
 
Concentrations of the 16 PAH’s included by the EPA as priority 
pollutants were determined in sediment samples taken from the 
Eastern shoreline of the Fleet Lagoon as detailed in Table 24. 
Canadian sediment quality guidelines are included which detail 
concentrations applicable for both the threshold effect limit (TEL) 
(results above TEL highlighted in blue) and probable effects limit 
(PEL) (results above PEL highlighted in red) (CCME, 2001). 
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Table 24. PAH concentrations for sediment samples (n = 3) taken from 10 sample 
sites of the Fleet Lagoon. All concentrations are reported as mg kg-1 dry weight. 
Canadian sediment quality guidelines for Threshold effects limits (TEL) and 
Probable Effects Limits (PEL) are included (CCME, 2001). Results above the TEL 
are highlighted in blue and results above PEL highlighted in red. 
PAH TEL PEL Site1 Site2 Site3 Site4 Site5 Site6 Site7 Site8 Site9 Site10 
Naphthalene 0.03 0.39 0.37 <0.05 <0.05 0.30 <0.05 <0.05 <0.05 <0.05 <0.05 <0.05 
Acenaphthylene 0.005 0.13 <0.05 0.15 <0.05 0.39 <0.05 <0.05 <0.05 <0.05 <0.05 <0.05 
Acenaphthene 0.006 0.089 <0.05 0.09 <0.05 0.39 <0.05 <0.05 <0.05 <0.05 <0.05 <0.05 
Fluorene 0.021 0.14 <0.05 0.08 <0.05 0.56 <0.05 <0.05 <0.05 <0.05 <0.05 <0.05 
Phenanthrene 0.042 0.52 0.51 1.0 0.10 6.4 <0.05 0.73 0.36 <0.05 0.16 0.75 
Anthracene 0.047 0.24 0.13 0.42 <0.05 1.7 <0.05 0.24 0.13 <0.05 <0.05 0.22 
Fluoranthene 0.11 2.4 0.78 7.9 0.21 16 <0.05 1.9 1.4 <0.05 0.46 2.3 
Pyrene 0.053 0.88 0.57 8.5 0.18 14 <0.05 1.4 1.4 <0.05 0.40 2.1 
Benzo 
(a)anthracene 
0.032 0.39 0.33 4.4 0.11 7.1 <0.05 0.69 0.69 <0.05 0.16 0.97 
Chrysene 0.057 0.86 0.34 2.7 0.08 5.1 <0.05 0.74 0.69 <0.05 0.23 0.89 
Benzo (b) 
fluoranthene 
- - 0.30 4.70 0.08 7.3 <0.05 0.72 0.88 <0.05 0.23 1.2 
Benzo (k) 
fluoranthene 
- - 0.29 2.4 0.07 4.2 <0.05 0.53 0.59 <0.05 0.19 0.79 
Benzo (a) 
pyrene 
0.032 0.78 0.36 4.1 0.13 7.2 <0.05 0.70 0.90 <0.05 0.28 1.3 
Indeno (1,2,3-
cd)pyrene 
- - 0.15 2.1 <0.05 3.4 <0.05 0.37 0.38 <0.05 <0.05 0.60 
Dibenz (a,h) 
anthracene 
0.006 0.14 <0.05 0.50 <0.05 0.90 <0.05 <0.05 0.11 <0.05 <0.05 0.15 
Benzo (ghi) 
perylene 
- - 0.18 2.30 <0.05 3.7 <0.05 0.44 0.48 <0.05 <0.05 0.69 
Total PAH   4.31 41.9 0.96 78.0 <0.80 8.38 7.92 <0.80 2.11 11.9 
 
Results show that sites 2 and 4, 6, 7 and 10 had concentrations of 
specific individual PAH’s which far exceed the PELs and TELs. The 
highest ∑ PAH concentrations of 78.0 mg kg-1 were found at site 4. 
Furthermore, all reported individual PAH’s excluding Naphthalene 
were highest at this location. Individual and total concentrations for 
PAH’s then decrease in the order of site 2 > 10 > 6 > 7 > 1 > 9 > 3 < 
8 ˜ 5, with 41.9, 11.9, 8.38, 7.92, 4.31, 2.11, 0.96, < 0.80 and < 0.80 
mg kg-1 respectively. Generally, Fluoranthene and Pyrene were the 
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most abundant compounds in the sediments with 31.05 and 28.65 
mg kg-1 respectively. Other total PAH concentrations: 14.55 mg kg-1  
for Benzo (a) anthracene; 10.87 mg kg-1 for Chrysene; 10.11 mg kg-1  
for Phenanthrene; 9.16 mg kg-1 for Benzo (k) fluoranthene; 7.99 mg 
kg-1 for Benzo (g,h,i) perylene; 7.2 mg kg-1 for Indeno (1, 2, 3 - cd) 
perylene; 1.96 mg kg-1 for Dibenz (a, h) anthracene; 1.07 mg kg-1  for 
Naphthalene; 1.04 mg kg-1  for Fluorene; 0.94 mg kg-1  for 
Acenaphthylene; 0.84 mg kg-1  for Acenaphthene.  
4.3.1.3 PAH concentrations in water 
 
Concentrations of individual PAH’s in all water samples taken from 
each location were below < 0.01 µg l-1.  
4.3.1.4 PAH concentrations in worm tissue 
 
Worm tissue concentrations from site locations are detailed in Table 
25. During sampling of these locations, H diversicolor was not found 
at locations 8 and 9 as described in Chapter 2 (2.1.1.4). 
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Table 25. PAH Concentrations of worm tissue µg ml-1 . Mean (n=3) values are +/-  
1 SE. 
PAH Site1 Site2 Site3 Site4 Site5 Site6 Site7 Site10 
Naphthalene <1 <1 <1 <1 <1 <1 <1 <1 
Acenaphthylene <1 <1 <1 <1 <1 <1 <1 <1 
Acenaphthene <1 <1 <1 3.54 <1 <1 <1 <1 
Fluorene 2.15+/-
0.88 
3.92+/- 
1.02 
2.11+/-
0.58 
8.46+/-
0.78 
5.98+/-
1.05 
6.27+/- 
0.89 
3.12+/- 
0.29 
3.85+/- 
0.51 
Phenanthrene <1 <1 <1 <1 <1 <1 <1 <1 
Anthracene 1.15+/- 
0.38 
1.91+/- 
0.67 
1.07+/- 
0.48 
4.07+/- 
1.95 
<1 2.81+/-
0.21 
1.56+/- 
0.43 
2.96+/- 
1.77 
Fluoranthene <1 <1 <1 <1 <1 <1 <1 <1 
Pyrene <1 <1 1.09+/- 
0.65 
1.01+/-
0.51 
<1 1.05+/-
0.79 
<1 <1 
Benzo 
(a)anthracene 
- - - - - <1 - - 
Chrysene - - - - - <1 - - 
Benzo (b) 
fluoranthene 
- - - - - - - - 
Benzo (k) 
fluoranthene 
- - - - - - - - 
Benzo (a) 
pyrene 
- - - - - - - - 
Indeno (1,2,3-
cd)pyrene 
- - <1 <1 <1 <1 <1 <1 
Dibenz (a,h) 
anthracene 
- - - - - - - - 
Benzo (ghi) 
perylene 
- - - - - - - - 
 
Concentrations below < 1µg ml-1 were found for Naphthalene, 
Acenaphthylene, Phenanthrene and Fluoranthene at all sample 
locations. The highest concentration of Acenaphthene was detected 
from site 4 whereas all other sites had values < 1 µg ml-1. 
Concentrations of Fluorene were found at all site locations with the 
highest values of 8.46 µg ml-1 detected in worm tissue from site 4. 
Anthracene was detected from worm tissue at all sample locations 
with the highest values of 4.07 µg ml-1 again in worms from site 4. 
Pyrene was present in all worm tissue with slightly higher values 
found at sites 3 (1.09 µg ml-1), 4 (1.01 µg ml-1) and 6 (1.05 µg ml-1). 
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Indeno (1, 2, 3 - cd) pyrene was found at low concentrations (< 1 µg 
ml-1) in worm tissue form all locations excluding sites 1 and 2.  
4.3.2 Isomer source identification 
4.3.2.1 PAH Origin and Source analysis 
 
Using the method developed by Yunker et al. (2002), the 16 
individual PAH’s analysed were divided into 3 groups dependent 
upon the ring number: 2 and 3 ring PAH’s (Acenaphthylene, 
Acenaphthene, Fluorene, Phenanthrene, Anthracene, Fluoranthene); 
4 ring PAH’s (Pyrene, Benz [a] anthracene, Chrysene, Benzo [b] 
Fluoranthene and Benzo [k] Fluoranthene); 5 and 6 ring PAH’s 
(Benzo [a] Pyrene, Indeno [1, 2, 3 – cd] pyrene, Benzo [g h i] 
perylene and Dibenz [a, h] perylene). Group 2 and 3 ring represent 
low molecular weight; 4 ring represent medium molecular weight; 5 
and 6 ring represent high molecular weight PAH’s. Total 
concentration for 2 - 3 ring PAH’s were 48.1µg kg-1; 4 ring were 
78.74 µg kg-1; 5 - 6 ring were 32.92 µg kg-1. 4 ring PAH’s accounted 
for the highest percentage (49%) of all samples taken from the Fleet 
Lagoon, with 30% and 20% for 2 - 3 ring and 5 - 6 ring PAH’s 
respectively. 
Furthermore, 4 ring PAH’s were the dominant species at sites 2, 4, 6, 
7, 9 and 10 accounting for 54%, 48%, 47%, 52%, 48% and 49% 
respectively. 2 - 3 ring PAH’s were dominant at sites: 1 (43%), 3 
(41%), 5 (44%), 8 (44%), with 5 - 6 ring PAH’s the lowest fraction at 
all sites: 1 (16%), 2 (23%), 3 (21%), 4 (19%), 5 (25%), 6 (18%), 7 
(23%), 8 (25%), 9 (17%) and 10 (23%).  
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4.3.2.2 Isomer ratio source Identification 
 
Isomer source identification for PAH’s identified in the lagoon 
sediments (Figure 19) indicate both petrogenic and pyrogenic origins. 
 
 
Figure 19. Fla / (Fla + Pyr) Vs Ant (Ant + Phe) graph. Results indicate the origins of 
PAH’s concentrations found within the sediment samples of the Fleet Lagoon. 
Values between 0.4 and 0.5 indicate petroleum combustion, > 0.5 indicate biomass 
and fossil fuel combustion. Values below 0.1 are associated with petroleum 
pollution whereas values above 0.1, a pyrolytic origin.  
Ratios of Fla (Fla + Pyr) Vs Ant (Ant + Phen) indicate that PAH 
sources found at sample locations 1, 3, 4, 5, 6, 7, 8, 9 and 10 
originate from pyrolytic combustion of fossil fuels and biomass. 
Ratios for site 2 indicate petroleum combustion as the originator for 
PAH’s found at this location. 
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Figure 20. HMW / LMW Vs Fla / Pyr graph. Graph depicting ratios between 
HMW/LMW and Fla / Pyr. Values < 1 indicate PAH’s originate from petrogenic 
sources whereas values > 1, pyrogenic sources.  
Ratios of HMW / LMW vs Fla / Pyr indicate that PAH’s for all sites 
excluding 2 and 6, originate from pyrogenic sources whereas PAH’s 
for site 2 and 6 originate from petrogenic sources. 
4.3.2.3 Relationships between sediment characteristics and PAH concentrations 
 
Pearson’s correlation was performed on sediment characteristics 
reported in Chapter 3, and PAH concentrations from sediment 
samples taken from each site. A significant positive relationship 
between naphthalene and clay (r = 0.721, p = 0.02), very fine silt,            
(r = 0.699, p = 0.02), and fine silt, (r = 0.742, p = 0.01). Furthermore, 
a negative correlation for naphthalene and very fine sand, (r = -
0.753, p = 0.01), fine sand, (r = -.0749, p = 0.01) was found. There 
were no further significant relationships for any other individual PAH 
or sediment characteristic.  
4.3.2.4 Relationships between loss on ignition and PAH sediment concentrations 
 
Loss on ignition results and concentrations for each individual PAH 
covering all sample locations were assessed for relationships using 
Pearson’s correlation. Results show a positive relationship with LOI 
for Acenaphthene (r = 0.676, p = 0.032), Phenanthrene (r = 0.697, p 
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= 0.025) and Anthracene (r = 0.666, p = 0.035). No further statistical 
correlations for remaining PAH’s were found.  
4.3.2.5 Relationships between worm tissue and sediment PAH concentration 
 
A statistically significant relationship using Spearman’s rank 
coefficient between PAH worm tissue and sediment concentration 
was found for Acenaphthene (rs = 0.763, p = 0.031) and Anthracene 
(rs = 0.894, p = < 0.01). There were no further statistically significant 
relationships found between any remaining PAH concentrations in 
worm tissue and associated sediment. 
4.4 Discussion 
 
4.4.1 Comparisons of historic and current PAH concentrations 
 
Analysis of sediment from the Fleet lagoon conducted by Nunney 
and Smith (1995) determined concentrations of naphthalene, 
phenanthrene, fluoranthene and benzo [a] anthracene detailed in 
Table 26.  Benzo - fluoranthene’s were reported as a total 
concentration however, identification of the individual benzo-
fluoranthene’s were not reported. Additionally, sample locations used 
by Nunney and Smith (1995) to study PAH’s (detailed in Chapter 3 
3.2.2), were from locations towards the Western shoreline of the 
Fleet and are not therefore comparable to results determined in this 
study.  
Table 26. PAH analysis of Fleet lagoon sediment conducted by Nunney and Smith 
(1995) (µg kg-1 dry weight) 
 Fleet 1C 
Sediment 
Fleet 4C 
Sediment 
Naphthalene 50 66 
Phenanthrene 225 220 
Fluoranthene 710 670 
Benzo anthracene 450 320 
Benzo fluoranthene’s 1100 720 
Total PAH 3200 2300 
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Their results for naphthalene range between 50 - 66 µg kg-1, 
phenanthrene 220 - 225 µg kg-1, fluoranthene 670 - 710 µg kg-1, and 
benzo anthracene 320 - 45 µg kg-1 for the two sample locations. 
Results from the present study range between < 50 - 370µg kg-1 for 
naphthalene, < 50 - 6400 µg kg-1 for phenanthrene, < 50 - 16000 µg 
kg-1 for fluoranthene and < 50 - 7100 µg kg-1 for benzo(a) anthracene 
and therefore show a significant increase for these PAH’s. However, 
it is acknowledged that the comparisons of study locations are not 
exact due to lack of coordinates reported in the Nunney and Smith 
(1995) study.  
Although sample locations for the historic study conducted by 
Nunney and Smith (1995) and those chosen for this study cannot be 
directly compared, of the PAH’s analysed in both studies 
(naphthalene, phenanthrene, fluoranthene and benzo [a] 
anthracene), results from the present study were appreciably higher. 
This may indicate accumulation of PAH’s in the Lagoon from 1995 to 
present day. However, there is a lack of evident literature regarding 
PAH levels in marine sediment from the South West coastline. 
Therefore, it is not possible to use site comparison to establish 
whether PAH concentrations in this region have also increased. It is 
suggested to fully understand the spatial distribution of PAH’s in 
lagoon sediments core sediment samples from site locations 
extending throughout the Lagoon should be taken. This may enable 
PAH identification and associated concentrations at specific time 
periods and provide clarification in terms of PAH accumulation and 
source identification.  
4.4.2 PAH concentrations from present study 
 
PAH concentrations in sediment varied throughout all sample 
locations for each of the 16 individual PAH’s analysed. Notably, all 
sites excluding 5 and 8 had concentrations of specific PAH’s which 
exceed the TEL’s and PEL’s of the Canadian sediment quality 
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guidelines. Importantly, results gained from this study show 
concentrations in sediment at specific locations exceed those of 
Poole Harbour (EA, 2016b), Milford Haven (Little et al., 2015), 
Mersey estuary (Vane et al., 2007), Brighton marina (King et al., 
2004) and the Severn Estuary (Langston et al., 2010). As such, biota 
are exposed to high and potentially biologically harmful levels of 
PAH’s which may result in severe consequences for the ecosystem 
and warrants urgent investigation. 
Fluoranthene and pyrene were the most abundant compounds with ∑ 
total values of 31.05 and 28.65 mg kg-1 respectively, which far 
exceed the reported PEL of the Canadian sediment quality guidelines 
(CCME. 2001). For both fluoranthene and pyrene, concentrations at 
the levels found in this present study are subject of concern. Toxic 
responses at far lower concentrations have been observed: LC50 
concentrations of 84.3 μg mg-1 (dry weight) were reported following 
pyrene exposure for marine amphipod Rhepoxinius abronius 
(Clement et al., 2005) and LC50 concentrations of 23.8 µg l-1 for 
Rhepoxinius abronius were reported following fluoranthene exposure 
(Swartz et al., 1990). Results gained in this study warrant further 
research due to these high concentrations and associated 
implications for biota within this ecosystem. Furthermore, due to the 
high concentrations of pyrene reported in this chapter, its ubiquitous 
presence in all environmental matrices (Beach et al., 2009) and its 
recognised metabolic pathway (Giessing et al., 2003), pyrene was 
selected as the PAH to use for exposure experiments reported in 
Chapters 5, 6 and 7 of the present study.  
Interestingly, all water samples from each location had values < 0.01 
mg kg-1 which may be attributed to the bonding of PAH’s to organic 
particles within the water column and subsequent settlement 
(Frapiccini and Marini, 2015; Stogiannidis and Laane, 2014). 
Distribution of PAH’s in sediment may be influenced by partitioning 
behaviour, where smaller particulates including organic matter, clay 
and silt fractions have been evidenced to increased adsorption 
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(2000; Hassan et al., 2018; Ruiz-Fernández et al., 2012; Soliman et 
al., 2019; Wang et al., 2015; Wang et al., 2001). Statistically 
significant relationships found in the present study are in agreement, 
with this, as correlations were identified between naphthalene, clay, 
very fine silt and fine silt sediment fractions. The highest values for 
naphthalene (0.37 mg kg-1) were found at site 1. High percentage 
values of clay, silt and very fine silt were fractions were found in 
sediment from site 1 (Chapter 3) and may therefore be an influencing 
factor. Furthermore, a statistically significant relationship exists 
between LOI and acenaphthene, phenanthrene and anthracene. The 
highest values for all 3 PAH’s (0.39 mg kg-1) (6.4 mg kg-1) (1.7 mg kg-
1) were found at site 4. LOI values at site 4 (9.89%) were the second 
highest values from all sample locations and may therefore 
contribute to the accumulation of these PAH’s in this location. 
However, there was no statistically significant relationship between 
the total concentrations of PAH’s at each site and respective LOI 
value.  
Based upon ring numbers of analysed PAH’s in sediment samples, 
the 16 individual PAH’s were grouped: 2 - 3 ring PAH’s 
(Naphthalene, Acenaphthylene, Acenaphthene, Fluorene, 
Phenanthrene, Anthracene and Fluorene); 4 ring PAH’s (Pyrene, 
Benz [a] anthracene, Chrysene, Benzo [b] fluoranthene, Benzo [k] 
fluoranthene); 5 - 6 ring PAH’s (Benzo [a] pyrene, Indeno [1, 2,3 –cd] 
pyrene, Dibenz [a, h] anthracene, Benzo [g, h, i] perylene which 
represents low, medium and high molecular weight PAH’s 
respectively (Jia et al., 2016). Of the sampled sites of the Fleet 
Lagoon, 4 ringed PAH’s (49%) were the dominant species at sites 2, 
4, 6, 7, 9 and 10 with values of 54%, 48%, 47%, 52%, 48% and 49% 
respectively. Medium molecular weight PAH’s predominately 
originate from the atmospheric deposition of automobile exhaust 
products and urban runoff (Xue et al., 2016). However, 
environmental processes including microbial degradation and 
photooxidation increases concentrations of 4 - 6 ringed PAH’s 
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(Stogiannidis and Laane, 2014). High concentrations of 4 - 6 ringed 
PAH’s within the lagoonal sediment may suggest urban run - off and 
automobile combustion although these compounds may have 
originated from other sources. Low molecular weight 2 - 3 ring PAH’s 
were dominant at sites: 1 (43%), 3 (41%), 5 (44%) and 8 (44%), 
which may originate from the lower temperature combustion of fossil 
fuels including wood, coal and biomass (Yunker et al., 2002).   
PAH’s with anthropogenic origin may be divided into petrogenic and 
pyrogenic sources (Zhang et al., 2017) where the ratios of similar 
weight individual PAH’s may be used as indexes to determine the 
origin (Yunker et al., 2002). Ratios are formulated using the most 
thermodynamically stable isomer to the most unstable isomer (Stout 
2007) as PAH distribution patterns are temperature dependant 
(Zimmermann et al., 2012). The use of the fluoranthene (Fla) to 
pyrene (Pyr) ratio (Fla / Pyr) correlates to formation temperature 
under fossil fuel combustion (Stogiannidis and Laane, 2014). 
Thermodynamically, fluoranthene is less stable than pyrene therefore 
ratios of Fla / Pyr < 1 identify petrogenic products whereas values of 
Fla / Pyr > 1 are associated with biomass, wood and coal 
combustion.  Ant / (Ant + Phe) < 0.1 corresponds to petroleum 
pollution whereas, a ratio > 0.1 represents a pyrolytic source (Yunker 
et al., 2002).  
For ratio’s which utilize molecular weights, a value of HMW / LMW < 
1 indicates a petrogenic origin, whereas HMW / LMW > 1 represents 
a pyrolytic origin (Budzinski et al., 2000). Diagnostic ratios of PAH’s 
to distinguish pyrolytic or petrogenic origin (Xue et al., 2016), show 
how those identified at site 2 originated from petrogenic combustion. 
All other sample locations were identified as originating from 
pyrogenic sources and indicate chronic anthropogenic pollution as 
the primary contributor. Within pyrogenic PAH arrangements, HMW 
PAH’s are more abundant than LMW, related to increasing 
temperatures. Moreover, fluoranthene, pyrene and phenanthrene are 
the most abundant PAH’s found in pyrogenic compounds which 
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associate with particulate soot rich particles (Yunker et al., 2002). 
HMW / LMW ratios further identify all sample locations with exception 
of site 2 to have PAH’s of pyrogenic origin, whereas site 2 results 
show a petrogenic source.   
Concentrations of pyrene, fluoranthene and phenanthrene were 
identified in worm tissue. As these PAH’s are associated with 
pyrolytic emissions and predominately sorbed to soot particles 
(Yunker et al., 2002) this may suggest bioavailability of these 
fractions to H diversicolor. As such, this disagrees with the 
hypothesis of reduced bioavailability of PAH absorbed particles 
(Yunker et al., 2015; Yunker et al., 2002). Bioaccumulation of PAH’s 
from sediment via ingestion by benthic invertebrates have been 
evidenced (Alessio et al., 2018; Liu et al., 2016; Rust et al., 2004). 
Although the fractions in the sediment and states of PAH’s were not 
identified the present study, it is speculated that ingestion of pyrolytic 
PAH’s is a bioaccumulation pathway for PAH’s in H diversicolor.  
The highest levels of pyrene in sediment found in this study were at 
site 4 (16 mg kg-1) which are far in excess of the PEL indicating that 
biota found in this location may be exposed to biologically harmful 
levels. Low concentrations of pyrene in worm tissue from this site 
relative to high concentrations in sediment may indicate avoidance  
by this species. Even though rapid bioaccumulation and metabolism 
of pyrene have been reported by H diversicolor (Catalano et al., 
2012; Christensen et al., 2002a; Giessing et al., 2003; Malmquist et 
al., 2013), exposure to the concentrations of pyrene found at this site 
would likely result in mortality based upon the PEL of the Canadian 
sediment quality guidelines.     
PAH contamination avoidance has been observed by marine 
species: European seabass (Dicentrarchus labrax) to multi PAH 
contamination (Claireaux et al., 2018); Australian sea star (Patiriella 
exigue) to crude oil contaminated sediment (Ryder et al., 2004); red 
king crab (Paralithodes camtschaticus) to marine diesel oil in water 
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and contaminated food (Sagerup et al., 2016). Moreover, Schaum et 
al., (2013) report chemosensory detection in H diversicolor indicating 
that this species has the ability to sense and therefore actively avoid 
contamination. It is therefore plausible to suggest that the low 
concentrations of pyrene found in worm tissue from the Fleet lagoon 
were a result of the avoidance of highly contaminated areas.  
The levels of some PAH’s at these locations were found to be in 
excess of the PEL / TEL of the Canadian sediment quality guidelines 
and therefore presumed to elicit toxicity to resident populations of H 
diversicolor. However, the presence of H diversicolor at this 
apparently highly contaminated site may indicate genetic adaptation 
by this population of worms. Adaptations to contamination by this 
species have previously been observed, where adaptations to Cu 
stress proteins by individuals residing in Restronguet Creek, UK 
exposed to high levels of Cu have been identified (Berthet et al., 
2003; McQuillan et al., 2014; Mouneyrac et al., 2003). It is suggested 
therefore, that further investigations are necessary focusing on 
sediment and worm tissue analysis of this shoreline habitat.  
Conversely, < 3 ringed PAH’s concentrations were the dominant 
species in all worm tissue and detected from each sample location. 
Significant relationships were identified between sediment 
concentrations for Acenaphthene (rs = 0.763, p = 0.031) and 
Anthracene (rs = 0.894, p = < 0.01). The apparent dominance of 
these PAH’s in H diversicolor tissue may also indicate 
bioaccumulation and reduced metabolism and excretion by this 
species. Few studies in literature regarding bioaccumulation and 
metabolism of low ringed PAH’s by benthic invertebrates are 
apparent. Interestingly, Landrum (1982), demonstrated that 
biotransformation of anthracene was not detected in the freshwater 
invertebrate Pontoporeia hoyi following exposure. Also, Badreddine 
et al. (2017) report continuous assimilation of anthracene and 
apparent lack of excretion by the mussel Mytilus galloprovincialis 
following 8 d exposure experiments. However, there is no evident 
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literature regarding the assimilation, biotransformation and excretion 
of these low molecular weight PAH’s by marine polychaetes. One 
possible explanation for the presence of 3 ringed PAH’s found within 
worm tissue is the potentially reduced affinity of the aryl - 
hydrocarbon receptor to low molecular weight compounds (Shailaja 
and D’Silva, 2003). Reduced potential for low molecular weight 
PAH’s (< 3 rings) to activate the aryl hydrocarbon receptor have 
been suggested as detailed in the review conducted by Barron et al., 
(2004). As aryl hydrocarbon receptors are ligand activated 
transcription factors of cytochrome p450 gene regulation (Hahn, 
1998), reduced affinity for low molecular weight PAH’s may effect 
metabolization via reduced phase 1 oxidation rates. Importantly, this 
apparent reduced metabolism and excretion of low molecular weight 
PAH’s may result in bio magnification via trophic transfer. As such, 
further research with regards to the bioaccumulation, metabolism, 
excretion and activation of aryl hydrocarbon receptors of low weight 
PAH’s by this species may provide clarity regarding results found in 
this study.  
4.5 Conclusion  
 
PAH analysis of sediment samples from the Fleet lagoon show 
variance of both concentrations and spatial distribution. Results 
obtained for sites 2, 4, 6, 7 and 10 show concentrations for individual 
PAH’s in excess of the TEL and PEL in accordance with the 
Canadian sediment quality guidelines. As such, this may have severe 
negative consequences for biota which reside in this environment 
and warrants urgent investigation.  
Accumulation of PAH’s in the sediment at specific sample sites may 
be influenced by the presence of fine particulate silt, clay and LOI 
fractions. PAH origin and isomer analysis identify the combustion of 
biomass and fossil fuel as the origin for PAH’s found at most sites 
except 2 and 6, for which petroleum combustion as the indicated 
source. Bioaccumulation of the absorbed particles of medium weight 
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pyrolytic PAH’s indicate that sediment ingestion is an important 
bioaccumulation pathway for H diversicolor.  
Correlations between worm tissue and sediment concentrations were 
only identified for Anthracene and Acenaphthene. The dominance of 
low ringed PAH’s in worm tissue may indicate recent acute inputs of 
these compounds into the lagoon or possibly, low affinity for aryl 
hydrocarbon receptors and subsequent reduced metabolism and 
excretion of these PAH’s by H diversicolor. These findings may 
indicate altered metabolism and excretion of these PAH’s by H 
diversicolor. There is no literature evident reporting subsequent 
toxicities and potential for trophic transfer, which may influence both 
the health status of H diversicolor and ecosystem functioning where 
these contaminants are present. 
{Landrum, 1982, Uptake`, depuration and biotransformation of 
anthracene by the scud Pontoporeia hoyi} 
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5. Behavioural and neurotoxicity assessment of H 
diversicolor following exposure to environmentally 
relevant concentrations of Cu, Pb and pyrene.  
5.1 Introduction 
 
Environmental investigations of toxicological contamination 
commonly use biological endpoints and biomarkers to identify toxicity 
(Viarengo et al., 2007). However, recognition of behavioural 
ecotoxicology is expanding, providing a non - invasive method 
identifying toxicity driven physiological change at the whole organism 
level (Canty et al., 2009). Importantly, cumulative adaptation of an 
organism to biological and environmental factors links physiology and 
ecology of an organism to its environment (Faimali et al., 2017). As 
such, monitoring of behaviour may provide information regarding an 
individual’s fitness within an ecosystem (Dell'Omo, 2003), where 
altered responses may give rise to negative consequences at the 
population level (Bridges, 1997). Negative effects on populations 
following contaminant exposure have been observed. Significantly 
increased predation rates of mercury exposed mummichog 
(Fundulus heteroclitus) by the blue crab (Callinectes sapidus) were 
reported by Smith et al. (1997), a result of decreased escape 
response. Conversely, decreased predation rates of Cu exposed 
whelk Urosalpinx cinereal by the crab Cancer productus were 
observed by Kwan et al. (2015), a result of reduced whelk foraging 
activity. These reported behavioural changes following pollution 
exposure alters conspecific interactions of trophic levels the effects of 
which, may include a reduction of population density and biomass 
(Kwan et al., 2015).  
Commonly, assessment of whole organism toxicity generally relates 
to mortality. In contrast, behavioural assessment provides a 
predictive method to determine whole organism physiological and 
neurological effects (Gauthier et al., 2016). For example, 
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chemosensory detection used by many species to locate food may 
permit contamination detection within their environment (Dell'Omo, 
2003). Many organisms use chemosensory detection to avoid 
predation as alarm cues will elicit a behavioural retreat response 
(Schaum et al., 2013).  
However, this chemical detection may also extend to contaminants 
and contaminated food sources, further provoking a behavioural 
avoidance response (Amiard-Triquet and Amiard, 2012). Avoidance 
responses to contamination have been evidenced: H diversicolor to 
mixed contaminated sediment (Durou et al., 2007) and Cu (Buffet et 
al., 2011); earthworm species exposed to Cu and Zn contaminated 
sediments (Lukkari and Haimi, 2005); common prawn, Palaemon 
serratus exposed to fenitrothion; freshwater shrimp, Atyaephyra 
desmarestii to Cu (Araújo et al., 2018). 
Reduced feeding rates by H diversicolor following contaminant 
exposure (Berthet et al., 2003; Buffet et al., 2011; Christensen et al., 
2002b; Cong et al., 2014; Mouneyrac et al., 2010), have also been 
recorded and may indicate attempts of contamination avoidance 
thereby reducing exposure (Amiard-Triquet and Amiard, 2012).  
Behavioural changes may also result from internal biochemical 
detoxification responses that in turn, require energy resources to shift 
from growth and reproduction to survival (Dell'Omo, 2003). Feeding 
and burrowing rate decline may therefore be an individual’s attempt 
to conserve energy needed to metabolise or excrete noxious 
substances.  
Moreover, behavioural changes may be invoked by neurotoxicity 
following the exposure and bioaccumulation of contamination (Basu, 
2015). Both metals and PAH’s have been observed to alter 
locomotive activities of marine species suggesting the impairment of 
physiological mechanisms (Amiard-Triquet and Amiard, 2012). 
Inhibition or hyperstimulation of the neurotransmitter 
acetylcholinesterase (AChE) (Amiard-Triquet, 2009) has been 
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evidenced following Pb exposure in the neotropical fish Hoplias 
malabaricus (Rabitto et al., 2005), freshwater oligochaete 
Limnodrilus hoffmeisteri (Martinez-Tabche et al., 2001) and juvenile 
rockfish Sebastes schlegelii (Kim and Kang, 2017a). Additionally, 
AChE inhibition has been recorded in H diversicolor following 
exposure to PAH’s (Bouraoui et al., 2009; Christensen et al., 2002b; 
Kalman J et al., 2009) and Cu (Bonnard et al., 2009; Buffet et al., 
2011; Burlinson and Lawrence, 2007; Mouneyrac et al., 2010). 
Behavioural assessments following exposure to contaminants may 
therefore be suitable to assess sub - lethal effects, providing a 
sensitive biomarker of biological disturbance (Mouneyrac et al., 
2010). Predominately research regarding behavioural alterations and 
neurotoxicity of contamination within the marine environment is 
mainly focused upon individual contaminants. Yet, contamination 
within the marine environment may be found with complex mixtures.  
To determine potential co-toxic effects of Cu, Pb and pyrene the aim 
of this study is to determine behavioural alterations by H diversicolor 
following exposure to these contaminants, individually and in 
combination. The objectives are: 
1) To assess burrowing behavioural alterations in H diversicolor 
exposed to environmentally relevant levels of Cu, Pb and 
pyrene individually and within mixtures. 
2) Determine the levels of neurotoxicity in H diversicolor  
following exposure to both individual and mixtures of these 
contaminants. 
3) Investigate the whole worm tissue bioaccumulation of these 
contaminants following exposure to both individual and 
mixtures of these contaminants.  
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5.2 Materials and methods 
 
5.2.1Chemicals 
 
Lead chloride, copper chloride, pyrene (99%), sodium chloride, 
potassium phosphate and 5.5 – dithiobis – 2 - nitrobenzoic acid were 
purchased from Sigma Aldrich, UK. 
Reduced glutathione was purchased from Thermo Fisher scientific, 
UK. All chemicals were of analytical reagent grade. 
 
5.2.2 H diversicolor  
 
700 individual H diversicolor were purchased from Sustainable Feeds 
Ltd, UK and acclimatised as detailed in Chapter 2 (2.5.2).  
5.2.3 Sediment spiking and tank set up 
 
Sediment spiking and tank set up used for this series of experiments 
was conducted as previously detailed in chapter 2 (2.6.1, 2.5.1 
respectively). Initial analysis of sediment concentrations for all test 
tanks are shown in Table 27. 
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Table 27. Initial analysis of sediment following addition of manufactured sea water 
prior to the addition of worms. Sediment was taken 4 h after the addition of sea 
water. Reduction of pyrene from initial spiked concentration may result from 
adherence to tank walls and aeration pipe prior to sampling. Results are mean 
values +/- 1SE. 
Test condition Result Metal 
(mg kg-1) 
Result Pyrene 
(µg kg-1) 
Cu 31 µg kg-1 29.69 + 0.03  
Cu 15 µg kg-1 12.9 + 2.42  
Pb 9.2 µg kg-1 5.97 + 0.04  
Pb 4.5 µg kg-1 3.58 + 0.29  
Cu 31 mg kg-1 + Pyrene 970 µg kg-1 31.3 + 0.07 633.28 + 45.89 
Cu 15.8 mg kg-1  + Pyrene 480 µg kg-1 12.03 + 0.51 298.75 + 28.38 
Pb 9.2 mg kg-1  + Pyrene 970 µg kg-1 16.79 + 0.54 616.74 + 43.19 
Pb 4.5 mg kg-1 + Pyrene 480 µg kg-1 8.70 + 0.22 317.37 + 11.06 
Pyrene 970 µg kg-1  463.5 + 87.5 
Pyrene 480 µg kg-1  238.8 + 33.8 
Control Cu 1.27 + 0.39  
Control Pb 0.59 + 0.07  
Control Pyrene   0.0 + 0.0 
 
 
5.2.4 Burrowing Behaviour Assessment 
 
1 worm per sediment spiked tank was removed and placed into a 1 l 
beaker which contained ~ 6 cm of clean sediment and artificial 
seawater (15 ppt salinity) (Moreira et al., 2006). The time for the 
individual worm to burrow in to the sediment was recorded (0, 1, ¾, 
½, ¼, signifying depth) (Buffet et al., 2011). To account for bias, this 
experiment was repeated 10 times per test tank. Care was taken to 
ensure that different worms were selected for each behaviour 
recording.  
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5.2.5 Acetylcholinesterase Activity  
 
Acetylcholinesterase activity was determined in accordance with the 
method described by Ellman et al., (1961). Worms were pooled (n = 
3) (Bouraoui et al., 2009) and homogenised in 2 ml of NaCl, and 50 
µl of 0.1 M phosphate buffer. Homogenate was centrifuged at 9000 g 
for 30 min. 400 µl of the supernatant was added to 1 ml of  
phosphate buffer (0.1 M pH 8) and to 100 µl of Ellman’s reagent 
(0.01 M 5.5-dithiobis – 2 - nitrobenzoic acid).  Absorbance was read 
at 412 nm and set to zero. 20 µl of 0.8 mM glutathione substrate was 
added to the cuvette and the absorbance read every 30 s for 3 min at 
412 nm using a Varian Cary 50 probe UV - Vis spectrophotometer. 
Acetylcholinesterase activity is expressed in µmol min-1 mg-1 of 
proteins (Ellman et al., 1961). To determine protein concentration, a 
glutathione standard concentration curve (Appendix 1) was produced 
from a stock solution containing 25 mg of glutathione in 100 ml of 
distilled water. Aliquots of 0.1, 0.2, 0.3, 0.4 and 0.5 ml of stock 
solution were added to test tubes containing 4 ml of 5, 5 – dithiobis - 
2 nitrobenzoic acid. All aliquots were diluted to a final volume of 5.5 
ml using distilled water and mixed thoroughly using inversion. 
Aliquots were transferred to plastic cuvettes and read using a 
spectrophotometer at 412 nm. One cuvette which did not contain 
glutathione was used as a blank and subtracted from all readings.  
5.2.6 Total Metal sediment and Worm Tissue Determination 
 
Total concentrations of metals within the sediment samples and 
worm tissue were determined in accordance with method described 
in Chapter 2 (2.3.2 and 2.3.3 respectively).  
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5.2.7 Pyrene Sediment and Worm Tissue Determination 
 
Worms were prepared for analysis as detailed in Chapter 2 (2.3.9). 
Pyrene sediment and worm tissue concentrations were determined 
following the method detailed in Chapter 2 (2.4.0, 2.4.2). 
 5.3 Statistical analysis 
 
Data was analysed as described in Chapter 2 (2.8). A one - way 
ANOVA was performed on burrowing rates of the control and 
acetone exposure group. All other burrowing time results did not 
meet the assumptions of parametric tests and therefore, Welch 2 
way t - tests were performed. Welch’s robust ANOVA were 
performed on all AChE results for all exposed groups. Spearman’s 
correlation coefficient analysis was performed on worm tissue, 
burrowing time and acetylcholinesterase concentrations to identify 
relationships. 
5.4 Results 
5.4.1 Acetone Control Burrowing Behaviour 
 
Throughout the 7- day burrowing behaviour test, worms (n = 10) 
taken from the acetone control tank were assessed for burrowing 
rates against those of the control tank as shown in Figure 21. 
 
Figure 21.  Acetone and control tanks Burrowing behaviour results (n = 10). 
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One - way ANOVA revealed that the control and acetone groups 
worm burrowing rates were not significantly different (F (1, 20) = 0.917, 
p = 0.515). Therefore, only the control worm burrowing results have 
been included in the results. 
 
5.4.2 Spiked sediment Cu 31.8 mg kg-1 
 
All worms from the test series which contained Cu spiked sediment 
at 31.8 mg kg-1 died within the first 48 h of the start of the 
experiment. 
5.4.3 Spiked sediment Cu 31.8 mg kg-1 + Pyrene 970 µg kg-1. 
 
All worms from the test series which contained Cu spiked sediment 
at 31.8 mg kg-1 and Pyrene 970 µg kg-1 died within 48 h of the start of 
the experiment. 
5.4.4 Spiked sediment Cu 15.8 mg kg-1 
 
Mortality rates for this test series were 30% during the first 48 h. 
There were no further mortalities for the remainder of the experiment. 
Burrowing behaviour assessment for this series of experiments, Cu 
sediment and whole worm tissue concentrations are illustrated in 
Figure 22. 
 
 129 
 
 
Figure 22.Cu 15 mg kg-1 spiked sediment test series results showing burrowing 
behaviour time (s) and concentrations of Cu in whole worm tissue ( n = 10 
individual worms) and sediment. 
A Welch 2 sample t – test performed for Cu exposed and control 
groups revealed significant differences in burrowing rates for each 
sample day: Day 1 (t(9) = 79.3, p = < 0.01); Day 2 (t(9) = 211.1, p = < 
0.01); Day 3 (t(9) = 286.5, p = < 0.01); Day 4 (t(9) = 212.3, p = < 0.01); 
Day 5 (t(9) = 191, p = < 0.01); Day 6 (t(9) = 211.1, p = < 0.01); Day 7 
(t(9) = 379, p = < 0.01) indicating that Cu has a rapid and prolonged 
effect on burrowing rates. Worm burrowing behaviour increased from 
660 s at day 1 to no burrowing recorded during the 1200 s duration of 
the experiment from day 2 to day 7. Worm tissue Cu concentration 
showed rapid uptake at day 1 of 98.35 mg kg-1 increasing to 136.41 
mg kg-1 at day 5, followed by a decrease to 68.25 mg kg-1 at day 7. ∑ 
Mean whole worm tissue concentrations for this test series were 
87.22  +  9.23 mg kg-1. 
Cu sediment concentrations ranged between 9.17 - 20.30 mg kg-1 
during the test period.  
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5.4.5 Spiked sediment Cu 15.8 mg kg-1 and Pyrene 480 µg kg-1 
 
Mortality rates were 10% during the first 72 h of this experiment. 
There were no further mortalities for the remainder of the experiment. 
Burrowing behaviour assessment, sediment and tissue 
concentrations and associated control group results are illustrated in 
Figure 23. 
 
 
Figure 23. Burrowing time (s) for (n = 10 individual worms) Cu 15.8 mg kg-1 
+Pyrene 480 µg kg-1 test condition over a period of 20 min. Sediment 
concentrations of pyrene and whole worm pyrene concentrations and associated 
control results are including to illustrate comparisons. 
A Welch 2 sample t – test conducted on burrowing speed from the 
Cu + pyrene exposed and control group revealed significant 
differences in burrowing rates for each day: Day 1 (t(17) = 3.53, p = < 
0.01); Day 2 (t(16) = 3.79, p = < 0.01); Day 3 (t(15) = 6.97, p = < 0.01); 
Day 4 (t(18) = 4.83, p = < 0.01); Day 5 (t(11) = 21.59, p = < 0.01); Day 6 
(t(10) = 4.31, p = < 0.01) and Day 7 (t(9) = 3.28, p = < 0.01)  
demonstrating that mixed Cu + pyrene exposure has a rapid and 
prolonged effect on burrowing rates. Worm burrowing behaviour for 
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Cu15 mg kg-1 and Pyrene 480 µg kg-1 showed burrowing times 
between 75 - 108 s during days 1 - 4. Burrowing time increased 
rapidly for day 5 (428 s) followed by a decrease during days 6 (156 s) 
and day 7 (162 s). 
Worm tissue Cu concentration at day 1 (22.53 mg kg-1) was followed 
by a rapid accumulation at day 2 (76.59 mg kg-1). Concentrations 
remained steady between day 3 (80.94 mg kg-1), day 4 (75.67 mg kg-
1), day 5 (72.82 mg kg-1) and day 6 (75.36 mg kg-1), followed by rapid 
decrease at day 7 (14.16 mg kg-1). ∑ Mean whole worm tissue 
concentrations for this test series were 59.73 + 6.02 mg kg-1.  
Sediment Cu concentrations (12.86 mg kg-1 - 16.10 mg kg-1) 
remained constant thought this test series. Sediment pyrene 
concentrations showed a reduction from 1.96 µg kg-1 at day 1 to 0.67 
µg kg-1 at day 3. Results for days 4 - 7 were below the limits of 
detection < 500 ng kg-1.  
 
5.4.6 Cu 7 mg kg-1 and Cu 4 mg kg-1 spiked sediment condition 
 
Due to the mortalities of worm exposed to previous Cu test 
conditions, experiments were repeated using Cu at levels 7 and 4 mg 
kg-1. However, all worms for both test conditions died within 48 h of 
the start of the experiments.  
5.4.7 Pb 9.2mg kg-1 spiked sediment condition  
 
There were no mortalities during this experiment. Burrowing 
behaviour, whole worm tissue concentrations and sediment 
concentrations for Pb9.2 mg kg-1 are illustrated in Figure 24. 
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Figure 24. Burrowing time (s) for (n = 10 individual worms) Pb9.2 mg kg-1 test 
condition over a period of 20 min. Sediment concentrations of Pb whole worm 
concentrations and associated control results are included to illustrate 
comparisons. 
Significant differences were found between burrowing times of Pb 
exposed and control groups using Welch 2 sample t – tests for all 
sample days: Day 1 (t(18) = 2.78, p =  0.01); Day 2 (t(17) = 3.99, p =  
0.036); (Day 3 (t(17) = 3.79, p = < 0.01); Day 4 (t(16) = 13, p = < 0.01); 
Day 5 (t(16) = 11, p = < 0.01); Day 6 (t(13) = 9.1, p = < 0.01) and Day 7 
(t(11) = 11.6, p = < 0.01). These results demonstrate the immediate 
and continued effect that Pb exposure exerts on H diversicolor 
burrowing rates at this concentration. Burrowing behaviour ranged 
between 69-78 s (day 1 - 3) followed by an increase at day 4 (180 s). 
There was a further increase at day 5 (348 s) followed by a decrease 
for day 5 (177 s) and day 6 (162 s). 
Whole worm tissue concentrations showed rapid accumulation at day 
1 (21.86 mg kg-1) and day 2 (27.52) followed by excretion to 6.76 mg 
kg-1 and 6.56 mg kg-1 at days 3 and 4 respectively. A sharp 
accumulation occurred at day 5 (50.81 mg kg-1) followed by a further 
period of excretion to 36.49 mg kg-1 at day 6 and 14.85 mg kg-1 at 
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day 7. ∑ mean whole worm tissue concentrations were 23.55 + 5.48 
mg kg-1. 
Sediment concentrations ranged between 6.17 - 10.73 mg kg-1 
throughout this test series. 
 
5.4.8 Pb 9.2 mg kg-1 and Pyrene 970 µg kg-1 spiked sediment condition 
 
There were no mortalities during this experiment. Burrowing time, 
whole worm tissue and sediment concentrations for this test 
condition are illustrated in Figure 25. 
 
Figure 25.  Burrowing time (s) for (n = 10 individual worms) Pb9.2mg kg-1 +Pyrene 
970 µg kg-1 test condition over a period of 20 min. Sediment concentrations of 
pyrene and whole worm pyrene concentrations and associated control results are 
included to illustrate comparisons. 
Significant differences were found between burrowing times of Pb + 
pyrene exposed and control group using Welch 2 sample t – tests for 
sample days: Day 1 (t(16) = 11.4, p =  <0.01); Day 2 (t(17) = 2.99, p =  
0.051) and (Day 3 (t(17) = 3.78, p = < 0.01). Interestingly, significant 
differences were not identified on Day 4 (t(17) = 1.76, p = 0.09), Day 5 
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(t(17) = 1.18, p =  0.06), Day 6 (t(17) = 0.85, p = 0.41) or Day 7 (t(9) = -1, 
p = 0.34). Results indicate that although there was a rapid effect on 
burrowing rates from days 1 – 3, they did not differ significantly from 
the control group on days 4 – 7.  Burrowing time ranged from 141 s 
at day 1 to a rapid decrease of 48 s at day 2. Burrowing rates 
between day 3 and day 7(78 s, 72 s, 69 s, 66 s, 60 s respectively) 
showed a general reduction. 
Whole worm tissue concentrations for Pb showed a rapid uptake at 
day 1 (80.07 mg kg-1) followed by a decrease between day 2 (33.63 
mg kg-1) and day 3 (45.20 mg kg-1). Tissue concentrations increased 
at day 4 (77.31 mg kg-1) followed by a further decrease at day 5 
(29.42 mg kg-1), day 6 (29.13 mg kg-1) and 11.46 mg kg-1 at day 7. ∑ 
Mean worm Pb tissue concentration (43.75 + 9.48 mg kg-1) was far 
higher than that of worms exposed to Pb9.2mg kg-1 (23.55 mg kg-1). 
Sediment concentrations for Pb ranged between 10.64 mg kg-1 and 
15.18 mg kg-1 during the test period.  
Worm tissue pyrene concentrations were 0.98 µg kg-1 on day 1 
increasing to 2.49 µg kg-1 on day 3. Pyrene levels then decreased to 
0.38 µg kg-1 on day 7.  
Sediment concentrations for pyrene ranged between 2.4 - 3.15 µg kg-
1 for days 1 - 3. Concentrations were then below the limits of 
detection < 500 ng kg-1. 
5.4.9 Pb 4.5 mg kg-1 spiked sediment condition  
 
There were no mortalities during this test period. Burrowing 
behaviour, sediment and whole worm tissue concentrations are 
detailed in Figure 26. 
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Figure 26. Burrowing time (s) for (n = 10 individual worms) Pb4.5 mg kg-1 test 
condition over a period of 20 min. Sediment concentrations of pyrene and whole 
worm pyrene concentrations and associated control results are included illustrating 
comparisons. 
Burrowing rates for this condition ranged between 54 and 114 s 
during the 7 - day test period. Significant differences were 
determined between the burrowing times of Pb exposed and the 
control group using a Welch 2 sample t – test: Day 1 (t(11) = 3.93, p =  
0.01); Day 3 (t(18) = 2.12, p =  0.048); Day 5 (t(17) = 6.26, p = < 0.01) 
and  Day 7 (t(11) = 3.93, p = < 0.01). However, significant differences 
were not identified on sample Day 2 (t(14) = 1.87, p = 0.08), Day 4 
(t(17) = 1.34, p = 0.20) or Day 6 (t(9) = -0.56, p = 0.59).  
Worm tissue Pb concentrations showed a rapid accumulation at day 
1, 3 and 7 (25.51, 23.31, 25.99 mg kg-1 respectively) followed by 
periods of reduction at days 2, and 5 (11.07, 9.11 mg kg-1 
respectively). ∑ Mean whole worm Pb tissue concentrations were 
18.14 + 4.02 mg kg-1 
Sediment concentrations remained stable throughout the duration of 
the experiment (3.66 - 5.57 mg kg-1). 
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5.5.0 Pb 4.5 mg kg-1  + Pyrene 480 µg kg-1 spiked sediment condition 
 
There were no mortalities for this test condition. Burrowing time, 
sediment and whole worm tissue concentrations are illustrated in 
Figure 27. 
 
Figure 27. Burrowing time (s) for (n = 10 individual worms) Pb4.5 mg kg-1 + Pyrene 
480 µg kg-1 test condition over a period of 20 min. Sediment concentrations of 
pyrene and whole worm pyrene concentrations and associated control results are 
included illustrating comparisons. 
Worm burrowing rates ranged between 54 s (day 1) to 108 s (day 7). 
A Welch 2 sample t – test identified significant differences between 
burrowing times of Pb + pyrene exposed and control group for 
sample days: Day 1 (t(14) = 12.5, p =  <0.01); Day 2 (t(12) = 10.38, p =  
<0.01); Day 3 (t(18) = 2.12, p = 0.048); Day 6 (t(15) = 3.43, p = <0.01) 
and Day 7 (t(12) = 7.81, p = <0.01). However, significant differences 
were not identified on Day 4 (t(9) = 0.56, p = 0.59), Day 5 (t(13) = 1.34, 
p =  0.20) or Day 6 (t(17) = 0.85, p = 0.41). 
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Whole worm tissue concentrations for Pb showed initial accumulation 
of 14.55 mg kg-1 at day 1 to further rapid accumulation of 57.11 mg 
kg-1 at day 2. A decrease at day 3 (7.79 mg kg-1) was followed by 
fluctuations from 15.10 mg kg-1, 35.61 mg kg-1, 29.79 mg kg-1 and 
12.82 mg kg-1 through day 4 to day 7 respectively. ∑ Mean whole 
worm Pb tissue concentrations for this test condition were far higher 
(26.69 + 5.73 mg kg-1) than those of test condition Pb4.5 mg kg-1 
(18.14 + 4.02 mg kg-1). 
Sediment Pb concentrations ranged between 3.3 mg kg-1 to 5.03 mg 
kg-1 throughout the duration of the test. 
Whole worm tissue concentrations for pyrene decreased from 1.32 – 
0.26 µg kg-1 between days 1 - 7. 
Sediment concentrations for pyrene ranged from 16.99 µg kg-1 at day 
1 to 1.658 µg kg-1 at day 4. Results for days 5 - 7 were below the 
limits of detection (< 500 ng kg-1). 
5.5.1 Pyrene 970 µg kg-1 spiked sediment condition 
 
There were no mortalities for this test condition. Burrowing time, 
sediment and whole worm concentrations are detailed in Figure 28. 
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Figure 28. Burrowing time (s) for (n = 10 individual worms) Pyrene 970 µg kg-1 test 
condition over a period of 20 min. Sediment concentrations of pyrene and whole 
worm pyrene concentrations and associated control results are included illustrating 
comparisons. 
Significant differences between burrowing time for pyrene exposed 
worms and the control group were found using a Welch 2 sample t- 
test on sample Day 1(t(18) = 4.63, p = < 0.01), Day 2 (t(13) = 3.38, p = 
< 0.01), Day 3 (t(12) = 4.57, p = < 0.01), Day 4 (t(12) = 6.40, p = < 
0.01), Day 6 (t(10) = 14.15, p = < 0.01) and Day 7 (t(10) = 6.31, p = < 
0.01) indicating a rapid effect initially. However, a significant 
relationship was not identified between the pyrene exposed and 
control group on sample Day 5 (t(17) = 1.20, p = 0.06).  
Initial burrowing time at day 1 (81 s) increased to 144 s at day 4. 
Reduced rates of 69 s occurred at day 5 followed by an increase to 
465 s at day 6. Burrowing time then showed a decrease to 144 s at 
day 7. Initial uptake of pyrene in whole worm pyrene tissue 
concentrations was 2.00 µg kg-1 followed by a reduction at day 6 of 
1.41 µg kg-1. Concentrations analysed at day 7 were below the limits 
of detection < 500 ng kg-1.  
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Pyrene sediment concentrations at day 1 were 4.12 µg kg-1. 
Sediment analysis of subsequent days were below the limits of 
detection < 500 ng kg-1.  
5.5.2 Pyrene 480 µg/Kg spiked sediment condition  
 
There were no mortalities for the duration of this test condition. 
Burrowing time, sediment and whole worm concentrations are found 
in Figure 29.
 
Figure 29. Burrowing time (s) for (n = 10 individual worms) Pyrene 480 µg kg-1 test 
condition over a period of 20 min. Sediment concentrations of pyrene and whole 
worm pyrene concentrations and associated control results are included illustrating 
comparisons. 
Burrowing time at day 1 (69 s) increased to the maximum rate of 102 
s at day 4. The rate then reduced to 87 s at day 7. A Welch 2 - 
sample t - test determined significant differences between burrowing 
time for pyrene exposed worms and the control group on sample Day 
1 (t(18) = 2.28, p = 0.01), Day 3 (t(15) = 2.69, p = 0.02), Day 4 (t(17) = 
5.27, p = <0.01), Day 5 (t(11) = 2.45, p = 0.03), Day 6 (t(12) = 2.97, p = 
0.01) and Day 7 (t(12) = 3.15, p = <0.01). However, a significant 
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relationship was not identified on sample Day 2 (t(17) = 1.63, p = 
0.12).  
Whole worm pyrene tissue concentration initially was 1.68 µg kg-1 
followed by a decrease to 0.59 µg kg-1 at day 4. Results for days 5 to 
7 were below the limits of detection < 500 ng kg-1. 
Sediment pyrene concentrations decreased from 4.19 µg kg-1 at day 
1 to 1.06 at day 3. Results for days 4 - 7 were below the limits of 
detection < 500 ng kg-1. 
5.5.3 AChE Concentrations 
 
The response for AChE activity for test conditions Pb4.5 mg kg-1, 
Pyrene 480 µg kg-1, Pb4.5 mg kg-1 + Pyrene 480 µg kg-1 and control 
are detailed in Figure 30. 
 
 
 
Figure 30. AChE activity for worms exposed to test conditions Pb4.5 mg kg-1, 
Pyrene 480µg kg-1, Pb4.5 mg kg-1 + Pyrene 480 µg kg-1 and control for a period of 
7 days. Worms (n = 3) were extracted from the sediment daily, and frozen prior to 
analysis. Measurements represent the mean + 1 SE of the n = 3 worms pooled for 
analysis. Data is expressed in µmol min-1 mg-1 proteins.  
Control  Pb4.5 mg kg
-1 
Pb4.5 mg kg
-1+ Pyrene 480µg kg-1         Pyrene 480µg kg-1 
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Results demonstrate reduced AChE activity for all test conditions 
when compared with control. Welch’s robust ANOVA’s revealed 
significant differences between test conditions and control group: 
Pb4.5 mg kg-1 (F(35)= 7.49,  p < 0.01); Pyrene 480 µg kg-1 (F(21) = 12, 
p = < 0.01); Pb4.5 mg kg-1 + Pyrene 480 µg kg-1 (F(20) = 13, p = < 
0.01). Test condition Pb4.5 mg kg-1 showed increasing levels from 
day 1 (0.012 µmol min-1 mg-1) to 0.09 µmol min-1 mg-1 on day 5 
followed by further reductions (0.06, 0.0008 µmol min-1 mg-1) on days 
6 and 7 respectively. Both test conditions Pb4.5mg kg-1 + Pyrene 480 
µg kg-1 and Pyrene 480 µg kg-1 showed concentrations between < 
0.0001 and 0.08 µmol min-1 mg-1. 
AChE response related to concentrations for test conditions Pb9.2 
mg kg-1, Pb9.2mg kg-1 + Pyrene 970 µg kg-1, Pyrene 970 µg kg-1 and 
control are shown in Figure 31. 
 
 
Figure 31. AChE activity for worms exposed to the test conditions Pb9.2 mg kg-1, 
Pb9.2mg kg-1 + Pyrene 970 µg kg-1, Pyrene 970 µg kg-1 and control (mg kg-1/ µg kg-
1 ) for a period of 7 days. Worms (n = 3) were extracted daily and frozen prior to 
analysis. Measurements are expressed as mean activity + 1 SE of pooled worms. 
Data is expressed in µmol min-1 mg-1 proteins. 
Control  Pb9.2 mg kg
-1 
Pb9.2 mg kg
-1+ Pyrene 970µg kg-1         Pyrene 970µg kg-1 
 142 
 
AChE response for all test conditions was lower than those of the 
control. Significant differences were found between all groups and 
the control using Welch’s robust ANOVA’s: Pb9.2 mg kg-1 (F(39) = 4, p 
= < 0.01); Pb9.2 mg kg-1 + Pyrene970 µg kg-1 (F(33) = 10, p = < 0.01); 
Pyrene 970 µg kg-1 (F(24) = 12, p = < 0.01). AChE activity for test 
condition Pb9.2 mg kg-1 showed levels of 0.011 µmol min-1 mg-1  on 
day 1 followed by an increase to 0.09 and 0.17 µmol min-1 mg-1  on 
days 2 and 3 respectively. Activity then reduced slightly to levels 
between 0.09 - 0.0.11 µmol min-1 mg-1 for days 4 - 6 followed by a 
further reduction to 0.0009 µmol min-1 mg-1 on day 7.  
Activity for test conditions Pyrene 970 µg kg-1 and Pb9.2 mg kg-1 + 
Pyrene 970 µg kg-1 were significantly lower than those of the control 
and condition Pb9.2 mg kg-1, ranging between < 0.00 - 0.046 µmol 
min-1 mg-1 and 0.0006 - 0.01 µmol min-1 mg-1 respectively.  
 
5.5.4 Relationships between whole worm tissue concentrations and burrowing 
time  
 
Spearman rank coefficients were then performed to identify 
relationships between whole worm tissue concentrations (metal, 
pyrene, metal + pyrene) and sediment concentrations. There were no 
statistically significant relationships found between any test condition 
or factor. 
Spearman’s rank coefficients were then performed on results for 
burrowing time and whole tissue contamination levels. There were no 
statistically significant relationships found for whole worm tissue 
concentration and burrowing time for any test condition.  
5.5.5 Relationships between AChE activity and burrowing time 
 
Spearman’s correlations were performed using AChE levels and 
burrowing time however, there were no statistically significant 
relationships.  
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5.6 Discussion 
5.6.1 Cu test series 
 
Median values of metal concentrations for Cu identified in Chapter 3, 
were chosen to reflect environmental concentrations for this test 
series. Unexpectedly, given the concentrations used, all Cu test 
series resulted in high or total mortalities for all conditions. Worms 
exposed to Cu 15.8 mg kg-1 and Cu 15.8mg kg-1 + Pyrene 480µg kg-1 
had the lowest mortalities although rates far exceeded test 
compliance of 20% mortality set by OECD guidelines for exposure 
experiments (OECD, 2005). Possible moribundity of individuals may 
have led to confounding results and therefore, AChE activities were 
not performed on individuals from these conditions and burrowing 
time results for the Cu 15.8 mg kg-1 series have been included for 
information. 
Burrowing rates for worms exposed to Cu 15.8 mg kg-1 were far 
slower than those exposed to the Cu + pyrene mixture. Furthermore, 
worm Cu tissue concentrations for those exposed to Cu 15.5 mg kg-1 
+ pyrene 480 µg kg-1 were far lower (59.73 mg kg-1), than those 
exposed to Cu 15.8 mg kg-1 (87.22 mg kg-1). As Cu is an essential 
metal and therefore highly regulated (Rainbow, 2002), the high 
mortality rates from the Cu conditions suggest that the mechanisms 
of Cu regulation in these worms may be compromised and may have 
resulted in the increased accumulation of Cu during these 
experiments. Upon accumulation, Cu has binding affinity for sulphur 
and nitrogen found in certain proteins (Rainbow, 2002). However, the 
binding of Cu to these proteins namely metallothionein’s may occur 
after a lag of 24 h related to protein synthesis (Mouneyrac et al., 
2003). Therefore, the increased accumulation of Cu in the exposure 
experiments to the delay in the increase metallothionein levels, 
leaving the worms unable to counter the toxic effects of Cu, may 
have contributed to the observed mortalities.  
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Worms used for this series of experiments were purchased from a 
commercial source. Individuals were the 5th - 6th generation from the 
founding stock obtained from an estuary in Northumberland, UK, 
which had been housed in a mixture of clean mud, sand and perlite 
(Craig, 2018 personal communication). As such, these worms are not 
exposed to environmental high levels of Cu and may contribute to the 
intolerance of these individuals.  
It has been widely demonstrated that H diversicolor which inhabit 
Restronguet Creek, Cornwall, UK are exposed to exceptionally high 
Cu levels (5073 mg kg-1) in sediment, as a result of historic mining 
industries (Bryan et al., 1987). Previous authors have described 
tolerance in resident populations attributed to increased numbers of 
Cu storage granules within tissue (Mouneyrac et al., 2003) which 
serve as storage / detoxification mechanism to mitigate the effects of 
high tissue concentrations. Moreover, Mcquillan et al. (2014) 
identified increased expression of Cu ion transporter, Cu ion 
chaperone, and metallothionein like protein genes in tolerant H 
diversicolor than individuals analysed from environments with lower 
Cu levels. Alterations of phenotype via upregulation of specific 
regulatory genes may therefore influence tolerance. It is reasonable 
to suggest that lack of exposure to the population where adaptation 
has led to the loss of these enhanced detoxification mechanisms and 
may explain the apparent intolerance displayed by the individuals 
used for the present study. 
The presence of pyrene in the Cu test conditions reduced Cu 
concentrations in worm tissue, suggesting that the uptake of Cu was 
affected. Cu may pass through cellular membranes via the mimicking 
of Na+ ions, or via metal ion transporters such as the divalent metal 
transporter (DMT1) and Cu ATPase pump Cu transporter 1 (ctr1) 
(Gauthier et al., 2016). It is suggested that altered membrane fluidity 
related to membrane binding of PAH’s and subsequent membrane 
electro - potential change may affect the rate of ion exchange (e.g. 
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Na+) across the membrane therefore reducing Cu uptake (Gauthier 
et al., 2016). 
Burrowing rates of individuals from Cu 15.8 mg kg-1 were higher than 
those exposed to the Cu + pyrene mixture and both test conditions 
showed higher burrowing rates than those of the control. The 
differences between burrowing rates and concentrations of Cu in 
worms exposed in combination with pyrene indicated an antagonistic 
toxicity. Although, burrowing rates were different from the control, 
they appeared to be less effected. Importantly, levels of Cu in worms 
exposed in combination with pyrene were greatly reduced again 
suggesting an antagonistic interaction and may relate to altered 
membrane fluidity and subsequent electro-membrane potential 
change. Therefore, the use of burrowing rates as an indicator of 
environmental Cu and pyrene contamination may be tentatively 
suggested. However, further research is required using a range of Cu 
concentrations to clarify results gained in this study.  
 
 
5.6.2 Pb test series 
 
Exposure to Pb and pyrene individually and in mixtures altered the 
burrowing behaviour of H diversicolor. Burrowing rates from all Pb 
and Pb + pyrene conditions showed that they were significantly 
different from those of the control from the first day of exposure  
indicating a rapid effect of both Pb and pyrene (alone and in 
combination) on burrowing behaviour. Worms exposed to the Pb9.2 
mg kg-1 + Pyrene 970 µg kg-1 mixture showed significantly faster 
burrowing rates than those exposed separately to Pb9.2 mg kg-1 and 
Pyrene 970 µg kg-1. The ∑ mean worm tissue Pb concentrations 
slightly higher for the Pb + pyrene exposure group: Pb9.2 mg kg-1  
(47.09 + 6.26 mg kg-1);  Pb9.2 mg kg-1 + Pyrene 970 µg kg-1 (49.99 + 
10.84 mg kg-1). Whereas pyrene tissue concentrations for Pb9.2 mg 
kg-1 and Pyrene 970 µg kg-1 were similar (0.95, 1.05 µg kg-1 
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respectively). As such, the higher levels of Pb in the Pb + pyrene 
exposed condition may indicate an antagonistic toxicity where the 
presence of pyrene increases Pb accumulation at these 
concentrations. 
Worms exposed to Pb4.5 mg kg-1 + Pyrene 480 µg kg-1 showed 
slower burrowing rates than those of the individual Pb4.5 mg kg-1 and 
Pyrene 480 µg kg-1 condition. The ∑mean worm Pb tissue 
concentrations for individuals exposed to the Pb condition were 
significantly lower (20.73 + 4.59 mg kg-1) than those exposed to the 
Pb + pyrene mixture (30.51 + 6.55 mg kg-1). This may suggest that 
the higher tissue concentration of Pb found in the Pb + pyrene test 
group may have negatively influenced burrowing rates. ∑ mean 
pyrene tissue concentrations for Pb4.5 mg kg-1 + Pyrene 480 µg kg-1 
and Pyrene 480 µg kg-1 were similar (0.57 and 0. 70 µg kg-1 
respectively). However, Spearman’s rank coefficient analysis 
performed on worm tissue concentrations and burrowing rates did 
not show significant correlations. Increased assimilation of metals in 
conjunction with pyrene exposure have been reported where Wang 
et al., (2011a) described higher tissue contents of cadmium in the 
clam Rudiptapes philippinarum following mixed exposures. Similarly, 
Diaz- Jarmillo et al., (2017) demonstrate increased uptake of mercury 
in the polychaete Perineries gualpensis in the presence of pyrene. 
suggesting additive toxicity. Again, results from the present study 
may indicate an antagonistic toxicity for Pb and pyrene in 
combination at these concentrations where exposure to the mixture 
has increased the accumulation of Pb in the worms. 
It is suggested that the differences of Pb tissue concentrations 
between individuals exposed to individual Pb groups: Pb9.2 mg kg-1,  
Pb4.5 mg kg-1 and those to mixtures: Pb9.2 mg kg-1 + Pyrene970 µg 
kg-1, Pb4. 5 mg kg-1 + Pyrene 480 µg kg-1, may result from the 
inhibition of both Pb+ and Ca2+ uptake by Pb exposure, where voltage 
independent Pb uptake via the Ca2+ channel has been proposed as 
the cellular uptake route (Rogers and Wood, 2004). Moreover, 
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cellular concentrations of Pb2+  have been evidenced to inhibit uptake 
of Ca2+ and subsequently further Pb2+ uptake via ATPase pump 
inhibition (Brix et al., 2017; Carfagna et al., 1996) and blockade of 
voltage dependant calcium channels in neurons (Busselberg et al., 
1994; Büsselberg et al., 1998; Sanah et al., 2012). 
As previously described, the lipophilic nature of pyrene may result in 
cellular membrane damage as the molecules bind directly to the 
membrane Leading to expansion and increased fluidity (Sikkema et 
al., 1995). Consequently, alterations to cellular ion regulation related 
to membrane bound ion transporters including P - ATPases 
(Gauthier et al., 2014; Li et al., 2011) have been observed resulting 
in reduced cellular Ca2+  uptake in human  (Krieger et al., 1995), rats 
(Yang et al., 2017), fish (Xu et al., 2017) and marine invertebrate 
cells (Guojun et al., 2017).  
However, increased membrane fluidity prescribed to the lipophilicity 
of PAH and cellular membrane affinity may also influence the 
electrical potential across the cell membrane (Sikkema et al., 1995). 
Alterations of the electrical potential may affect the regulation of ions 
(Na+, Ca+, K+) consequently altering metal ion uptake via these 
cellular ion pathways following exposure to Pb (Kim et al., 2016).  
As all worms from each test condition were placed into beakers 
which contained clean water and sediment, it is reasonable to 
assume that avoidance of contamination did not influence burrowing 
rates. Therefore, differences in burrowing rates between the test 
conditions indicate that mechanisms of toxicity may be of influence. 
Furthermore, the biological energetic costs of maintaining 
detoxification mechanisms may further influence burrowing rates as 
energy budgets are re-allocated to ensure survival.   
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5.6.3 AChE 
 
AChE activity from all test conditions were significantly reduced from 
the control suggesting that both Pb and pyrene elicit a neurotoxic 
effect on H diversicolor. Inhibition of AChE is commonly used as a 
biomarkers of neurotoxicity, where inhibition of AChE occurs when 
xenobiotic inhibitors bind to the active site of the cholinesterase 
enzyme (Pereira et al., 2019). AChE activity for individuals exposed 
to both Pb conditions (Pb4.5 mg kg-1, Pb9.2 mg kg-1) were far higher 
than those in the Pb + pyrene and pyrene mixtures, further indicating 
that pyrene is a stronger neurotoxin than Pb.  
Interestingly, burrowing times for those exposed to the Pb9.2 mg kg-1 
+ Pyrene970 µg kg-1 were faster than those from the Pb9.2 mg kg-1 
condition. Although AChE activity for the Pb9.2 mg kg-1 was 
significantly higher than that of the Pb + pyrene mixture, other 
mechanisms of toxicity may have influenced burrowing rates. As 
such, these results may indicate an additive effect for Pb and pyrene 
exposure at this concentration.  
Individuals from the Pb4.5 mg kg-1 + Pyrene 480 µg kg-1 condition 
had slower burrowing rates than those from the Pb4.5 mg kg-1 
condition. It may be supposed that the higher AChE activities of 
condition Pb4.5 mg kg-1 positively influenced the burrowing rates 
against the Pb4.5 mg kg-1 + Pyrene 480 µg kg-1 condition.  
Altered burrowing rates recorded in this study may be influenced by 
one or more modes of toxicity. AChE levels clearly varied from those 
of the control group for all test tanks. Therefore, it is reasonable to 
suggest neurotoxicity via the depletion of AChE as a primary 
influence. However, cellular membrane change following exposure to 
pyrene (Gauthier et al., 2014) and  Ca+ homeostasis disturbance 
following Pb exposure (Sanah et al., 2012; Shafer, 2004; Viarengo 
and Nicotera, 1991) may further impact burrowing behaviour in this 
species related to the alteration of muscle contraction (Holmes et al., 
1999). Competitive inhibition of Ca+ ion flow in muscle tissue has 
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been evidenced where Holmes et al., (1999) demonstrate that 
exposure of the Norway lobster Nephrops norvegicus to Co2+ and 
Mn2+ altered muscle contraction. Disturbance of  Ca+ homeostasis 
following Pb exposure has also been recorded (Gerald et al., 1989; 
Meng et al., 2018) although, studies regarding effects of Pb induced 
voltage sensitive Ca+ channel alteration are few, but Busselberg et 
al., (1991) found neuron disruption in the marine sea hare Aplysia 
californica. It is suggested that further investigations are warranted 
regards the influence of Pb on Ca+ related cellular, neuro toxicity, 
muscle contraction and behavioural alterations. 
Results obtained for this test series show that the use of burrowing 
behaviour in H diversicolor to assess exposure to environmental 
concentrations of Cu, Pb and pyrene is a sensitive, non- invasive 
mechanism to determine exposure effects. Importantly, these results 
indicate an interactive effects on toxicity to H diversicolor following 
exposure to Pb and pyrene, observed as increased tissue 
accumulation of Pb and negative influence of AChE activity. As such, 
alterations of locative behaviour in individuals which inhabit Cu, Pb 
and pyrene contaminated environments may have negative impacts 
upon the survival of populations related to increased predation rates. 
Indeed, Metais et al., (2019) described how reduced AChE activity 
and burrowing activity correspond to lower population densities and 
biomass in populations of H diversicolor resident in the multi polluted 
sediments of the Loire estuary, France. Moreover, reduced 
population size for key species such as H diversicolor results in a 
diminished food source for higher trophic levels, reduced detritivore 
activity and bioturbation of the sediment further increasing negative 
impacts.  
The assessment of AChE may demonstrate the neurotoxic status of 
a contaminant. However, there were no correlations found between 
AChE activity and burrowing rates in the present study. As previously 
discussed, it is possible that the lower burrowing rates were a result 
of Ca+ competition and adverse effects on the neuromuscular 
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system. However, to fully understand the uptake pathways of pyrene, 
Cu, and Pb, further research is required regarding alterations to cell 
membrane potential, its influence on ion uptake and influence on 
neuromuscular contraction. Additionally, energy alterations, 
assimilation and excretion efficiencies and mechanisms of toxicity of 
individual and mixtures of Pb, Cu and pyrene are necessary to fully 
understand the biological influence of these exposures.  
 
5.7 Conclusion  
 
The use of burrowing behaviour in toxicological assessment using 
the marine polychaete H diversicolor, is a sensitive biomarker of the 
exposure to Cu, Pb and pyrene individually and within mixtures. All 
burrowing rates for worms exposed to these contaminants were 
significantly different from those obtained from the control group. 
Exposure to Pb and pyrene in combination appeared to have a more 
than additive toxicity observed as increased accumulation of Pb and 
reduced AChE activity. Determination of AChE activity provides 
information regarding the neurotoxic status of a contaminant of 
which, both Pb and pyrene showed AChE activity levels which were 
significantly suppressed than the control for the 7- day test period. 
However, AChE activity may not directly correlate to the alteration of 
locomotive behaviours in H diversicolor. 
{, 1999, the effects of the metal ions Mn2+ and Co2+ on muscle 
contraction in the Norway lobster`, Nephrops norvegicus (L.)} 
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6. Bioaccumulation and biochemical responses of H 
diversicolor following exposure to Pb and pyrene.  
6.1 Introduction 
 
As both pyrene and Pb are naturally occurring chemicals, organisms 
have developed biochemical detoxification mechanisms, to reduce 
potential toxic effects following exposure. The biochemical 
detoxification of pyrene involves the oxidative metabolization by the 
cytochrome P450 enzymes through the introduction of a functional 
group (- OH, - COOH etc.) producing the product: 1 - hydroxypyrene 
(1 - OHP) (Gauthier et al., 2014; Giessing et al., 2003). Identification 
of 1 - OHP in humans by Jongeneelen (2001) has led to its use as a 
biomarker to assess pyrene exposure. Moreover, Geissing et al. 
(2003) identified 1 - OHP in the marine invertebrate H diversicolor, 
allowing this species to be used as a model invertebrate for pyrene 
exposure research. Following phase l metabolization, products are 
conjugated to further antioxidant molecules by enzymes such as the 
abundant glutathione - s - transferases (GSTs), resulting in 
detoxification and allowing ease of excretion (Guo et al., 2017).  
However, during Phase l metabolism, formation of quinones and 
reactive oxygen species (ROS) may stimulate further cellular 
antioxidants including superoxide dismutase (SOD), an essential 
antioxidant enzyme, which catalyse ROS and reduce cellular 
oxidative damage (Dai et al., 2018; Gauthier et al., 2014). 
SOD’s are considered pivotal in cellular defence against metal 
induced ROS (Kim et al., 2018). Bioaccumulation of metals may 
culminate in metal induced ROS: redox active metals such as Cu and 
Zn form hydroxyl radicals via Haber-Weiss and Fenton reactions 
(Gutteridge, 1983; Morcillo et al., 2016; Regoli and Giuliani, 2014);  
non redox metals such as Pb and Cd, associate to the thiol group of 
the antioxidant glutathione, leading to inactivation (Kim et al., 2018; 
Patrick, 2006) and the build-up of ROS that glutathiones would 
otherwise reduce. ROS formed during these processes are highly 
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reactive, initiating lipid peroxidation which may lead to membrane 
function change and cellular damage (Aboul-Ela et al., 2011).  
Regulation of accumulated metals may include attempts to detoxify, 
excrete and store excess metals via the association to cysteine rich 
proteins such as metallothionein’s (MT) and metallothionein like 
proteins (MTLP) (Amiard et al., 2006). Although the induction of 
metallothionein’s in response to the uptake of essential metals 
(Berthet et al., 2003; Cooper et al., 2013; Mouneyrac et al., 2003; 
Rainbow P. S et al., 2007; Serafim and Bebianno, 2007) and non- 
essential metals (Bebianno et al., 1993; Choi et al., 2008; Serafim 
and Bebianno, 2010; Viarengo et al., 1987) are established, 
inconsistencies regarding induction of MT’s upon Pb uptake exist. As 
Pb shares similar chemical properties to essential metals including 
Cu and Zn (Gabriel et al., 2010), displacement of essential metals 
from MTs by Pb may occur due to the decrease of metal affinity of 
MTs, which is in the order Hg2+ > Cu+ Ag+, Bi3+ >> Cd2+ > Pb2+ > Zn2+ 
> Co2+ (Amiard et al., 2006). 
Yet, bioaccumulation of both Pb and pyrene may overwhelm these 
defence mechanisms leading to oxidative damage (Meng et al., 
2018; Wang et al., 2016) amongst other toxic effects.  Although DNA 
damage due to environmental stressors is common place, genetic 
lesions formed by exposure of the nucleotide base guanosine to 
ROS may lead to the formation of a DNA lesion 8 – hydroxy - 2’ -
deoxyguanosine (8 - OHdG) (Nebert and Dalton, 2006; Oliveira et al., 
2010a). Absence of base repair may then result in mutagenicity, 
altered gene expression, strand misreading, cytostasis, chromosomal 
alteration and loss of heterozygosity (Evans et al., 2004; Nebert and 
Dalton, 2006).  
Presently, environmental toxicology research is mainly focused on 
effects of individual contaminants (Ashauer, 2010; Gauthier et al., 
2014). However, as contamination within the marine environment has 
been observed to contain mixtures of contaminants it is necessary to 
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understand the bioaccumulation, potential co toxicities and the 
biochemical responses elicited by contamination mixtures. The aim 
of this study will investigate the bioaccumulation and biochemical 
responses in H diversicolor following exposure to Pb and pyrene 
individually and in mixtures.  This research will specifically determine 
the objectives; 
(1) Determine the extent of bioaccumulation and excretion of the 
individual and mixtures of Pb and pyrene 
(2) Investigate the biotransformation of pyrene to its phase 1 
metabolite 
(3) Determine the effects of Pb and pyrene individually and in 
combination on the biochemical response following production 
of ROS by H diversicolor. 
 
6.2 Materials and Methods 
 
H diversicolor was be exposed to spiked sediment containing 
individual concentrations and mixtures of Pb and pyrene as fully 
described in Chapter 2 (2.6), over a period of 28 d. Initial 
concentrations of Pb and pyrene within sediment prior to the addition 
of worms and start of the experiment are detailed in Table 28. 
Sediment spiking and tank set up are fully described in Chapter 2 
(2.6.1, 2.5.1 respectively). After the 28 d assimilation phase, 
remaining worms were then removed from treatment tanks and 
placed into tanks containing clean sediment and water for an 
eliminate phase where the elimination of assimilated contamination 
could be determined. Individuals from each tank were removed at 
intervals (1, 7, 14, 21 and 28 d for both assimilation and elimination). 
Worms were depurated for a period of 48 h in clean water following 
removal and frozen at - 20°C prior to analysis. Biomarkers of cellular, 
molecular and genotoxic stress were determined.  
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Table 28. Initial analysis of sediment following addition of manufactured sea water 
prior to the addition of worms. Sediment samples were taken from the surface 4 
hours after the addition of sea water. Results are reported as mean values +/- 1 
SE. Reduction of pyrene from initial spiked concentration may result from 
adherence to tank walls and aeration pipe prior to sampling.  
 
Test condition Result Pb 
(mg kg-1) 
Result pyrene 
(µg kg-1) 
Pb 9.2 µg kg-1 7.37 + 1.4  - 
Pb 4.5 µg kg-1 3.77+ 0.36  - 
Pb 9.2mg kg-1 + Pyrene 970 µg kg-1 12.34 + 1.9  848.74 + 27.05  
Pb 4.5mg kg-1 + Pyrene 480 µg kg-1 6.44 + 0.45  441.67 + 18.77  
Pyrene 970 µg kg-1   - 782.0 + 36.1 
Pyrene 480 µg kg-1 - 430.8 + 7.61 
Control Pb concentration 0.60 + 0.08  - 
Control Pyrene concentration - 0.0 + 0.0 
 
6.2.1 Chemicals 
 
Pyrene (98%), 1 - hydroxypyrene, acetone, acetonitrile, methanol, Pb 
chloride, dibasic potassium phosphate, monobasic potassium 
phosphate, ethylenediaminetetraacetic acid (EDTA), Tris-HCl, 
sodium cholate, formic and sulfuric acid, 1 – chloro - 2, 4 -
dinitrobenzene, ethanol, chloroform, super oxide dismutase and 5, 5′ 
- dithiobis - nitrobenzoic acid were purchased from Sigma Aldrich 
Ltd, Gillingham, Dorset, UK. Reduced glutathione was purchased 
from Thermo fisher Scientific Ltd, UK. All reagents were of analytical 
grade. 
Super oxide dismutase (SOD) ELISA kit was purchased from Sigma 
Aldrich Ltd, Gillingham, Dorset, UK.  
8 - hydroxy - 2’ - deoxyguanosine ELISA kit was purchased from 
Catlag medsystems Ltd, Buckingham, UK.   
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6.2.2 Super Oxide Dismutase Activity 
 
The superoxide anion (O2.-) is catalysed into hydrogen peroxide and 
molecular oxygen via the enzyme superoxide dismutase. Reduction 
of superoxide anions are quantified using Dojindos’s water soluble 
terazolium salt (WST – 1 (2(4 - Iodophenyl) – 3 -(4-nitrophenyl) – 5 -
(2, 4-disulfophenyl) - 2H - tetrazolium, monosodium salt)  which 
produces formazan dye (Peskin and Winterbourn, 2000). The rate of 
reduction with O2 is linearly related to xanthine oxidase activity and is 
inhibited by SOD (Peskin and Winterbourn, 2000).  
SOD activity was conducted as per the instructions of the commercial 
ELISA kit. 1 ml of working solution was diluted using 19 ml of buffer 
solution. The enzyme working solution was centrifuged for 5 s and 
mixed by pipetting. 15 µl of enzyme solution was then diluted using 
2.5 ml of Dilution buffer. Calibration standards were formulated using 
sequential dilution of 200 U ml-1 concentrate to obtain solutions at 
100 U ml-1 , 50 U ml-1, 20 U ml-1, 10 U ml-1, 5 U ml-1, 1 U ml-1, 0.1 U 
ml-1, 0.05 U ml-1, 0.01 U ml-1  and 0.001 U ml-1. A calibration curve 
was produced with r2 = < 0.96. 
 
6.2.3 Cytochrome p450 Activity 
 
Cytochrome P450 activity was determined in accordance with the 
method described by Guengerich et al. (2009). 200 µl of worm tissue 
homogenate was centrifuged at 9000 g for 30 min. 100 µl of 
supernatant was then added to 2.0 ml of phosphate buffer (7.4 mM) 
containing 1.0 mM EDTA, 20% glycerol (vol / vol), 0.5 g sodium 
cholate (wt / vol) and non- ionic detergent in a test tube. The contents 
were mixed by capping the test tube with parafilm and inverting. The 
sample was divided into two cuvettes using a glass Pasteur pipette. 
The cuvettes were placed into the spectrophotometer and the 
baseline between 400 and 500 nm are recorded. The cuvettes were 
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removed from the spectrophotometer and placed into fume 
cupboard. Carbon dioxide was added to one sample at a rate of one 
bubble per second for 60 s (Carbon dioxide produced using 2 ml 
concentrated sulphuric acid and 1 ml of formic acid in flask 
containing stopper with side arm). Carbon dioxide gas added to 
cuvette via tubing and glass Pasteur pipette).1 mg of sodium 
dithionite was added to each cuvette. Parafilm was attached to the 
tops of the cuvettes and inverted. Cuvettes were returned to 
spectrophotometer and spectrum of 400 – 500 nm recorded several 
times. When the peak near 450 nm failed to increase, the analysis 
was terminated. Calculations were based on absorbance at 420, 450 
and 490 nm using Eq (7): 
(ΔA450- ΔA490) / 0.091 = nmol of P450 ml-1   (7). 
6.2.4 Glutathione-S-Transferases Activity 
 
Glutathione – s - transferases activity was measured following 
Mannervik (1969); 900 µl of phosphate buffer (100 mM, pH 6.5), 10 
µl of 100 mM reduced glutathione and 10 µl of 100 mM 1 – chloro -2, 
4 - dinitrobenzene, were mixed in a test tube. 900 µl of the solution 
mix was added to a plastic cuvette and incubated for 5 min at 30°C. 
100 µl of tissue homogenate was added to the plastic cuvette and 
mixed by covering with parafilm and inverting. 900 µl of the solution 
mix and 100 µl of phosphate buffer were added to plastic cuvette to 
act as the blank. Absorbance was measured at 340 nm using a linear 
setting for 5 min. The linear portion of the reading was used to 
determine GSTs activity: 
The Δ340 / min blank reading was subtracted from the Δ340 / min 
sample reading 
GSTs activity – (sample reading Δ340 / min) / 0.0096 µM-1 / cm) * (1.0 
ml / 0.1 ml) * sample dilution = U / ml 
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6.2.5 8 – hydroxy - 2' - deoxyguanosine 
 
8 - hydroxy - 2' - deoxyguanosine activity was conducted using a 
commercial ELISA kit (Catlag industries Ltd, UK). Worm tissue 
homogenate was centrifuged at 1000 g for 20 min. The supplied 
standard was reconstituted with 1.0 ml of standard diluent, then 
shaken gently. A triple dilution series was then performed obtained 5 
serial dilution of 6000 pg ml-1, 2000 pg ml-1, 666.67 pg ml-1, 222.22 
pg ml-1, 74.07 pg ml-1 then using the standard diluent as a blank. 50 
µl of worm homogenate was added to the well plate. 50 µl of 
detection reagent was added, then the plate was shaken, covered 
with a plate sealer and incubated for 1 h at 37°C. The solution was 
aspirated 3 times using wash solution and liquid removed from wells. 
100 µl of detection reagent B was added to each well and then 
incubated for 30 min at 37°C. The wells were aspirated 5 times, then 
90 µl of substrate solution added, followed by a further incubation 
period of 20 min at 37°C. Finally, 50 µl of stop solution was added 
and read at 450 nm immediately afterwards. Results were calculated 
using data from standard readings to produce a log - log graph 
allowing direct readings of sample results to be established.  
 
6.2.6 Metallothionein activity 
 
Metallothionein (MT) activity was conducted using the method 
described by Viarengo et al. (1997). 200 µl of worm tissue 
homogenate was centrifuged at 6000 × g for 10 min. Pellets were 
then washed with ethanol: chloroform: homogenization buffer 
(87:1:12). The supernatant was then centrifuged again at 6000 × g 
for 10 min. Resulting supernatant was then dried under a nitrogen 
gas stream to complete evaporation. The pellet was then placed in a 
solution of 300 μl of 5 mM Tris - HCl, 1 mM EDTA, pH 7. The 
resuspended metallothionein fraction then added to 4.2 ml of 0.43 
mM 5, 5′ - dithiobis (nitrobenzoic acid) in 0.2 M phosphate buffer, pH 
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8, and left for 30 min at room temperature. The concentration of 
reduced sulfhydryl was determined by reading the absorbance at 412 
nm using a Varian Cary Win 50 probe UV - Vis spectrophotometer. 
A standard curve with GSH is required as a standard reference for  
correct quantification of MT in the samples. GSH contains one 
cysteine residue per molecule; thus, it is a standard for quantifying 
cysteines residue in protein analyses. Solutions were prepared with 
different concentrations of GSH and absorbance measured at 412 
nm. 
The amount of metallothionein in the samples as determined using 
the GSH standard as detailed by Viarengo et al. (1997). 
 
6.3 Statistical analysis 
 
All data were analysed as detailed in Chapter 2 (2.8). Data which 
failed to meet assumptions of parametric analysis was transformed 
using log10, square root or arcsine transformations.  One - way 
ANOVA’s were conducted on raw or transformed worm tissue 
contaminant concentrations to determine differences between 
exposures. Two - way ANOVA’s were performed to identify 
differences between biochemical determinants used as the 
dependant variable with time and exposure used as independent 
variables. Spearman’s correlations were performed on worm tissue 
concentrations and biochemical responses to identify relationships 
between groups. 
6.4 Results 
 
There were no significant mortalities observed for any condition for 
the duration of this experiment in any test condition including that of 
the control which therefore suggest that experimental conditions 
were suitable and that observed biological responses are below 
lethal levels for H diversicolor. 
 159 
 
6.4.1 Sediment Pb concentration  
 
Sediment samples (~15 g) were taken on the sample days 
throughout the duration of the experiment. Sediment was extracted 
from the surface of the tank using a glass beaker, placed into a 
labelled plastic bag and frozen at - 20°C until analysis. Pb 
concentrations found in sediment throughout the duration of the 
experiment are illustrated in Table 29. 
Table 29. Pb concentrations found in sediment from all Pb test conditions for the 
duration of the experiment. Samples (n = 3) were extracted from the surface of the 
tank and are reported as mean values + 1 SE. 
Concentration 
Pb 
Pb9.2 mg kg-1 Pb9.2 mg kg-1+ 
Pyrene970 µg kg-1 
Pb4.5 mg kg-1 Pb4.5 mg kg-1 
Pyrene480 µg kg-1 
Control 
mg kg-1 
SS1 4.82+1.83 13.69+2.68 2.88+0.15 2.81+1.55 0.92+0.11 
SS7 6.52+0.27 14.46+0.20 3.14+0.51 5.71+0.52 0.75+0.16 
SS14 8.63+0.07 13.01+0.55 3.66+0.33 6.28+0.38 0.67+0.11 
SS21 10.52+0.60 15.39+0.13 3.87+1.65 9.52+1.44 1.09+0.09 
SS28 8.53+0.39 11.76+0.30 3.97+0.39 9.87+0.33 1.00+0.04 
CS1 1.07+0.09 1.02+0.06 1.94+0.12 0.93+0.15 0.96+0.06 
CS7 1.63+0.15 0.96+0.08 0.72+0.11 1.30+0.21 0.64+0.11 
CS14 1.08+0.09 1.13+0.05 1.47+0.98 0.56+0.12 0.78+0.12 
CS21 0.76+0.07 0.94+0.07 0.53+0.02 0.63+0.09 1.02+0.12 
CS28 1.17+0.18 0.96+0.17 0.44+0.04 0.78+0.09 0.85+0.08 
 
 
6.4.2 Pyrene sediment results 
 
Sediment was extracted from each spiked tank on each sample day 
for the duration of the experiment. Sediment was sampled using a 
glass beaker (~15 g) which was then placed into a pre-formed bag 
made from commercially available aluminium tin foil. The foil bag was 
then placed into a labelled plastic sample bag and frozen at - 20°C 
until analysis. Results for pyrene concentrations for all spiked 
conditions are shown in Table 30. 
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Table 30. Pyrene concentrations in sediment from all test conditions throughout the 
duration of the experiment. Concentrations (µg kg-1) are from samples (n = 3) 
extracted at a depth of ~3 cm using a glass beaker. Spiked sediment accumulation 
phase and clean sediment elimination phase are denoted by SS and CS 
respectively. Results are mean values + 1 SE. 
Sample 
Day 
Pb9.2mg kg-1 
+ Pyrene970µg kg-1 
Pyrene970 
µg kg-1 
Pb4.5 mg kg-1+ 
Pyrene480 µg kg-1 
Pyrene480  
µg  kg-1 
Control 
µg  kg-1 
SS1 11.4 + 3.9 3.8+1.2 14.0+ 4.2 45.0+3.8 0.0+0.0 
SS7 2.7+ 1.1 1.4+ 0.05 4.4+ 0.9 2.0+0.03 0.0+0.0 
SS14 0.5+ 0.05 0.0+ 0.0 1.0+0.02 1.0+0.0 0.0+0.0 
SS21 0.1+ 0.03 0.0+ 0.0 0.0+ 0.0 0.0+ 0.0 0.0+0.0 
SS28 0.0+ 0.0 0.0+ 0.0 0.0+0.0 0.0+0.0 0.0+0.0 
CS1 0.0+ 0.0 0.0+0.0 0.0+0.0 0.0+0.0 0.0+0.0 
CS7 0.0+ 0.0 0.0+0.0 0.0+0.0 0.0+0.0 0.0+0.0 
CS14 0.0+ 0.0 0.0+0.0 0.0+0.0 0.0+0.0 0.0+0.0 
CS21 0.0+ 0.0 0.0+0.0 0.0+0.0 0.0+0.0 0.0+0.0 
CS28 0.0+0.0 0.0+0.0 0.0+0.0 0.0+0.0 0.0+ 0.0 
 
6.4.3 Worm Tissue Pb concentration Results 
 
Concentrations for the worm tissue from test condition Pb9.2 mg kg-1 
and Pb9.2 mg kg-1 + Pyrene970 µg kg are illustrated in Figure 32.  
Two - way ANOVA’s showed that there were significant differences 
between Pb concentrations of worm tissue for each exposure group 
during the 28 d assimilation (F(1,27) = 46.8, p = <0.01) and elimination 
phases (F(1, 27) = 46.8, p =  <0.01). Additionally, the interaction 
between time (days) and assimilation showed significant differences 
between the exposure groups during the assimilation (F(1, 27) = 5.42, p 
=  0.03) and elimination phases (F(1, 27) = 5.52, p =  0.02).  
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Figure 32. Mean worm tissue Pb concentrations; Pb9.2 mg kg-1 and Pb9.2 mg kg-1 
+ Pyrene 970 µg kg-1. Error bars indicate the + 1SE of samples (n = 3).  
Worm tissue Pb concentrations for test condition Pb9.2 mg kg-1 
showed initial uptake concentration of 45.13 and 35.7 mg kg-1 for 
days 1 - 7 respectively. A rapid uptake at day 14 (133.1 mg kg-1) was 
followed by a decrease at day 21 (90.02 mg kg-1), then a further 
increase at day 28 (155.57 mg kg-1). During the elimination phase, 
worm tissue concentrations decreased initially at day 1 (89.79 mg kg-
1) however, this was followed by a further increase to 132.38 mg kg-1 
at day 7. Concentrations increased further at day 14 (148.64 mg kg-
1), followed by further reductions to 128.92 and 108.78 mg kg-1 at 
days 21 and 28 respectively. ∑ worm tissue concentrations for Pb9.2 
mg kg-1 for the 28 d assimilation period was 459.6 mg kg-1 whilst 
∑worm tissue for the elimination period was 608.51 mg kg-1. 
Worm tissue Pb concentrations for condition Pb9.2 mg kg-1 + Pyrene 
970µg kg-1 were far lower than those of Pb9.2 mg kg-1 throughout the 
duration of the experiment. 
The initial uptake at day 1 (15.38 mg kg-1) was 34% lower than that 
of the Pb only condition. Concentrations remained between 8.19 -
35.02 mg kg-1 during the following 7 - 28 d period. During the 
elimination period concentrations increased from those in the 
acclimation period where results ranged between 21.11 mg kg-1 on 
day 1 to the highest concentration of 73.35 mg kg-1 on day 21. 
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Results on day 28 showed a lower level of 31.17 mg kg-1 at day 28. 
∑ worm tissue concentration for the assimilation period was 97.13 
mg kg-1 whereas ∑ worm tissue content for the elimination period 
was 240.57 mg kg-1 
Pb worm tissue concentrations for test conditions Pb4.5 mg kg-1 and 
Pb4.5 mg kg-1 and Pyrene 480 µg kg-1 are illustrated in Figure 33. A 
two- way ANOVA revealed significant differences for each exposure 
group during the the 28 d assimilation phase (F(1,27) = 11.7, p = 
<0.01) and the 28 d elimination phase (F(1,27) = 33.0, p = <0.01). 
Additionally, significant results were identified for the interaction of 
time (days) on assimilation (F(1, 27) = 38.5, p =  <0.01) and elimination 
(F(1, 27) = 27.1, p =  0.01) for all exposure groups. 
 
Figure 33. Mean worm tissue Pb concentrations; Pb4.5 mg kg-1 and Pb4.5 mg kg-
1+Pyrene 480 µg kg-1. Error bars indicate the + 1 SE of sample (n = 3)  
Worm tissue Pb concentration of the test condition Pb4.5 mg kg-1 
showed initial levels of 8.52 mg kg-1 on day 1 followed by a rapid 
accumulation to 207.72 mg kg-1 on day 14. Concentrations then 
reduced (164.69, 151.81 mg kg-1 on days 21 and 28 respectively).  
Concentration during the elimination phase showed a general 
decreasing trend from 129.28 mg kg-1 on day 1 to 87.50 mg kg-1 on 
day 28. The ∑ worm tissue content during the assimilation period 
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was 564.59 mg kg-1 with the elimination period showing a decrease 
at ∑428.94 mg kg-1. 
Pb tissue concentrations for test condition Pb4.5 mg kg-1 + pyrene 
480 µg kg-1 showed overall lower levels than those of the Pb only 
condition. Initial uptake of 11.72 mg kg-1 on day 1 was followed by a 
general increasing trend resulting in 143.12 mg kg-1 on day 28. A 
rapid decrease to 44.29 mg kg-1 during day 1 of the elimination 
phase was followed by relatively stable concentrations (37.53, 44.59, 
45.74, 35.51 mg kg-1) for the duration of the 28 d period. ∑ Pb worm 
tissue concentrations for the assimilation period was 209.17 mg kg-1 
with lower ∑ concentrations of 207.65 mg kg-1 during the elimination 
period. 
6.4.4 Worm Tissue Pyrene and 1-Hydroxypyrene metabolite concentrations 
 
Pyrene and its phase 1 metabolite 1 - OHP concentrations found in 
worm tissue for the test conditions Pb9.2 mg kg-1 + Pyrene 970 µg 
kg-1 and Pb4.5 mg kg-1 + Pyrene 480 µg kg-1 are illustrated in Figures 
34 and 35. 
 
Figure 34. Pyrene and 1-OHP(µg kg-1) concentrations found in worm tissue (n = 3) 
from test conditions Pb4.5 mg kg-1 + Pyrene 480 µg kg-1. Error bars show the + 1 
SE. SS denotes spiked sediment 28 d assimilation period whereas CS denotes 
clean sediment elimination period. 
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Figure 35. Pyrene and 1 - OHP concentrations found in worm tissue (n = 3) from 
test conditions Pb9.2 mg kg-1 + Pyrene 970 µg kg-1. Error bars show the + 1SE. SS 
denotes spiked sediment 28 d assimilation period whereas CS denotes clean 
sediment elimination period 
Pyrene concentrations in worm tissue for test condition Pb9.2 mg kg-
1 + Pyrene 970 µg kg-1 show an assimilation at day 1 of 0.29 ug kg-1 
which decreased to 0.04 ug kg-1 at day 7. Tissue values for time 
period up to 28 d were below the limits of detection (< 0.25 ng kg-1). 
Concentrations of 1 - OHP of 1194 µg kg-1 were recorded at day 1. 
Following concentrations show a general decreasing trend (1179, 
1189, 1171, 1102 µg kg-1) found for days 7,14, 21 and 28 
respectively. Tissues concentrations of 421 µg kg-1 were found at day 
1 of the elimination period however, concentrations were below 
detectable limits for the remaining test period (< 0.25 ng kg-1).  
Pyrene tissue concentrations for test condition Pb4.5 mg kg-1 + 
Pyrene 480 µg kg-1 showed initial values of 0.09 µg kg-1 at day 1 
reducing to 0.01 µg kg-1 at day 7. Pyrene concentrations for the 
remainder of the experiment were below the limits of detection (< 
0.25 ng kg-1). There were no concentrations recorded at day 1 for 1 -
OHP tissue concentrations followed by 1235 µg kg-1 at day 7. The 
levels showed a general decline (1197. 1183 and 1171 µg kg-1) for 
days 14, 21, and 28 respectively. 1 - OHP concentrations of 560 µg 
kg-1 were found in worm tissue on day 1 of the elimination period 
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however, concentrations were below the limits of detection (< 0.25 ng 
kg-1) for the remainder of the elimination period. 
Pyrene and 1 - OHP worm tissue concentrations from the test 
conditions Pyrene 480 µg kg-1 and Pyrene 970 µg kg-1 are illustrated 
in Figures 36 and 37. 
  
Figure 36. Pyrene and 1 - OHP concentrations found in worm tissue (n = 3) from 
test condition Pyrene 480 µg kg-1. Error bars show the + 1 SE. SS denotes spiked 
sediment 28 d assimilation period whereas CS denotes clean sediment elimination 
period 
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Figure 37. Pyrene and 1-OHP concentrations found in worm tissue (n = 3) from test 
condition Pyrene 970 µg kg-1 . Error bars show the + 1 SE. SS denotes spiked 
sediment 28 d assimilation period whereas CS denotes clean sediment elimination 
period 
Worm tissue pyrene concentrations for test condition Pyrene 480 µg 
kg-1 showed no concentration at sample day SS1 and levels of 1.025 
µg kg-1 at day SS7. There were no further concentrations detected 
for the remainder of the test period. 1 - OHP concentrations were 
detected at sample day SS7 (265.5 µg kg-1) and showed a slight 
increase during days SS14 (271.4 µg kg-1) and day SS21 (281.6 µg 
kg-1) followed by a decrease to 262.11 µg kg-1 at day SS28. During 
the elimination phase, 1 - OHP was only detected at day 1(CS29) of 
24.31 µg kg-1. 
Test condition Pyrene 970 µg kg-1 showed a lower worm tissue 
pyrene concentration of 0.49 µg kg-1 for individuals sampled on day 
SS1. There were no further pyrene concentrations detected for the 
balance of the test series. 1 - OHP tissue concentrations showed an 
initial value of 298.1 µg kg-1 at day SS1 increasing to 410.13 µg kg-1 
at day SS21. Concentrations then decreased from (316.84 µg kg-1) at 
day SS28 to 26.43 µg kg-1 at day CS1 (elimination day 1), with no 
further 1-OHP concentrations detected in worm tissue for the 
remainder of the test condition.   
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6.4.5 Biochemical responses 
6.4.5.1 Metallothionein 
 
MT’s were not detected in worm tissue samples from all Pb exposed 
conditions. 
6.4.5.2 SOD Activity 
 
Total SOD activity in response to Pb9.2 mg kg-1, Pyrene970 µg kg-1 
and the mixture Pb9.2 mg kg-1 + Pyrene970 µg kg-1 exposure for all 
test conditions show elevated SOD activity in comparison with the 
control group (Figure 38). 
 
Figure 38. SOD activity expressed as 50% inhibition of SOD for the test conditions 
Pb9.2 mg kg-1, Pyrene970 µg kg-1, and Pb9.2 mg kg-1 + Pyrene970 µg kg-1. SS 
relates to Spiked Sediment phase, CS related to Clean Sediment phase. All values 
are means +1 SE.  
A two - way ANOVA revealed significant differences between all 
exposure groups during the assimilation phase (F(3, 52) = 40.9, p = 
0.01). However, significant differences were not identified for the 
interaction of time (days) and exposure group (F(1, 52) = 1.05, p = 
0.38).  
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A two – way ANOVA also revealed significant differences for all 
exposure groups during the elimination phase (F(3, 52) = 3.67, p = 
<0.01). Furthermore, the interaction of time (days) on the elimination 
phase also identified significant results (F(1, 52) = 6.02, p = <0.01).  
Results demonstrate that although SOD activities were significantly 
different for all exposure groups during the assimilation and 
elimination phases, the interaction of time was significant only during 
the elimination phase.  
Levels of SOD activity were far higher (Pb9.2 mg kg-1: 38-67%, 
Pyrene970 µg kg-1: 53-64%, Pb9.2 mg kg-1 + Pyrene970 µg kg-1 :28-
61%) than those of the control for all conditions during the 28 d 
assimilation period (SS1-SS28). However, all activities for each test 
condition decreased during the 28 d excretion period (CS1 - CS28). 
Pb9.2 mg kg-1 activity decreased during CS1 to 27% and further 
declined during sample day CS7 (5%). Followed by an increase to 
15% during sample day CS14. Levels then dropped below zero for 
days CS21 and CS28 (-16, -47%) which were 27 - 58% lower than 
those of the control. 
Levels for Pyrene970 µg kg-1 decreased from 67% on sample day 
SS28 to below zero (-35%) for sample day CS1 followed by an 
increase to 35% on sample day CS7. Levels for the remainder of the 
test period were lower than those of the control (CS14:18%, CS21: 
11%, CS28:-20%). SOD activity for Pb9.2 mg kg-1 + Pyrene970 µg 
kg-1 also decreased from 77% on sample day SS28 to 14% on 
sample day CS1 however, levels then increased (CS7:64%, 
CS14:71%, CS21:83%) until sample day CS28 where levels fell to 
0.9%. 
Mean values ranged during the assimilation: Pb9.2 mg kg-1 (-3.1 + / - 
26.2%); Pyrene970 µg kg-1 (68.2 + / - 5.0%); Pb9.2 mg kg-1 + 
Pyrene970 µg kg-1 (60.1 + / - 11%); Control (-0.5 + / - 34.7%) and 
elimination phases: Pb9.2 mg kg-1 (-3.1 + / - 26.2%); Pyrene970 µg 
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kg-1 (1.88 + / - 25.8%); Pb9.2 mg kg-1 + Pyrene970 µg kg-1 (13.9 + / -
31.4%); Control (19.9 + / - 9.8%).  
SOD activity levels for worms exposed to Pb4.5 mg kg-1, Pyrene480 
µg kg-1 and the mixture Pb4.5 mg kg-1 + Pyrene480 µg kg-1 were all 
significantly higher (50 - 58, 43 - 65, 66 - 110% respectively) than 
those of the control during the 28 d assimilation period as shown in 
Figure 39. 
 
 
Figure 39. SOD activity expressed as 50% inhibition of SOD for the test conditions 
Pb4.5 mg kg-1, Pyrene480 µg kg-1, and Pb4.5 mg kg-1 + Pyrene480 µg kg-1. SS 
relates to Spiked Sediment phase, CS related to Clean Sediment phase. All values 
are means + 1SE.  
Statistical analysis using two - way ANOVA of all exposure groups 
showed that they were significantly different during the assimilation 
phase (F(3 ,52) = 48.5, p = < 0.01). However, the interaction of time 
(days) and exposure group did not identify significant results for SOD 
activity (F(1 ,52) = 0.54, p = 0.66).  
A two - way ANOVA also revealed significant differences during the 
elimination phase for all exposure groups (F(3, 52) = 18.0, p = < 0.01). 
However, significant differences were not identified for the interaction 
of time (days) and exposure (F(1, 52) = 0.26, p = 0.85) during the 
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elimination phase. Results indicate that although SOD levels were 
significantly different between all exposure groups during the 
assimilation and elimination phases, there was no significant 
interaction between time and SOD levels.  
Activities for test condition Pb4.5 mg kg-1 showed a rapid decrease 
from 69% during sample day SS28 to 19% for sample day CS1. 
Levels decreased further to -0.4% during sample day CS7 followed 
by an increase to 43% on sample day CS14. Levels then dropped to 
below those of the control (Control: CS21:20%, Pb4.5 mg kg-1: 
CS21:14%) followed by an increase to 32%. 
SOD activity levels for Pyrene480 µg kg-1 decreased from 58% on 
sample day SS28 to -46% on sample day CS1. Levels then 
increased to 20% (CS7) followed by a further decline to - 60% on 
sample day CS14. Fluctuations then continued with an increase to 
55% (CS21) followed by a decrease, lower than that of the control to 
-44% (CS28). 
Levels of SOD activity for the mixture Pb4.5 mg kg-1 + Pyrene480 µg 
kg-1 decreased to 14% on sample day (CS1) from 77% on sample 
day SS28. Levels showed a general increase during sample days 
CS7 (64%), CS14 (71%) and CS21 (83%) followed by a rapid 
decrease to 0.9% on sample day CS28.  
Mean concentration varied during the assimilation: Pb4.5 mg kg-1 
(67.5 + / - 2.3%); Pyrene480 µg kg-1 (64.4 + / - 7.3);  Pb4.5 mg kg-1 + 
Pyrene480 µg kg-1 (90.4 + / - 18.4%); Control (0.5 + / - 34.7%),  and 
elimination phase: Pb4.5 mg kg-1 (22.1 + / - 14.9%); Pyrene480 µg 
kg-1 (-14.9 + / - 44.8%);  Pb4.5 mg kg-1 + Pyrene480 µg kg-1 (46.9 + / 
- 32.9%); Control (19.9 + / -  9.9%). 
 
6.4.5.3 GSTs Activity 
 
Glutathione activity for test conditions Pb9.2 mg kg-1, Pyrene970 µg 
kg-1 and the mixture Pb9.2 mg kg-1 + Pyrene 970 µg kg-1 showed that 
 171 
 
all exposure groups were significantly different during the 28 d 
assimilation phase when analysed using a two - way ANOVA, (F(3, 52) 
= 10.27, p = < 0.01). Additionally, significant differences were 
identified for the interaction of time (days) and GSTs levels during the 
assimilation phase for all exposure groups (F(1, 52) = 5.50, p = <0.01). 
A two – way ANOVA for exposure groups during the 28 d elimination 
phase also revealed significant differences (F(3, 52) = 7.26, p = <0.01). 
Additionally, the interaction of time (days) and exposure group on 
GST levels during the elimination phase identified significant results 
(F(1, 52) = 4.80, p = <0.01). Results show that GSTs levels for all 
exposure groups were significantly different, observed for the 
duration of the experiment. This may indicate that exposure to Pb 
and pyrene, individually and in combination, elicits an immediate and 
more ominously, continued elevation of GSTs levels post exposure. 
Elevated GSTs levels were demonstrated for all test conditions 
against the control group up to sample day CS7 as shown in Figure 
40. 
   
Figure 40. GSTs Activity (U mol min mg-1) of worms (n = 3) from test conditions 
Pb9.2mg kg-1, Pyrene 970µg kg-1, Pb9.2mg kg-1 + Pyrene 970 µg kg-1 and control. 
SS relates to Spiked Sediment phase, CS related to Clean Sediment phase 
Concentrations are mean values + 1SE.  
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Levels for the mixture Pb9.2 mg kg-1 + Pyrene970 µg kg-1 (646 U mol 
min mg-1) showed a slight decrease against the control (709 U mol 
min mg-1 ) on sample day CS7 whereas levels for Pb9.2 mg kg-1 
(1711 U mol min mg-1) and Pyrene970 µg kg-1 (1724 U mol min mg-1) 
remained elevated.  Levels for sample day CS14 for Pb9.2 mg kg-1: 
653 U mol min mg-1  and Pyrene970 µg kg-1: U mol min mg-1  mol 
showed a rapid decrease which continued on sample day CS21 
(Pb9.2 mg kg-1: 102, Pyrene970 µg kg-1: 108 U mol min mg-1) 
whereas the mixture Pb9.2 mg kg-1 + Pyrene970 µg kg-1 (505 U mol 
min mg-1) remained elevated against the control (250 U mol min mg-
1). Levels for all conditions then showed a rapid increase during 
sample day CS28 (Pb9.2 mg kg-1: 1068 U mol min mg-1, Pyrene970 
µg kg-1: 1050 U mol min mg-1, Pb9.2 mg kg-1 + Pyrene970 µg kg-1: 
1096 U mol min mg-1) against the Control (218 U mol min mg-1).  
Mean concentrations varied during the assimilation: Pb9.22 mg kg-1 
(694.13 + / - 373.93 U mol min mg-1); Pyrene970 µg kg-1 (375.75 + / -
138.17 U mol min mg-1); Pb9.2 mg kg-1 + Pyrene970 µg kg-1 (734.76 
+ / - 500.96 U mol min mg-1); Control (249.59 + / - 152.99 U mol min 
mg-1) and elimination phases : Pb9.22 mg kg-1 (956.74 + / - 545.67 U 
mol min mg-1); Pyrene970 µg kg-1 (1131.31 + / - 525.85 U mol min 
mg-1); Pb9.2 mg kg-1 + Pyrene970 µg kg-1 (722.54 + / - 728.16 U mol 
min mg-1); Control (348.75 + / - 175.59 U mol min mg-1). 
GSTs activity levels for the test conditions Pb4.5 mg kg-1, Pyrene480 
µg kg-1, and the mixture Pb4.5 mg kg -1 + Pyrene970 µg kg-1 
illustrated in Figure 41 generally, elevated concentrations against the 
control. 
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Figure 41. GSTs (U mol min mg-1) activity for worms (n = 3) from test conditions 
Pb4.5 mg kg-1, Pyrene480 µg kg-1 and the mixture Pb4.5 mg kg-1+Pyrene480 µg 
kg-1. Results shown are mean values + 1SE. 
Statistical analysis using a two - way ANOVA demonstrated that all 
exposure groups were significantly different during the 28 d 
assimilation phase: (F(3, 55) = 4.53, p = < 0.01). The interaction of time 
(days) and exposure group on GSTs levels during the assimilation 
phase also identified significant differences (F(1, 52) = 5.21, p =  
<0.01). 
Additionally, a two - way ANOVA determined significant differences 
during the 28 d elimination phase for all exposure groups (F(3, 52) = 
15.8, p = < 0.01). Furthermore, significant differences were identified 
for the interaction of time (days) and exposure group on  GST levels 
(F(1, 52) = 5.21, p = <0.01). Results demonstrate that GST levels were 
significantly different for all exposure groups throughout the duration 
of the 28 d assimilation and elimination phases indicating both the 
rapid and prolonged effect of Pb and pyrene (alone and in 
combination) during and post exposure.  
GSTs levels for the test conditions Pyrene480 µg kg-1 (645 U mol min 
mg-1) and the mixture Pb4.5 mg kg-1 + Pyrene480 µg kg-1 (646 µg kg-
1) showed a reduction against the control (709 U mol min mg-1) on 
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sample day CS7. Levels for all test conditions then remained 
elevated against the control for the remainder of the test period, with 
the exception of Pb4.5 mg kg-1 which decreased from 646 U mol min 
mg-1  on sample day CS14 to 105 U mol min mg-1  on sample day 
CS21 (Control 250 U mol min mg-1).  
Mean concentrations during the assimilation phase ranged: Pb4.5 
mg kg-1 (684.10 + / - 427.64 U mol min mg-1); Pyrene480 µg kg-1 
(533.04 + / - 256.311 U mol min mg-1); Pb4.5 mg kg-1 + Pyrene480 µg 
kg-1 (405.59 + / - 158.39 U mol min mg-1); Control (249.59 + / - 
152.99 U mol min mg-1). During the elimination phase, mean results 
ranged: Pb4.5 mg kg-1 (882.15 + / - 426.32 U mol min mg-1); 
Pyrene480 µg kg-1 (889.21 + / - 181.78 U mol min mg-1); Pb4.5 mg 
kg-1+Pyrene480 µg kg-1 (534.63 + / - 247.98 U mol min mg-1); Control 
(348.75 + / - 175.59 U mol min mg-1). 
 
6.4.5.4 Cytochrome P450 activity 
 
CYP450 concentrations for individuals exposed show elevated levels 
against those of the control group for these test conditions during 
both the assimilation and excretion periods, shown in Figure 42. 
Furthermore, results clearly indicate that levels of CYP450 are higher 
during the excretion phase (clean sediment) than during the 
assimilation phase (spiked sediment). 
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Figure 42. Cytochrome P450 concentrations (nmol min ml-1) for individuals (n=3) 
exposed to the test conditions Pb9.2mg kg-1, Pyrene970µg kg-1 and the mixture 
Pb9.2mg kg-1 + Pyrene 970 µg kg-1. SS relates to the Spiked Sediment phase, CS 
relates to the Clean Sediment phase. All results shown are mean values + 1 SE. 
A two - way ANOVA determined significant differences between 
CYP450 concentrations in the exposure groups during the 28 d 
assimilation phase (F(3, 55) = 20.6, p = < 0.01). Also, significant 
differences were identified for the interaction of time (days) and 
exposure group on CYP450 levels during the assimilation phase (F(1, 
52) = 4.0, p = 0.01).  
Significant differences were also found between all exposure groups 
during the 28 d elimination phase (F(3, 52) = 28.9, p = <0.01). The 
interaction of time (days) and exposure also revealed significant 
differences on GSTs levels (F(3, 52) = 4.01, p =  0.01) demonstrating 
that during and post exposure to pyrene and Pb (individually and in 
mixtures) effects CYP450 levels. 
Concentrations for those exposed to Pyrene970 µg kg-1 (2.85 nmol 
min ml-1) were higher on sample day SS1 than those of Pb9.2mg kg-1 
(-0.87 nmol min ml-1) and the control (0.43 nmol min ml-1). 
Concentrations then followed a generally increasing trend for all 
conditions for the remainder of the assimilation period (SS1 - SS28). 
Concentrations continued to increase for the first sample day (CS1) 
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of the excretion period for Pb9.2 mg kg-1 (14.2 nmol min ml-1), 
Pyrene970 µg kg-1 (12.74 nmol min ml-1), and the mixture Pb9.2 mg 
kg-1 + Pyrene 970 µg kg-1 (13.62 nmol min ml-1). A rapid increase to 
24.17 nmol min ml-1 for mixture test condition Pb9.2 mg kg-1 + 
Pyrene 970 µg kg-1 and to 17.5 nmol min ml-1 for Pyrene970 µg kg-1 
was found on sample day CS14 whereas concentrations for the 
Pb9.2 mg kg-1 decreased slightly to 10.98 nmol min ml-1. 
Concentrations for Pb9.2 mg kg-1 remained constant during the 
sample days CS21 (13.40 nmol min ml-1) and CS28 (13.62 nmol min 
ml-1) whereas concentrations for Pyrene970 µg kg-1 decreased to 
1.53 nmol min ml-1 for sample day CS21 and 2.85 nmol min ml-1 on 
CS28. Results for the mixture Pb9.2mg kg-1 + Pyrene970 µg kg-1 
showed a decrease on sample day CS21 (6.59 nmol min ml-1) 
followed by an increase to 21.3 nmol min ml-1 on sample day CS28. 
Mean concentrations during the assimilation phase ranged: Pb9.2 
mg kg-1 (4.74 + / - 4.12 nmol min ml-1); Pyrene970 µg kg-1 (4.30 + / -
3.02 nmol min ml-1); Pb9.2 mg kg-1 + Pyrene970 µg kg-1 (4.53 + / - 
3.88 nmol min ml-1); Control (-2.33 + / - 7.88 nmol/ml). During the 
elimination phase mean concentrations ranged: Pb9.2 mg kg-1 (12.84 
+ / -2.83 nmol min ml-1); Pyrene970 µg kg-1 (8.92 + / - 6.34 nmol min 
ml-1); Pb9.2 mg kg-1 + Pyrene970 µg kg-1 (14.90 + / - 7.24 nmol min 
ml-1); Control (-1.19 + / - 3.53 nmol min ml-1). 
Cytochrome P450 concentrations for the exposure groups Pb4.5 mg 
kg-1, pyrene480 µg kg-1, and Pb4.5 mg kg-1 + pyrene480 µg kg-1 
during the 28 d assimilation phase were significantly different 
between the exposed groups using a two- way ANOVA (F(3, 52) = 
11.2, p =  <0.01). However, results using the interaction of time 
(days) and exposure did not reveal significant differences (F(3, 52) = 
1.03, p =  0.38).  
Similarly, a two - way ANOVA revealed significant differences 
between the exposure groups during the 28 d elimination phase (F(3, 
52) = 13.04, p = <0.01). Although there were no significant differences 
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identified using the interaction of time (days) and exposure on 
CYP450 levels (F(3, 52) = 1.55, p =  0.21). Results indicate significant 
differences in CYP450 levels for all exposure groups.  
Moreover, elevated concentrations were found for all test conditions 
against those of the control during both the assimilation and 
excretions periods as illustrated in Figure 43. Again, results show 
higher levels of CYP450 during the elimination than assimilation 
phase. 
 
 
Figure 43. Cytochrome P450 concentrations (nmol min ml-1) for individuals (n = 3) 
exposed to the test conditions Pb4.5 mg kg-1, Pyrene480 µg kg-1 and the mixture 
Pb4.5 mg kg-1 + Pyrene 480 µg kg-1. SS relates to the Spiked Sediment phase and 
CS relates to the Clean Sediment phase. All results shown are mean values, error 
bars detail + 1 SE. 
Initial concentrations for Pb4.5 mg kg-1 (2.19 nmol min ml-1) and the 
mixture Pb4.5 mg kg-1 + Pyrene 480 µg kg-1 (5.05 nmol min ml-1) 
were higher than those exposed to Pyrene480 µg kg-1 (- 3.95 nmol 
min ml-1) and the control (0.43 nmol min ml-1). Concentrations for all 
conditions showed a general increase through assimilation sample 
days SS1-SS21 however, results for the mixture Pb4.5 mg kg-1 + 
Pyrene 480 µg kg-1 decreased rapidly to -10.1 nmol min ml-1 on 
sample day SS28. During the excretion period, concentrations for all 
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test conditions remained elevated against the control with both 
Pyrene480 µg kg-1 (40.65 nmol min ml-1) and Pb4.5 mg kg-1 + 
Pyrene480 µg kg-1 (32.96 nmol min ml-1) showing a rapid increase for 
sample day CS14. 
Mean concentrations during the assimilation phase ranged: Pb4.5 
mg kg-1 (5.18 + / - 3.44 nmol min ml-1); Pb4.5mg kg-1 + Pyrene480 µg 
kg-1 (2.89 + / - 6.85 nmol min ml-1), Pyrene480 µg kg-1 (3.47 + / - 5.00 
nmol min ml-1); Control (-2.33 + / - 7.88 nmol min ml-1). During the 
elimination phase mean concentrations for all exposed groups 
increased: Pb4.5 mg kg-1 (9.80 + / - 3.80 nmol min ml-1); Pb4.5 mg 
kg-1 + Pyrene480 µg kg-1 (13.19 + / - 10.90 nmol min ml-1; Pyrene480 
µg kg-1 (18.73 + / - 12.78 nmol min ml-1); Control (-1.19 + / - 3.53 
nmol min ml-1).  
6.4.5.5 8-OHdG Concentration 
 
The levels of 8 - OHdG concentrations for test conditions Pb9.2 mg 
kg-1, Pyrene970 µg kg-1 and the mixture Pb9.2 mg kg-1 + Pyrene970 
µg kg-1 were between 119-124% higher than those of the control 
group in total. Furthermore, results for all test conditions were in 
excess of those from the control group for all sample days as shown 
in Figure 44. 
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Figure 44. 8 - OHdG concentrations (pg min ml-1) for individuals (n = 3) exposed to 
test conditions Pb9.2 mg kg-1, Pyrene970 µg kg-1, Pb9.2 mg kg-1 + Pyrene970 µg 
kg-1 and the control group. SS relates to the Spiked Sediment phase, CS relates to 
the clean sediment phase. 
Results for test conditions Pb4.5 mg kg-1, Pyrene480 µg kg-1, Pb4.5 
mg kg-1 + Pyrene480 µg kg-1 (Figure 45), show concentrations which 
were 116 - 122% higher than those of the control group in total for 
the duration of the experiment.  
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Figure 45. 8 - OHdG concentrations (pg min ml-1) for individuals (n = 3) exposed to 
the test conditions Pb4.5 mg kg-1, Pyrene480 µg kg-1, Pb4.5 mg kg-1 + Pyrene480 
µg kg-1 and the control group. SS related to the Spiked Sediment phase, CS relates 
to the Clean Sediment phase. 
6.4.6 Relationships of worm tissue concentrations and biochemical 
responses 
 
Spearman’s correlation coefficient revealed non- significant 
relationships between worm tissue Pb concentrations, single Pb 
exposure and Pb +  pyrene exposure experiments: Pb9.2 mg kg-1(rs = 
0.127, p = 0.733), Pb9.2 mg kg-1 + Pyrene970 µg kg-1 (rs = -0.409, p = 
0.241); Pb4.5 mg kg-1 (rs = 0.067, p = 0.854); Pb4.5 mg kg-1 and 
Pyrene480 µg kg-1 (rs = 0.267, p = 0.455).   
Furthermore, analysis of biochemical tests, worm tissue Pb and 
pyrene concentration did not reveal any significant relationships (p = 
> 0.05). 
  
6.5 Discussion 
 
6.5.1 Pb assimilation and excretion 
 
Bioaccumulation of individual and mixtures of Pb and Pyrene within 
this study highlight that the presence of pyrene in mixtures with Pb, 
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reduced the bioaccumulation of Pb in H diversicolor. Levels of Pb 
within individuals exposed to the mixtures Pb9.2 mg kg-1 + 
Pyrene970 µg kg-1 and Pb4.5 mg kg-1 + Pyrene480 µg kg-1 had levels 
of Pb far lower than those exposed to identical Pb concentrations. 
These results agree with those observed in Chapter 6 for the test 
concentration Pb4.5 mg kg-1 + Pyrene480 µg kg-1 but are contrary to 
the exposure group Pb9.2 mg kg-1 + Pyrene970 µg kg-1 where higher 
Pb levels for this mixed group were recorded. One possible 
explanation for this is that this exposure experiment was conducted 
over 28 d as opposed to 7 d. Therefore, increased assimilation of Pb 
may have occurred over this longer test series. As previously 
discussed in Chapter 5, the hydrophobic and lipophilic nature of 
PAH’s may result in the direct binding to biological membranes. 
Subsequent membrane structure and fluidity change may Pb to ion-
regulatory dysfunction and the reduced transport of metal ions across 
the cell membrane via Ca2+ and Na+ / K+ ATPases (Gauthier et al., 
2016; Kim et al., 2016; Shuona et al., 2017). Therefore, the lower Pb 
worm tissue concentrations found in Chapter 6 for test exposure 
group Pb9.2 mg kg-1 + Pyrene970 µg kg-1 may be related to an 
interaction of pyrene at the cellular membrane. Interestingly, worm 
tissue pyrene results for exposure group Pb9.2 mg kg-1 + Pyrene970 
µg kg-1 in Chapter 6 ranged from 0.98, 2.49 and 0.38 µg kg-1 on days 
1, 3 and 7 respectively.  Pyrene results for test group Pb9.2 mg kg-1 + 
Pyrene970 µg kg-1 in this chapter were lower with concentrations of 
0.29 - 0.04 µg kg-1 on days 1 and 7 respectively. Worm tissue pyrene 
concentrations for exposure group Pb4.5 mg kg-1 + Pyrene480 µg kg-
1 were lower overall than exposure groups Pb9.2 mg kg-1 + 
Pyrene970 µg kg-1 in both chapters and may support the hypothesis 
that lower concentrations of pyrene may reduce Pb uptake whereas 
higher tissue pyrene concentrations increase Pb uptake correlated to 
pyrene concentration dependant membrane fluidity alterations. 
Although studies regarding co - exposures of PAH’s and metals are 
few,  Diaz-Jarmillo et al. (2017) and Wang et al. (2011a), reported 
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increased uptake of metals following pyrene co exposure, mercury in 
the polychaete Perineries gualpensis and cadmium in the clam 
Rudiptapes philipparuim respectively. However, Moreau et al., (1999) 
and Gust and Fleeger (2006), demonstrated a decrease in metal 
uptake following co exposure with phenanthrene: Zn in sheepshead 
minnows Cyprinodon variegatus and cadmium in the freshwater 
oligochaete Llyodrilus temletoni respectively. Clearly, further 
research regarding the effects of PAH exposure on cell membrane 
fluidity and damage are necessary including concentration related 
change, cell electric potential and influences of ion ATPases. 
∑ worm tissue concentrations for both Pb9.2 mg kg-1 (assimilation: 
459.67 mg kg-1, elimination: 608.52 mg kg-1) and Pb9.2 mg kg-
1+Pyrene970 µg kg-1 (assimilation:97.13, elimination:240.57 mg kg-1) 
showed higher Pb levels during the elimination phase than for the 
assimilation phase. A suggestion as to why an increase occurred 
during the elimination phase may be due to assimilation of Pb from 
sediment particles adhered to the mucous layer which surrounded 
the worms.  
Mucous excretion by H diversicolor has been observed following 
exposure to metals (Buffet et al., 2011; Gomes et al., 2013; 
Mouneyrac et al., 2003), attributed as a regulatory protective barrier 
against metal uptake (Geffard et al., 2005; Mouneyrac et al., 2003). 
During this experiment the mucous layer was not removed 
intentionally when worms were moved from spiked sediment tanks 
and placed into clean sediment, as injury to the worms may have 
occurred. However, as sediment was adhered to the mucus layer it is 
possible that Pb contamination may have been present on the mucus 
layer, then transferred to the clean sediment tank and assimilated by 
worms.  
The body size of the worms may have also influenced total metal 
results. Although worms were of similar age, dissimilar lengths (~ 40 
– 60 mm) and body mass were observed. Although analysis using 
Spearman’s correlation coefficient between worm weight and Pb 
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concentration did not highlight correlations reported in Chapter 6. 
Additionally, as worms were randomly allocated to tanks, there 
should be no effects of size or weight.  
Results from this study clearly show interactions between Pb and 
pyrene regarding bioaccumulation. However, uptake of both 
contaminants via ingestion of contaminated particles have not been 
addressed. As previously discussed in Chapter 3, the bioavailability 
of Pb from sediment was shown to correlate with sediment digestion 
using proteinase K. This may indicate that ingestion of sediment is 
the primary uptake pathway for Pb assimilation in H diversicolor. 
However, there is limited research of how far digestive fluids from 
sediment dwelling invertebrates influence the assimilation of PAH’s 
from sediment. Studies regarding the lug worm Arenicola marina gut 
fluids influence on the dissolution of PAH from sediment suggested 
that digestive surfactants play a pivotal role in bioaccumulation of 
PAH’s from the environment (Voparil and Mayer, 2000). Additionally, 
high desorption and absorption efficiencies of the hydrophobic 
contaminants hexachlorobenzene and c -tetrachlorobiphenyl by gut 
fluid in the marine polychaete Neries succinea were attributed to 
increased surfactancy and higher micelle concentration. As such, 
digestion may prove to be a primary uptake pathway of sediment 
bound PAH’s however, surfactants from H diversicolor gut fluids have 
not yet been identified limiting effectiveness of further research. 
Low pyrene concentrations were found in worm tissue from all test 
conditions during sample days SS1 - 7. The low levels of pyrene 
used in this series of experiments in conjunction with worm count in 
the tanks may have contributed to the rapid uptake of pyrene by 
worms. Rapid uptake and metabolism of PAH’s by worms in the 
study are in agreement with previous observations (Carrasco-
Navarro et al., 2015; de Gelder et al., 2016; Timmermann and 
Andersen, 2003; Wang and Wang, 2006).  
Following uptake, pyrene is metabolised to produce phase l 
metabolite by the enzyme Cytochrome P450 (CYP450) and phase ll 
by enzymes including GSTs (Giessing et al., 2003). Although the 
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phase ll metabolite of pyrene: 1 - hydroxy glucuronide has been 
suggested as the primary excretory product of pyrene by H 
diversicolor, the phase l product 1 - OHP was also found in gut tissue 
and excretion water (Giessing et al., 2003). Excretion of phase l and 
phase ll metabolites of pyrene by this species into surrounding 
sediment following exposure have been previously reported 
(Christensen et al., 2002b; Giessing et al., 2003). It is reasonable to 
suggest that levels of 1 - OHP found in individuals for these 
experiment post pyrene exposure may be influenced by uptake of pre 
- excreted products into the sediment.  
Further investigations regarding the bioaccumulation of pyrene and 
other PAH’s may benefit from using 1 h sample periods from the 
immediate placement of the organism into the spiked matrix. This 
may allow a better understanding of the uptake rate and subsequent 
metabolization. It is clear that further investigations are warranted 
regards the assimilation, excretion and metabolization of pyrene and 
its metabolites by H diversicolor. 
 
6.5.2 Metallothionein’s 
 
MT’s were not detected from worm tissue in this test series following 
exposure to Pb. To determine the accuracy of MT induction, Cu 
exposed worms from Chapter 5 were analysed and MT’s were 
identified. This observation agrees with previous studies reporting 
MT induction in H diversicolor by Rainbow et al. (2013) and Berthet 
et al. (2003) following Cu, cadmium and Zn exposure and Garcia-
Alonso et al. (2011) following silver exposure. Although MT induction 
following exposure to Pb has been evidenced in crustaceans; 
Swimming crab (Callinectes danae)(Bordon et al., 2018); marine 
sponge (Chondrilla nucula) (Ferrante et al., 2018) marine polychaete 
(Perinereis nuntia) (Won et al., 2012) and the clam Ruditapes 
philippinarum (Aouini et al., 2018), there is no work evident in the 
literature regarding MT induction by Pb in H diversicolor. However, 
Poirier et al., (2006) detail investigations of H diversicolor  from multi 
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- metal contaminated sediments which included Pb from the Seine 
Estuary where biochemical investigations revealed conjugation of Pb 
and S - H group suggestive of MT like proteins. Furthermore, MT’s 
decreasing affinity for metals ( Hg2+ > Cu+ Ag+, Bi3+ >> Cd2+ > Pb2+ > 
Zn2+ > Co2+ ) (Amiard et al., 2006) shows the lower rank of Pb ions, 
this non-essential metal has a higher affinity than the essential metal 
Zn, observed to induce MT synthesis (Buffet et al., 2011; Pini, 2014). 
Therefore, it may be assumed that exposure to Pb would result in the 
induction of MT’s. However, it is plausible that the concentrations 
used in this series of experiments were too low to initiate a response 
or were below the levels of detection. Also, assimilation of Pb by 
worms in this test series may have been regulated by other biological 
processes including basic metal ATPase efflux or sequestration by 
lysosomes (Gauthier et al., 2014). Nonetheless, it is suggested that 
further investigations using Pb exposure and H diversicolor including 
genetic regulation, mRNA levels and tissue deposition may clarify 
mechanisms. 
 
6.5.3 Regulation of reactive oxygen species 
 
Levels of SOD in worm tissue were far higher than the control group 
from all test conditions during the assimilation phase (SS1 - SS28), 
indicating that both pyrene and Pb (alone and in combination) initiate 
the production of ROS in H diversicolor. Interestingly, the levels of 
SOD decreased for all test conditions during the excretion phase. 
Yet, levels of Pb in worm tissue for test condition Pb9.2 mg kg-1 were 
found to be higher during the excretion phase and may indicate 
detoxification via subcellular partitioning (Berthet et al., 2003; Dang 
et al., 2012; García-Alonso et al., 2011; Rainbow P. S et al., 2007). 
Mean concentrations for test conditions were similar during the 
assimilation phase (60 - 68%) excluding Pb4.5 mg kg-1 + Pyrene480 
µg kg-1 which showed increased levels (90.4%). During the 
elimination phase SOD concentrations ranged: Pb9.2 mg kg-1 (-3%); 
Pyrene970 µg kg-1 (1.9%); Pb9.2 mg kg-1 + Pyrene970 µg kg-1 
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(13.9%); Pb4.5 mg kg -1 (22.1%); Pyrene480 µg kg-1 (-14.9%), 
whereas values for Pb4. 5 mg kg-1 (46.9%) remained high suggesting  
continued presence of ROS at this Pb concentration. 
 
GSTs levels remained high, with the exception of test conditions 
Pb9.2 mg kg-1, Pyrene970 µg kg-1 and Pb4.5 mg kg-1 on sample day 
CS21 throughout the duration of the test period. Results for the 
combined test group Pb9.2 mg kg-1 + Pyrene970 µg kg-1 (734.76 U 
mol min ml-1) were higher than Pyrene970 µg kg-1 (375.75 U mol min 
ml-1) and Pb9.2 mg kg-1 (694.13 U mol min ml-1). The higher values in 
the combined group may suggest that the combined exposure to Pb 
and pyrene at these concentrations increases overall ROS 
production.  
Interestingly, during the assimilation phase results for the combined 
group Pb4.5 mg kg-1 + Pyrene480 µg kg-1 (405.59 U mol min ml-1) 
results were lower than the Pb (Pb4.5 mg kg-1 684.10 U mol min ml-1) 
and pyrene (Pyrene480 µg kg-1 533.04 U mol min ml-1) exposed test 
groups. Reduction of GSTs has previously been reported following 
cadmium and benzo [a] pyrene exposure in sea bass Centropritis 
striata (Fair, 1986) and cadmium and mixed PAH’s in the mussel 
Mytilus trossulus (Pempkowiak et al., 2006). Therefore, results from 
the present study may indicate an inhibitory effect of Pb and pyrene 
at these concentrations. Additionally, all GSTs results during the 
elimination phase exceeded those of the assimilation phase 
suggesting the continued metabolism of Pb, pyrene and ROS by this 
enzyme (Wang et al., 2011a) during the assimilation stage of the 
experiments. ROS generated by Pb assimilation may reduce 
glutathione concentrations due to its inhibiting mechanism with 
sulfhydryl groups (Dai et al., 2018; Dai et al., 2012; Kim et al., 2017). 
This reduction in GSTs following Pb exposure has been reported: 
Grey mullet Mugli cephalus and Tiger perch Terapon jarbua 
(Hariharan et al., 2012), Wistar rat liver cells (Liu et al., 2011), 
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common carp Cyprinus carpio  (Özkan-Yılmaz et al., 2014) and are 
therefore in agreement with results from the present study.  
 
Additionally, during the metabolism of PAH’s, phase l products 
formed by hydroxylation are conjugated via phase ll enzymes 
including GSTs (Shailaja and D’Silva, 2003). High levels of GSTs 
recorded for pyrene exposed test conditions may therefore have 
been influenced by this continued metabolism but also may highlight 
its role in ROS regulation following exposure to Pb and pyrene. 
These results are in agreement with Bourauoi et al., (2009) who 
describe similar increased levels of GST following exposure of H 
diversicolor to mixtures of Cu and benzo [a] pyrene.  
 
CYP450 levels for all test conditions showed a general increasing 
trend throughout the assimilation phase (SS1 - SS28). However, 
higher levels of CYP450 were found for all conditions during the 
elimination phase of these experiments and may therefore suggest 
inhibition by both Pb and pyrene during the exposure phase. 
Additionally, the continued expression during the elimination phase 
may relate to the presence of 1 - OHP in the pyrene exposed test 
groups and high Pb body burdens in Pb exposed groups.  
Mean values of CYP450 were higher in both Pb exposed test groups 
than in respective mixed and pyrene only groups: Pb9.2 mg kg-1 
(4.75 nmol min ml-1); Pb9.2 mg kg-1 + Pyrene970 µg kg-1 (4.52 nmol 
min ml-1); Pyrene970 µg kg-1 (4.30 nmol min ml-1);  Pb4.5 mg kg-1 
(5.18 nmol min ml-1); Pb4.5 mg kg-1+ Pyrene480 µg kg-1 (2.89 nmol 
min ml-1); Pyrene970 µg kg-1 (4.31 nmol min ml-1).  
Production of ROS via both metal and PAH uptake may induce heme 
oxygenase 1 (HO - 1), which serves to transform the pro-oxidant 
heme into the anti-oxidant bilirubin (Benedetti et al., 2015). This may 
result in the either the degradation of existing CYP proteins or the 
reduction of heme groups required for synthesis of new CYP proteins 
(Gauthier et al., 2016). This down regulates the induction CYP450 at 
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both the transcriptional and post transcription levels (Bessette et al., 
2005), which may explain higher levels of CYP450 during the 
elimination phase of these experiments. Therefore, reduced CYP450 
levels in the mixed test groups may indicate that ROS generation by 
Pb decreased CYP activity and are in agreement with research 
conducted by Korashy and El-Kadi (2012). Furthermore, the lower 
levels of CYP450 in the pyrene only exposed test groups may relate 
directly to activation associated with pyrene at these concentrations.  
  
Additionally, disruption of CYP450 following Pb and pyrene uptake 
may reduce the metabolism of the Phase l products of pyrene. 
Although, for this study pyrene levels in worm tissue in all exposed 
individuals decreased rapidly from days 1 - 14 indicating successful 
hydroxylation at recorded levels.  It is suggested therefore, that the 
use of CYP450 activity following exposure to both metals and PAH’s 
to determine exposure and ROS response may underestimate the 
biological stress to organisms.  
 
Concentrations of Pb for all exposed conditions remained high during 
the excretion phase and may indicate the sub cellular partitioning of 
metals. Cellular partitioning of metals in H diversicolor has been 
demonstrated (García-Alonso et al., 2011; Geffard et al., 2005; Li et 
al., 2012; Rainbow et al., 2004), ascribed as a detoxification strategy 
where accumulated metals are transferred and stored in cellular 
granules or bound to proteins (including MT) thereby eliminating toxic 
effects (Rainbow et al., 2004). As previously discussed, MT’s were 
not detected in worm tissue from any Pb exposed condition. 
Moreover, Raimundo et al. (2010) (Common octopus, Octopus 
vulgaris), Gao et al. (2016) (Japanese scallop, Mizuhopecten 
yessoensis) evidenced that Pb extracted from exposed individuals 
were associated with high molecular weight proteins. This may 
suggest that low molecular weight MT’s have no function in Pb 
regulation in H.diversiclor and may explain the continued expression 
of the high molecular weight Cytochrome P450 and GSTs. Further 
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research is required regarding the cellular partitioning of Pb by H 
diversicolor to elucidate the association between high and low 
molecular weight proteins. 
 
6.5.4 Induction of oxidative damage in DNA by Pb and Pyrene 
 
DNA adducts in marine invertebrates may be formed through a 
variety of processes where an organism is placed under biotic or 
abiotic stress such as variation in temperature, salinity, pH, oxygen 
and environmental pollution (de Almeida et al., 2003). However, the 
reaction of Pb and pyrene with nucleic acids may initiate 
modifications via direct binding to the phosphate backbone or 
indirectly through lesions produced by ROS production (Yu et al., 
2016b). Lesions which result in the modification of guanosine to 8 - 
OHG or 8 - OHdG are widespread, leading to its use as a biomarker 
of oxidative damage (Simms and Zaher, 2016). Furthermore, it is 
acknowledged that Pb2+ ions may dissociate Zn2+ in Zn finger 
proteins leading to function impairment, adducts, improper protein 
folding (Huang et al., 2004a; Petering et al., 2000; Sivo et al., 2018) 
and subsequent alteration of gene expression (Kluska et al., 2018). 
8 - OHdG concentrations for all test conditions were detected at 
higher levels than those of the control throughout the duration of the 
test period. As levels for all test conditions showed only a slight 
decline during the excretion phase, this may indicate continued ROS 
production brought by continued body burdens of Pb or more 
ominously, from exposure to pyrene post metabolism and excretion. 
Additionally, dissociation of Zn2+ by Pb2+ in Zn fingers may lead to the 
reduction of DNA binding capability therefore increasing the 
prevalence of adducts (Hartwig and Schwerdtle, 2002; Huang et al., 
2004b; Petering, 2017). The high levels of 8 - OHdG found in this 
research may further highlight how mechanisms of detoxification in H 
diversicolor are insufficient to regulate ROS generated by individual 
and mixed concentrations of Pb and pyrene.  
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6.6 Conclusion 
 
Both Pb and Pyrene are assimilated by the marine invertebrate H 
diversicolor. The presence of pyrene in both mixed test groups 
resulted in lower Pb assimilation and may indicate that combined 
exposure may elicit an antagonistic effect. Worm tissue 
concentrations for those exposed to Pb9.2 mg kg-1 and Pb9.2 mg kg-
1 + Pyrene970 µg kg-1 condition showed an increase in Pb tissue 
concentration during the excretion phase. This may be a result of 
bioaccumulation from Pb contaminated particles assimilated to the 
worm mucus layer however, to exclude the influence of worm weight 
on bioaccumulation, larger sample sizes are suggested. Pb may be 
partitioned into sub cellular granules to reduce toxicity. However, 
MT’s were not detected in worms exposed to Pb which indicates that 
MT’s are not involved in Pb detoxification. To understand this 
detoxification mechanism, further investigations regarding sub -
cellular partitioning of Pb in H diversicolor are essential. 
Pyrene metabolization to the phase 1 product 1 - OHP occurred in all 
test pyrene exposed test conditions from sample days SS1 - 7. 1 -
OHP was detected in worm tissue for the duration of the assimilation 
phase. This may be a result of continued excretion and re - uptake of 
1 - OHP.   
Results indicate that both Pb and pyrene are ROS producers in H 
diversicolor alone and in combination. SOD, GSTs and Cytochrome 
P450 all showed elevated levels against the control group. Although, 
decreased levels of cytochrome P450 during the assimilation phase 
suggest inhibition.  
GSTs levels were far higher in the Pb9.2 mg kg-1 + Pyrene970 µg kg-
1 test group than respective individual Pb and pyrene exposures. 
This may indicate that this combined exposure, increases ROS 
production. However, reduced GSTs observed in the Pb4.5 mg kg-1 + 
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Pyrene480 µg kg-1 test group than respective pyrene and Pb only 
groups suggest inhibition of GSTs at this concentration.  
Elevated levels of the DNA adduct 8 - OHdG in worm tissue from all 
test conditions indicated insufficient regulation of ROS following 
exposure to Pb and pyrene (alone and in combination). Additionally, 
dissociation of Zn2+ ions by Pb2+ in Zn fingers may lead to a reduction 
of DNA binding affinity, increased levels of DNA adducts and protein 
mis-folding.  However, to elucidate the toxic action of Pb and pyrene 
in H diversicolor  further investigations including assessment of DNA 
binding domains, Zn finger proteins, cellular alterations and storage 
following exposure are warranted.  
Results from the present study illustrate how pyrene and Pb 
assimilation initiate ROS in H diversicolor. Ominously, ROS levels 
were not sufficiently regulated by H diversicolor resulting in the 
formation of DNA adducts. Importantly, the concentrations of Pb and 
pyrene used in exposure tests in the present study were far lower 
than those reported in the Fleet lagoon (Chapters 3 and 4). 
Therefore, the effects of exposure at these reported concentrations 
on resident Fleet lagoon populations may be severe. However, these 
findings highlight negative genotoxic effects following Pb and pyrene 
exposure relevant to all populations of H diversicolor exposed to 
these contaminants within their environments.   
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7. Energy alterations of H diversicolor following exposure 
to pyrene and Pb. 
7.1 Introduction 
 
Contamination including Pb and pyrene within the marine 
environment may be observed to elicit toxicity, where the most 
severe cases results in the mass mortality of species (Blackstock and 
Pearson, 1985). Although such catastrophic events are easily 
recognised, contamination exposure may also alter biodiversity 
observed as overall species decline or an increase in less sensitive 
flora and fauna (Johnston and Roberts, 2009b). As organisms 
endeavour to detoxify contaminants, a reduction of fitness may occur 
as individuals attempt to re-establish their internal environment 
(Sokolova et al., 2012). As such, this reduced fitness may go 
unnoticed, detected as a reduction of biodiversity over long periods 
of time (Silva et al., 2018; Yeung et al., 2017).  
Energy homeostasis may be considered as the requirement to obtain 
energy via food to maintain functions of survival and Darwinian 
fitness (Sokolova et al., 2012). Respiration and activities associated 
with basal metabolic rate may be considered as static survival 
whereas, for an organism to achieve fitness associated with somatic 
growth and reproduction, surplus energy from food uptake is 
necessary (Hummel and Patarnello, 1994; Sokolova et al., 2012). 
However, exposure to contamination necessitates the adaptation of 
this energy homeostasis as increased protein turnover, synthesis of 
specific proteins and excretion are energy demanding (Nilin et al., 
2012).  
Therefore, energetic costs associated with pollution exposure and 
subsequent biological responses are often witnessed as a depletion 
of the energy reserves in the form of proteins, lipids and 
carbohydrates (Pook et al., 2009). Repair of biological damage as a 
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consequence of exposure, modifies the organism’s overall 
homeostasis to that of survival, shifting from growth and reproduction 
(Koojiman., 2001; Rombough, 1994). As growth is governed by an 
organism’s surplus energy reserves (Koojiman., 2001), prolonged 
energy depletion may Pb to overall growth reduction. Observations of 
growth reduction have been observed following exposure to Pb 
including in the rock fish Sebastes schlegelii (Kim and Kang, 2017b), 
freshwater snail Lymnaea stagnalis (Brix et al., 2012) and rainbow 
trout Oncorhynchus mykiss (Alsop et al., 2016). Additionally, growth 
retardation following exposure to PAH has also been evidenced in  
the oyster Crassostrea virginica (Vignier et al., 2019), Japanese rice 
fish Oryzia latipes (Mu et al., 2017) and Chinook salmon 
Oncorhynchus tshawytscha (Meador et al., 2006). 
Chronic energy depletion may be directly associated with reduced 
fecundity leading to overall decline in sexually mature individuals, 
reduction in viable gametes, larvae or juvenile’s which impede 
population stability (Sokolova et al., 2012). Such effects have been 
evidenced for exposure to Pb where growth retardation in larvae of 
the marine bivalve Meretrix meretrix (Wang et al., 2009) and the 
earthworm Eisenia fetida (Ayanka Wijayawardena et al., 2018) have 
been reported. Additionally, pyrene has been evidenced to reduce 
ova production in the copepods Calanus glacialis (Toxværd et al., 
2018) and Calanus hyperboreus (Nafa et al., 2014). Changes of 
energy homeostasis and reproduction to populations of H diversicolor 
resident in the infamously Cu contaminated Restronguet creek, 
Cornwall, have also reported depleted levels of lipids and 
carbohydrates and reduced fecundity (Pook et al., 2009). Decreased 
egg production and energy reserves were also observed in H 
diversicolor which inhabited the multi polluted site of the Seine 
estuary, France (Durou et al., 2007), and the Loire, France 
(Mouneyrac et al., 2010). Whereas mercury exposure was shown to 
depleted energy reserves in H diversicolor (Freitas et al., 2017). The 
consequences of reproduction impairment for species which inhabit 
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polluted environments are severe (Hollows Cam et al., 2007), and 
may lead to reductions of both population density and species 
diversity (Johnston and Roberts, 2009a). 
In addition, individuals may attempt to avoid exposure to 
contamination through reduced consumption of contaminated food or 
by actively removing themselves from polluted matrices (Maryanski 
et al., 2002). This may also lead to altered predator - prey 
interactions where depleted energy levels in predators following 
contamination exposure led to the increased consumption of less 
mobile prey species (Weis et al., 2011).  Active avoidance of 
contamination may also affect the energy homeostasis of an 
individual where subsequent increased activity levels reduce energy 
reserves (Nilin et al., 2012). In chronically polluted environments, this 
may result in a self - depleting cycle where avoidance of 
contamination leads to increased energy output and feeding rates. 
Increased energy expenditure and subsequent requirement to feed 
may again expose the individual to contamination or the organism 
may extend its feeding area to feed successfully.  
Exposure to individual contaminants is commonplace for 
environmental toxicity testing however, contamination within the 
marine environment is comprised of complex mixtures. Although 
investigations of individual contaminants may illustrate specific 
biological effects, the bioaccumulation of multiple contaminants may 
elicit more than additive outcomes (Gauthier et al., 2014).  
To determine potential alterations of energy reserves, this study will 
investigate the effects of both individual concentrations and mixtures 
of Pb and pyrene in the marine polychaete H diversicolor specifically 
to: 
1. Investigate changes in proteins, lipids and carbohydrates 
following exposure. 
2. Determine how energy reserves may alter on return to 
uncontaminated conditions.   
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7.2 Materials and methods 
7.2.1 Reagents 
 
Sodium, K -Tartrate, Cu Sulphate, Sodium Hydroxide, Bovine serum 
albumin, Phosphoric acid, sodium chloride, methanol, chloroform, 
Triglyeride tripalmitin, Sulphuric acid, Glucose, Pyrene, Pb chloride 
and 3, 5 - dinitrosalicyclic acid were purchased from Sigma Aldrich 
Ltd, Gillingham, Dorset, UK. All reagents used were of analytical 
grade. 
7.2.2 Tank Set up and sediment spiking 
 
Sediment for each experiment was spiked and tanks set up as 
detailed in Chapter 2 (2.6.1, 2.5.1 respectively). Worms from each 
experiment tank were sampled as previously described  
7.2.3 Worm tissue energy determination 
 
Frozen worms (n = 3) from each test condition per sample day were 
defrosted, washed with distilled water and blotted. Worms were 
placed into a centrifuge tube which contained 2 ml of 0.1 mM 
Phosphate buffer then homogenised using an IKA T10 ULTRA-
TURRAX homogenizer.  
7.2.3.1 Protein analysis 
 
Protein standard concentrations of 0, 2, 4, 6, 8 and 10 mg ml−1 were 
prepared by dissolving 0.1 g of Bovine Serum Albumin (BSA) in 10 
ml distilled water to obtain a ﬁnal concentration of 10 mg ml−1 of 
stock solution. Total protein content in worm tissue was conducted 
using the Biuret method (Gornall et al., 1949). 3 ml of Biuret solution 
(3 g of potassium sodium tartrate, 0.75 g of Cu sulphate and 150 ml 
of 10 % NaOH dissolved in 500 ml with distilled water) were added to 
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50 µl of worm homogenate or with associated 50 µl of protein 
standards in glass test tubes. All samples and standards were 
heated at 37 °C for 30 min before being transferred in disposable 
cuvettes and analysed at absorbance of 570 nm using a Varian Cary 
50 probe UV-Visible spectrophotometer. 
 
7.2.3.2 Lipid analysis 
 
Total lipid content is determined based on the method developed by 
Bligh & Dyer (1959). 24 µl of worm homogenate was added to a 
centrifuged tube. 50 µl of acid salt solution (5 M NaCl and 1 M 
phosphoric acid) was then added to the homogenate. Methanol (600 
µl) of and chloroform (1200 µl) were then added and the solution 
capped and vortexed for 10 min. 200 µl of methanol, 400 µl of 
chloroform, 240 µl of distilled water and 60 µl of acid salt solution 
was then added to the homogenate and mixed before a further vortex 
for 1 min. The solution was then centrifuged (3,500 g) for 10 min. 
Triglyceride tripalmitin standards were prepared using chloroform for 
5, 2.5, 1.25, 0.625, 0.3125 and 0.150625 mg lipid ml−1 standards. A 
chloroform blank was also prepared. One 100 µl of each sample and 
standard were transferred to glass test tubes and 500 µl of 95.0 - 
98.0 % sulphuric acid added to each. All test tubes were then heated 
in an oven at 200 °C for 15 min. After cooling to room temperature, 
1.5 ml of distilled water was added to each tube. All samples were 
mixed by inversion before being transferred to a quartz cuvette and 
read at 340 nm using a Varian Cary 50 Probe UV - Visible 
spectrophotometer.  
7.2.3.3 Carbohydrate analysis 
 
Total carbohydrate content (combined carbohydrate and glycogen) 
was determined using the method developed by Sumner and 
Graham (1921) by placing 500 µl of tissue homogenate into a glass 
 197 
 
test tube. 2.5 ml of distilled water and 1.5 ml of 3, 5, dinitrosalicylic 
acid reagent were then added. The test tube was covered using 
parafilm to prevent evaporation and placed into a water bath with 
temperature of 90°C for 7 - 8 minutes. The test tubes were removed, 
samples poured into cuvettes and absorbance measured at 540 nm 
using a Varian Cary 50 Probe UV - Visible spectrophotometer.  
 
7.2.4 Statistical analysis 
 
Statistical analysis was conducted using Ri386 version 3.4.2 as fully 
detailed in Chapter 2 (2.8). All data was analysed to meet the 
assumptions for parametric tests, normality and equal variances. 
Two- way ANOVA’s were performed on all raw, log10 or square root 
transformed parametric data for all protein, lipid and carbohydrate 
results. The energy determinants were used as the dependant 
variable and both time and condition as the independent variables. 
Spearman’s correlations were performed to identify relationships 
between all tested energy determinants and worm weight and Pb / 
pyrene worm tissue concentration. Partial Spearman’s correlations 
were conducted using worm tissue weight as the controlling variable 
for Pb / pyrene tissue content and energy determinant.  
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7.3 Results 
7.3.1 Worm tissue Pb concentrations 
Tissue concentrations for Pb found in worm tissue for the duration of 
the experiment (28 d assimilation and 28 d excretion period) are 
presented in Table 31. 
Table 31. Pb concentrations (mg kg-1) in worm tissue (n = 3) from Pb exposed 
conditions taken on sample days over the duration of the test experiment. Results 
are mean values + 1 SE. SS denotes spiked sediment and CS denotes clean 
sediment. 
Day Pb9.2 mg kg-1 Pb4.5 mg kg-1 Pb9.2 mg kg-1 + 
Pyrene970 µg kg-1 
Pb4.5 mg kg-1 + 
Pyrene 480 µg kg-1 
Control  
(mg kg-1) 
SS1 45.18 + 5.09 8.52 + 1.47 14.90 + 6.94 11.72 + 1.19 0.85 + 0.54 
SS7 35.79 + 10.31 31.84 + 1.21 24.64 + 3.04 22.60 + 1.20 0.78+ 0.09 
SS14 133.1 + 19.31 207.72 + 11.70 35.21 + 2.61 67.33 + 6.64 0.86+ 0.26 
SS21 90.02 + 12.82 164.69 + 11.22 14.2 + 2.51 45.38 + 3.77 1.79+ 0.29 
SS28 155.57 + 20.82 151.81 + 2.33 8.19 + 1.33 143.12 + 14.66 1.17+ 0.18 
CS1 89.79 + 15.91 129.28 + 3.04 21.11 + 1.08 44.29 + 9.51 1.24+ 1.06 
CS7 132.38 + 11.15 44.99 + 4.96 57.31 + 6.28 37.53 + 3.38 1.09 +0.42 
CS14 148.64 + 8.61 93.50 + 3.78 57.63 + 11.25 44.59 + 3.03 0.97+ 0.47 
CS21 128.92 + 13.68 73.67 + 3.79 73.35 + 11.11 45.74 +0.56 1.07+ 0.05 
CS28 108.79+ 8.50 87.50 + 2.72 31.17 + 7.71 35.51 + 2.25 0.61+ 0.23 
 
Results from all test conditions on each sample day were found to be 
statistically different (p = > 0.05) using a one-way ANOVA from those 
of the control group. Concentrations of Pb in worm tissue for test 
condition Pb9.2 mg kg-1 + Pyrene 970 µg kg-1 show ∑values ~ 4 - 
fold lower than those exposed to Pb9.2 mg kg-1. Similarly, 
concentrations for worms from test condition Pb4.5 mg kg-1 + Pyrene 
480 µg kg-1 had ∑concentrations ~2 fold lower than those exposed to 
Pb4.5 mg kg-1.  
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Worm tissue concentrations for worms exposed to pyrene 
individually, and in Pb mixtures are detailed in Table 32. 
Table 32. Pyrene concentrations (µg kg-1) in worm tissue (n=3) taken from 
individuals from all pyrene exposed conditions. Results are mean values + 1 
standard deviation. Results detailed as bdl (below detection limits) were >0.25 ng 
kg-1. 
Sample 
Day 
Pb4.5mg kg-1 + 
Pyrene 480 µg kg-1 
Pb9.2 mg kg-1+ 
Pyrene 970 µg kg-1 
Pyrene  
970 µg kg-1 
Pyrene  
480 µg kg-1 
Control  
(µg kg-1) 
SS1 0.09 + 0.03 0.29 + 0.07 0.49 + 0.06 1.03 + 0.00 0.00 
SS7 0.01 + 0.02 0.04 + 0.04 bld bld 0.00 
SS14 bld bld bld bld 0.00 
SS21 bld bld bld bld 0.00 
SS28 0.00 0.00 0.00 0.00 0.00 
CS1 0.00 0.00 0.00 0.00 0.00 
CS7 0.00 0.00 0.00 0.00 0.00 
CS14 0.00 0.00 0.00 0.00 0.00 
CS21 0.00 0.00 0.00 0.00 0.00 
CS28 0.00 0.00 0.00 0.00 0.00 
 
Results from all pyrene exposed test conditions show low levels (> 
0.5 µg kg-1) of pyrene tissue concentrations between sample days 
SS1 - SS7.  
7.3.2 Protein determination 
 
Protein analysis for test conditions Pb9.2 mg kg-1, Pyrene970 µg kg-1 
and Pb9.2 mg kg-1 + Pyrene970 µg kg-1 are illustrated in Figure 46.  
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Figure 46. Protein concentrations (mg ml-1) for worms (n = 3) from test conditions 
Pb9.2 mg kg-1, Pyrene970 µg kg-1 and Pb9.2 mg kg-1 + Pyrene970 µg kg-1. Values 
are mean concentrations + 1 SE.  
During the assimilation period of the experiment (SS1 - SS28) test 
condition Pb9.2 mg kg-1 showed a lower ∑mean concentration of 
proteins (1.55 mg ml-1) than during the excretion period (1.64 mg ml-
1). However, ∑mean concentration of proteins for the test conditions 
Pyrene970 µg kg-1 (1.42 mg ml-1), Pb9.2 mg kg-1 + Pyrene970 µg kg-1 
(1.48 mg ml-1) and control (1.41 mg ml-1) showed higher values 
during the assimilation period than the excretion period (1.39, 1.36, 
1.40 mg ml-1) respectively. 
A two - way ANOVA of all exposure groups did not reveal significant 
differences during the 28 d assimilation phase using the interaction of 
time (days) and exposure (F(3, 55) = 2.17, p = 0.10). Additionally, a 
significant difference was identified for both exposure groups (F(3, 52) 
= 2.75, p =  0.050) and sample days (F(1, 55) = 9.46, p = <0.01). 
Results may indicate that protein levels for all exposure groups were 
affected during the assimilation phase.  
However, a two - way ANOVA did not reveal significant differences 
for protein levels using the interaction of time (days) and exposure 
during the 28 d elimination phase (F(3, 55) =2.14, p = 0.11). Although, 
a significant difference was identified for exposure groups (F(3, 55) = 
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11.02, p = <0.01) but not for sample days (F(1, 55) = 2.12, p = 0.12) 
demonstrating the effects of the differing Pb and pyrene exposures 
on protein levels.  
Protein determination for test conditions Pb4.5 mg kg-1, Pyrene480 
µg kg-1 and Pb4.5 mg kg-1 + Pyrene480 µg kg-1 are presented in 
Figure 47. 
 
 
Figure 47.  Protein concentrations (mg ml-1) for worms(n = 3) from test conditions 
Pb4.5 mg kg-1, Pyrene480 µg kg-1 and Pb4.5 mg kg-1 + Pyrene480 µg kg-1. Results 
are shown as mean values + 1 SE.  
Mean ∑ Protein determinations for test condition Pb4.5 mg kg-1 (3.00 
mg ml-1) showed higher value than those for Pyrene480 µg kg-1 (2.80 
mg ml-1) and Pb4.5 mg kg-1 + Pyrene480 µg kg-1 (2.84 mg ml-1) and 
control (2.81 mg ml-1). Higher mean ∑values during the 28 d 
assimilation period than the elimination period were found for test 
condition Pb4.5 mg kg-1 (1.46:1.43 mg ml-1 respectively) and control 
(1.41:1.40 mg ml-1 respectively). Mean ∑protein values for groups 
Pyrene480 µg kg-1 (1.40:1.43 mg ml-1 respectively) and Pb4.5 mg kg-1 
+ Pyrene480 µg kg-1 (1.36 :1.48 mg ml-1 respectively) were lower 
during the assimilation than the elimination phase.  
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Statistical analysis using a two – way ANOVA showed significant 
differences for all exposure groups during the 28 d assimilation 
phase using the interaction of time (day) and exposure (F(3, 55) = 3.67, 
p = 0.02). However, significant differences for all exposure groups 
and sample days did not reveal significant results (p = 0.10, p = 0.57 
respectively). 
Additionally, a two – way ANOVA did not reveal significant 
differences using the interaction of time (days) and exposure for 
protein levels during the elimination phase (F(3, 55) = 0.11, p = 0.95). 
Also, there were no significant differences identified for exposure 
groups (F(3, 55) = 0.88, p = 0.45) or for sample days (F(1, 55) = 1.92, p = 
0.74). 
7.3.3 Lipid determination 
Results of lipid determination for the test conditions Pb9.2 mg kg-1, 
Pyrene970 µg kg-1, Pb9.2 mg kg-1 + Pyrene970 µg kg-1 are illustrated 
in Figure 48. 
 
Figure 48. Lipid concentration (mg g-1 wet weight) for test conditions Pb9.2mg kg-1, 
Pyrene µg kg-1, Pb9.2mg kg-1 + Pyrene970 µg kg-1 and control group (sample size 
n=3). SS relates to Spiked Sediment phase, CS relates to Clean Sediment phase. 
Results shown are mean values + 1 SE. 
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Mean ∑ Lipid content for test conditions Pb9.2 mg kg-1 (1.83 mg g-1) 
and Pb9.2 mg kg-1 + Pyrene970 µg kg-1 (19.3 mg g-1) during the 
assimilation period were lower than during the excretion period (2.17, 
2.03 mg g-1 respectively). Results for test condition Pyrene970 µg kg-
1 and control group showed mean ∑concentrations marginally higher 
for the assimilation period (2.09, 1.76 mg g-1) opposed to excretion 
period (2.01, 1.75 mg g-1 respectively).  
A two - way ANOVA did not identify significant differences between 
lipid levels of the exposure groups during the 28 d assimilation phase 
(F(3, 55) = 0.92, p = 0.44) using the interaction of time and exposure. 
However, a significant difference for exposure groups was identified  
(F(3, 55) = 4.05, p = 0.01) although, no significant differences were 
observed for sample days (F(1, 55) = 0.92, p = 0.44). Additionally, a 
two – way ANOVA did not reveal any significant differences using the 
interaction of time and exposure groups on lipid levels during the 
elimination phase (F(3, 55) = 0.32, p = 0.82). Again, lipid levels for the 
exposure groups were significantly different (F(3, 55) = 4.55, p =< 0.01) 
although, there were no significant differences for sample days (F(1, 
55) = 0.29, p = 0.59). Results suggest that exposure to Pb and pyrene 
individually and in combination effected lipids levels in all exposure 
groups.  
Mean ∑ Lipid concentrations for test conditions Pb4.5mg kg-1 (1.85 
mg g-1), Pyrene480 µg kg-1 (1.87 mg g-1), Pb4.5mg kg-1 + Pyrene480 
µg kg-1 (1.94 mg g-1 ) during the assimilation phase (Figure 49) were 
all lower than during the elimination phase (2.17, 2.11, 2.16 mg g-1 
respectively). Results for all conditions were found to be higher than 
those of the control during the assimilation (1.76 mg g-1) and 
elimination (1.75 mg g-1 ) periods.  
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Figure 49. Lipid determination (mg g-1 wet weight) for test conditions Pb4.5mg kg-1, 
Pyrene480 µg kg-1, Pb4.5mg kg-1 + pyrene480 µg kg-1 and the control group 
(sample size n = 3). SS relates to Spiked Sediment phase, CS relates to Clean 
Sediment phase Results are shown as mean values + 1 SE. 
A two – way ANOVA demonstrated that lipid contents were not 
significantly different for all exposure groups using the interaction of 
time (days) and exposure (F(3, 52) = 1.02, p = 0.39) during the 
assimilation phase. Also, results were not significantly different for 
either exposure groups (F(3, 52) = 1.02, p = 0.39) or on sample days 
(F(1, 52) = 0.46, p = 0.75). 
Additionally, a two- way ANOVA did not reveal significant lipid level 
differences during the elimination phase between all exposure 
groups using the interaction of time (days) and exposure (F(3, 55) = 
1.04, p = 0.38). Furthermore, there were no significant differences 
identified for both exposure groups (F(3, 52) = 2.47, p = 0.07) or 
sample days (F(1, 52) = 1.04, p = 0.38). 
7.3.4 Total carbohydrate determination 
 
Mean ∑carbohydrate analysis shown in Figure 50, revealed 
concentrations for test conditions Pb9.2 mg kg-1 (1.51 mg g-1) and 
Pyrene970 µg kg-1 (1.16 mg g-1) were lower during the assimilation 
period than excretion (1.99, 2.32 mg g-1). Mean ∑carbohydrate 
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results for test condition Pb9.2 mg kg-1 + Pyrene970 µg kg-1 (1.50 mg 
g-1 wet weight) and the control group (1.80 mg g-1 wet weight) 
showed higher values during the assimilation than excretion (1.17, 
1.25 mg g-1 wet weight respectively) period.  
 
Figure 50. Total carbohydrate results (mg g-1 wet weight) for worms (n = 3) 
exposed to test conditions Pb9.2 mg kg-1, Pyrene970 µg kg-1, Pb9.2mg kg-1 + 
Pyrene970 µg kg-1. SS relates to Spiked Sediment phase, CS relates to Clean 
Sediment phase. All results are mean values + 1 SE. 
A two- way ANOVA revealed significant differences between the 
interaction of time and exposure group on carbohydrate levels during 
the 28 d assimilation phase (F(3, 52) = 2.89, p = 0.04). Additionally, 
significant differences were identified for all exposure groups (F(3,52) = 
8.56, p = <0.01) and sample days (F(1,52) = 7.90, p = <0.01).  
Furthermore, a two – way ANOVA revealed significant differences 
between the interaction of time and exposure group on carbohydrate 
levels during the elimination phase (F(3, 52) = 6.42, p = <0.01). Also, 
significant differences were identified for all exposure groups (F(3, 52) 
= 4.78, p = <0.01) and all sample days (F(1, 52) = 14.34, p = <0.01) 
Results demonstrate how exposure to Pb and pyrene (alone and in 
combination) altered the levels of carbohydrates during both the 
assimilation and elimination phases for all exposure groups.  
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Mean ∑ carbohydrate concentrations for test condition Pb4.5 mg kg-1 
(Figure 51) were found to be lower during the assimilation (1.41 mg 
g-1) than excretion period (1.45 mg g-1). However, higher levels were 
identified in conditions Pyrene480 µg kg-1 (1.44 mg g-1), and Pb4.5 
mg kg-1 + Pyrene480 µg kg-1 (1.42 mg g-1) opposed to the elimination 
phase (1.24, 1.37 mg g-1 respectively). The control group also 
showed higher levels during the assimilation (1.80 mg g-1) than 
excretion (1.25 mg g-1) phase.  
 
 
Figure 51. Total carbohydrate results (mg g-1 wet weight) for worms (n = 3) 
exposed to test conditions Pb4.5mg kg-1, Pyrene480 µg kg-1, Pb4.5mg kg-1 + 
Pyrene480 µg kg-1. All results are mean values + 1 SE. 
A two - way ANOVA revealed the interaction between exposure 
group and time (day) during the assimilation phase was significant 
(F(3, 55) = 7.23, p = < 0.01). Furthermore, significant differences were 
identified for all exposure groups (F(3,55) = 7.22, p = <0.01) and for all 
sample days (F(1,55) = 6.74, p = <0.01). Therefore, carbohydrate 
levels for all exposure groups were affected throughout the duration 
of the assimilation phase.  
A two- way ANOVA identified no significant interaction between the 
test exposure, time (day) and carbohydrate levels for all exposure 
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groups during the elimination phase (F(3, 52) = 1.70, p =  0.18). A 
significant difference was identified for all exposure groups (F(3, 52) = 
2.80, p =  0.049) although, there was no significant difference for 
sample day (F(1, 52) = 0.91, p =  0.34). Again, results indicate that 
carbohydrate levels were significantly different for all exposure 
groups.  
 
7.3.5 Statistical relationships 
7.3.5.1 Relationships between worm weight, lipid content and worm tissue Pb 
concentrations 
 
Spearman’s correlations between worm tissue lipid and worm weight 
showed a significant negative relationship for exposure condition 
Pb4.5 mg kg-1 (rs = -.439, p = 0.015) and a positive correlation for 
Pb9.2 mg kg-1 (rs =.380, p = 0.038) . There were no further significant 
relationships identified for the remaining exposure groups (p = > 
0.05). 
Spearman’s correlations performed on worm tissue Pb / pyrene 
content and lipid concentrations did not reveal any significant 
correlations for any exposure group (p = > 0.05). 
Partial correlations using worm weight as the controlling variable for 
worm tissue Pb / pyrene content and lipid concentrations revealed a 
positive correlation for exposure group Pb9.2 mg kg-1 (rs = 3.69, p = < 
0.01) although, no further significant correlations were identified for 
the remaining exposure groups (p = > 0.05).  
7.3.5.2 Relationships between worm weight, protein content and worm tissue Pb 
concentrations 
 
Spearman’s correlations between worm weight and protein content 
revealed a negative relationship for exposure group Pb4.5 mg kg-1 (rs 
= -0.375, p = 0.041). There were no further significant correlations 
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between worm weight and protein content for the remaining groups 
(p = > 0.05). Additionally, there were no correlations identified 
between protein content and Pb / pyrene worm tissue concentrations 
for any exposure group (p = > 0.05). 
Partial Spearman’s correlations using worm weight as a controlling 
variable for Pb / pyrene tissue content and protein concentrations did 
not reveal any significant correlations (p = > 0.05). 
 
7.3.5.3 Relationships between worm weight, carbohydrate content and worm tissue 
Pb/pyrene concentrations 
 
Spearman’s correlations revealed significant negative correlation 
between carbohydrate and worm tissue Pb concentrations for 
exposure group Pb9.2 mg kg-1 and Pyrene970 µg kg (rs = - 6.34, p = 
< 0.01). All other exposure groups were identified as non - significant 
(p = > 0.05).  
Further Spearman’s correlations between carbohydrate levels and 
worm weight revealed a positive correlation for exposure group 
Pb9.2 mg kg-1 + Pyrene970 µg kg-1 (rs = 0.387, p = 0.038) and a 
negative relationship for Pb4.5 mg kg-1 (rs = -0.439, p = 0.015). All 
other test conditions were non-significant (p > 0.05).  
Partial Spearman’s correlations were performed using worm weight 
as the controlling variable for Pb / pyrene tissue content and  
carbohydrate concentrations. However, all results were found to be 
insignificant (p = > 0.05).  
7.4 Discussion 
Exposure to contaminants result in the up regulation of detoxification 
mechanisms (Fossi Tankoua et al., 2012). However, these  
processes are energetically costly to the organism, observed as 
depletion of energy stores (Durou et al., 2005a; Holloway et al., 
1990; Moolman et al., 2007; Mouneyrac et al., 2010; Pook et al., 
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2009). As such, lower levels of lipids, carbohydrate or protein 
reserves observed for all test exposures in the present study 
demonstrates the energetic costs of Pb and pyrene exposure 
(individually or in combination) indicating higher energy expenditure 
than assimilation.  
It is acknowledged that lipids and carbohydrates are primarily utilised 
as energy sources (Moolman et al., 2007; Smolders et al., 2004; 
Yeung et al., 2017). Lower levels of lipids recorded during the 
assimilation phases for all exposure groups excluding Pyrene970 µg 
kg-1 and carbohydrates all exposure groups excluding Pb9.2 mg kg-1 
+ Pyrene970 µg kg-1, Pb4.5 mg kg-1 + Pyrene480 µg kg-1 and 
Pyrene480 µg kg-1 suggest that lipids and carbohydrates are 
principally exploited during increased energy expenditure (Hori et al., 
2006).  These results are in agreement with previous research which 
observed the reduction of lipids and carbohydrates following 
contamination exposure in Zebra mussels Dreissena polymorpha 
following metal / PAH sludge exposure (Smolders et al., 2004); the 
terrestrial isopod Porcellio dilatatus following biocide exposure 
(Ribeiro et al., 2001); the marine mussel Mytilus edulis after 
exposure to the pharmaceutical compound atorvastatin 
(Falfushynska et al., 2019); and the green lipped mussel Perna viridis 
after cadmium and Cu exposure (Yeung et al., 2017).  
Interestingly, mixed exposure groups Pb9.2 mg kg-1 + Pyrene970 µg 
kg-1 and Pb4.5 mg kg-1 + Pyrene480 µg kg-1 showed lower 
concentrations of lipids during the assimilation than elimination phase 
(1.93 : 2.03 :  1.94 : 2.11 respectively) whereas single exposure 
groups Pb9.2 mg kg-1 and  Pb4.5 mg kg-1 showed lower levels of 
lipids (1.83  :217: 1.85 : 2.17 respectively) and carbohydrates 
(1.51:1.99: 1.41:1.45 respectively). Moreover, mean ∑ worm tissue 
Pb concentrations for the mixed exposure groups were significantly 
lower than the individual Pb exposure groups: Pb9.2 mg kg-1 + 
Pyrene970 µg kg-1 (337.71 mg kg-1);  Pb9.2 mg kg-1  (1068.18 mg kg-
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1); Pb4.5 mg kg-1 + Pyrene480 µg kg-1 (497.81 mg kg-1); Pb4.5 mg kg- 
1(1033.88 mg kg-1). This may indicate that the higher tissue 
concentrations of Pb deplete both lipid and carbohydrate reserves in 
H diversicolor. Also, statistical analysis from the present study 
revealed a partial correlation between worm weight, worm tissue Pb 
and lipid concentrations. In addition, a correlation exists between 
worm weight and lipid concentration for exposure group Pb9.2 mg kg-
1. These findings are in agreement with Durou et al. (2005a), who 
reported that lipid contents of H diversicolor from the contaminated 
Seine estuary, France, were positively correlated to weight further 
indicating the primary use of lipids in response to the increased 
demands of contamination exposure.  
Lower concentrations of proteins were identified in the exposure 
groups Pb9.2 mg kg-1, Pb4.5 mg kg -1 + Pyrene480 µg kg-1 and 
Pyrene480 µg kg-1 during the assimilation phase suggesting that 
exposure to both Pb and pyrene (individually and in combination) 
resulted in the depletion of proteins to meet energetic demands. 
Utilisation of proteins to cope with increased energy requirements 
have been demonstrated following contamination exposure: phenol 
in the teleost fish Brycon cephalus (Hori et al., 2006); Cu in rainbow 
trout Oncorhynchus mykiss (Smith et al., 2001); atrazine in grass 
carp Ctenopharyngodon Idilla (Khan et al., 2016). Results gained in 
the present study agree with studies by Durou et al. (2005b), Pook et 
al. (2009) and Mouneyrac et al. (2010), where chronic exposure to 
toxicants depletes energy reserves in H diversicolor.  
Lower energy determinants were observed during the elimination 
phase including reduced concentrations of proteins: Pb9. 2 mg kg-1 + 
Pyrene 970 µg kg-1 (1.48:1.36); Pyrene 970 µg kg-1 (1.42:1.39); Pb 
4.5 mg kg-1(1.46:1.43), lipids :Pyrene 970 µg kg-1 (2.09:1.76) and 
carbohydrates: Pb9. 2 mg kg-1 + Pyrene 970 µg kg-1 (1.50:1.17); 
Pb4.5 mg kg-1 + Pyrene 480 µg kg-1(1.42: 1.24); Pyrene 480 µg kg-1 
(1.44:1.37). Importantly, this may indicate the continued depletion of 
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energy reserves following exposure in response to increased 
transcription and production of detoxifying proteins and enzymes 
(Fossi Tankoua et al., 2012). As such, these results demonstrate 
long term toxic effects of Pb and pyrene on H diversicolor suggesting 
that detoxification has negative consequences for energy levels 
which continues post exposure. 
As both pyrene and Pb are considered ubiquitous contaminants 
present globally in marine sediment (Beech et al., 2009), the effects 
of depleted energy determinants in populations of H diversicolor may 
be pervasive. As H diversicolor are considered a primary food source 
for fish and wading birds (Masero et al., 1999; Rosa et al., 2008), 
reduced energy determinants may cascade through trophic levels 
leading to increased predation rates to satiate calorific requirements 
in turn, reducing prey populations (Harborne et al., 2009; Smart and 
Gill, 2003). Reduced populations of invertebrate species have also 
resulted in high mortality rates of wading birds (Atkinson et al., 2000) 
and habitat switch, promoting competition of alternative resources 
(Smart and Gill, 2003). In addition, H diversicolor are key actors 
influencing sediment bioturbation (Gillet et al., 2012). Oxygenation of 
sediments, re-distribution of particulates and decomposition of 
organic matter (Bergström et al., 2019) are positively correlated to 
population density (Gillet et al., 2012). Therefore, reduced 
populations and health status of individuals may have adverse 
effects upon all ecosystems where H diversicolor are exposed to Pb 
and pyrene. 
7.5 Conclusion 
 
Lower levels of lipids, carbohydrates or proteins were found during 
the assimilation period for all individual and mixed exposure groups. 
This may indicate that exposure to both pyrene and Pb at both 
concentrations (individually and in combination) increase the 
energetic costs to H diversicolor.  
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Single Pb exposure groups: Pb9.2 mg kg-1 and Pb4.5 mg kg-1 had 
depleted lipids and carbohydrates levels whereas the mixed Pb / 
pyrene groups at respective concentrations showed only lower lipid 
levels. Higher concentrations of Pb were found in worm tissue for the 
Pb only exposure groups suggesting that the assimilation of higher 
concentrations of Pb were more energetically demanding.   
Importantly, lower energy determinants were observed post exposure 
during the elimination phase for exposure groups: Pb9.2 mg kg-1 + 
Pyrene 970 µg kg-1 ; Pyrene 970 µg kg-1 ; Pb 4.5 mg kg-1;  Pb4.5 mg 
kg-1 + Pyrene 480 µg kg-1; Pyrene 480µg kg-1 and may suggest 
exposure and subsequent detoxification depletes energy reserves 
during and post exposure.  
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8 General Discussion 
 
8.1 Thesis summary and contribution to original knowledge 
 
The overall aim of the thesis was to identify bioaccumulation of metal 
(s) and PAH (s) by H diversicolor from environmental matrices of the 
Fleet Lagoon, Dorset UK and to assess potential co - toxicities of a 
selected metal (s) and PAH present in the lagoon. Using 
environmentally relevant concentrations from sediment analysis the 
biochemical responses, behavioural and energy budget change 
following exposure to individual and mixtures of metal (s) and PAH 
(s) was investigated. This aim was addressed through analysis of 
environmental matrices and worm tissue taken from a sample survey 
of the lagoon coupled with laboratory investigations where exposed 
worms were analysed for biochemical responses, behavioural 
change and energy budget alteration following exposure to selected 
individual and mixtures of metal (s) and PAH.   
8.2 Metal bioavailability from environmental matrices of the 
Fleet lagoon, Dorset UK 
 
Relationships between small sediment particle size and organic 
matter found in the present study are recognised (Froehner et al., 
2009; Koiter et al., 2015; Ma et al., 2016).The transportation and 
accretion in the Fleet, may be influenced by reduced tidal flushing,  
water exchange, embayment features and shallow water depths 
(Robinson, 1983), evident towards the Abbotsbury end of the lagoon. 
As such, relationships between metal concentrations and 
granulometric sediment analysis revealed how these factors may 
influence accumulation of metals in the marine environment.   
Moreover, the apparent increase of metal concentrations at specific 
locations in comparison with historic studies (Nunney and Smith 
1995) may relate to the sorption affinity of the sediment composition. 
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In particular, the high LOI results found at site 10 which may be 
attributed to the presence of the oyster farm and potential influence 
on the sorption of Cu, Pb and Zn at this site.   
Metal bioavailability is defined as the fraction of metal which is 
biologically obtainable by an organism and is related to its speciation 
and ability for release from a bound particulate (Luoma, 1983; Meyer, 
2002). Presently, there is no universally accepted approach to 
determine the bioavailability of metals to benthic invertebrates. 
Consequently, the use of several methods including fractionation 
analysis of sediment (Pueyo et al., 2008) are advised.  
Additionally, it is known that some species of benthic marine 
polychaetes including H diversicolor obtain food particles from the 
ingestion of large quantities of sediment (Rainbow et al., 2009a). 
Consequently, digestive actions may act to release metals from 
sediments, providing a further route of metal uptake. Therefore, total 
metal and sediment fractionation analysis to determine metal 
bioavailability may not adequately address the uptake of metal 
fractions via ingestion, under-estimating the influence of sediment 
ingestion as an exposure pathway. To assess this apparent 
fundamental uptake pathway, digestive enzymes commonly 
Proteinase K (Ianni et al., 2010; Rosado et al., 2016; Turner and 
Olsen, 2000) have been used to investigate digestive influence on 
metal bioavailability from sediment. Specifically, the present study 
added to the understanding of exposure pathways and 
bioaccumulation estimation by finding that total metal concentrations 
of all studied metals were not correlated to worm tissue 
concentrations, whereas proteinase K analysis identified 
relationships between Cu, Pb and worm tissue concentrations. 
Sediment digestion as a primary uptake pathway for many benthic 
organisms is acknowledged (Baumann and Fisher, 2011a; Casado-
Martinez et al., 2009; Lee et al., 2000; Wen-Xiong et al., 1999) 
therefore, results gained in the present study are comparable for Cu 
and Pb assimilation by H diversicolor. Moreover, results are in 
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agreement with Bignasca et al. (2011), Ianni et al. (2010) and 
Rosado et al. (2016) where the first step of sequential extraction 
overestimates the bioavailable fraction in comparison with proteinase 
K extraction. However, results from this study support the use of 
BCR as a more accurate indicator of metal bioavailability than total 
metals. Nonetheless, a relationship was identified between total 
metal As concentrations determined via BCR sequential extraction 
from sediment and worm tissue As concentrations. This may indicate 
that within the Fleet sediment, As is assimilated by H diversicolor 
from the bioavailable exchangeable fraction (Lui et al., 2014).  
The influence of pore water as a primary route of metal exposure has 
been suggested for burrowing benthic invertebrates (Chapman et al., 
2002, Li et al., 2014, Wang and Fisher., 1999b). Although, Rainbow 
et al., (2009) and Buffet et al., (2011) propose that H diversicolor 
exposure to pore water is minimal, due to burrow aeration using 
water drawn from the water column. Partial correlations between 
proteinase K and pore water using worm tissue metal concentrations 
as the controlling factor identified relationships for Cu, Pb and Zn. It 
is not clear whether pore water metals are ingested during the 
feeding process, or if assimilation occurs through epidermal uptake 
and requires further investigation to determine these specific 
exposure pathways. 
It is evident that metal bioavailability remains a complex issue. 
Results from the present study support the acknowledged 
inaccuracies of the use of total metals in sediment (Berthet et al., 
2003; Mayer et al., 1997; Pueyo et al., 2008; Rainbow P. S et al., 
2009a) to determine metal bioavailability to benthic organisms. 
Results gained from this study identified that proteinase K is an 
appropriate method to determine metal assimilation in sediment 
ingesting species including H diversicolor as relationships for Cu, Pb 
and worm tissue concentrations were determined. There is no 
evident literature that this biomimetic approach has been conducted 
using H diversicolor and is therefore suggested that this method may 
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compliment future metal bioavailability studies using this species. 
Although, it is acknowledged that further investigations are required 
to determine the suitability of this method for other metals. Foremost, 
environmental research must address species specific ecology and 
biology to understand all the factors which may influence 
assimilation.   
 
8.3 Polycyclic aromatic hydrocarbons within the environmental 
matrices of the Fleet lagoon and bioaccumulation by H 
diversicolor. 
 
High concentrations of specific PAH’s were found in the sediment 
samples of the Fleet lagoon. Comparisons with previous historic 
sediment analysis conducted by Nunney and Smith (1995) indicate 
significant accumulation. It is acknowledged that samples obtained 
for this investigation may have located hot spots of contamination 
also, it is possible that a recent input of PAH’s into the Fleet may 
have occurred although there is no evidence of this from the 
landowners. Importantly, the concentrations identified in the Fleet 
lagoon by this study are alarming. Furthermore, there is no evident 
literature regarding studies of PAH identification and quantification 
along the South West coastline. Therefore, it is not possible to 
determine whether PAH concentrations are increasing in this region 
or if this chronic increase is specific to the Fleet Lagoon. 
All locations excluding sites 5 and 8 had concentrations in sediments 
which exceeded the threshold and potential effects limits (TEL / PEL) 
of the Canadian sediment quality guidelines (CCME, 2001). It is 
recognised that distribution of PAH’s in sediment maybe influenced 
by sediment characteristics including concentrations of organic 
matter (Hassan et al., 2018; Ruiz-Fernández et al., 2012; Soliman et 
al., 2019; Wang et al., 2015; Wang et al., 2001). Results from the 
present study are in agreement as significant relationships were 
found: clay, very fine silt, fine silt fractions and naphthalene; LOI and 
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acenaphthene, phenanthrene and anthracene. Importantly, reduced 
tidal flushing and water exchange (Robinson, 1983) towards the 
Abbotsbury end of the lagoon may be an influencing factor in PAH 
accumulation.  
4 ringed PAH’s were found to be the dominant species in sediment, 
which may originate from the atmopheric deposition of automobile 
exhaust products and urban run off (Xue et al., 2016). Isomer 
analysis indicated primary sources of PAH’s in the Fleet were from 
pyrogenic origins excluding site 2 which originated from petrogenic 
combustion. However, isomer determination of PAH sources should 
be viewed with caution, as environmental factors including 
weathering and microbial degradation may alter the state of the PAH, 
giving a false indication of the original source (Turner 2002, Turner 
2015, Stogiannidis and Lane., 2014).  
Analysis of worm tissue identified concentrations of <4 ringed PAH’s. 
Correlations were identified between both acenaphthene, anthracene 
in sediment and worm tissue concentrations. It is possible that the 
confounding influence of PAH metabolism on PAH bioavailability, 
where active metabolism of PAH’s by organisms may indicate lower 
uptake (Rust et al., 2004) may influence the concentrations found. 
Furthermore, the dominance of low ringed PAH’s in worm tissue may 
indicate reduced metabolism by this species, potentially a result of 
low affinity with the aryl hydrocarbon receptor (Shailaja and D’Silva, 
2003). However, as there is no apparent research regarding the 
metaboism of low ringed PAH’s by H diversicolor or marine 
polychaete species, therefore the assimilation and excretion by this 
species is uncertain. 
Conversely, although pyrene levels found in the sediment were 
exceptionally high at some site locations, worm tissue concentrations 
were low. It is acknowledged that H diversicolor metabolise pyrene to 
excretable products (Geissing et al., 2003, Christensen et al., 2002). 
As such, the low levels recorded in these worms may not provide an 
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accurate picture of assimilation. Results from Chapter 6 in the 
present study showed pyrene worm tissue concentrations were < 1% 
after 7 days of exposure in relation to concentrations of the metabolic 
product 1 - OHP. Therefore, the use of total PAH concentrations may 
not be a reliable method to investigate uptake.  
Worm tissue concentrations of pyrene, fluoranthene and 
phenanthrene were identified. These PAH’s are acknowledged to 
sorb primarily to soot particulates originating from pyrolytic sources 
(Yunker, 2002). Yunker et al. (2015), hypothesise that these soot 
bound PAH’s particulates are less bioavailable to organisms due to 
the reduced likelihood of dermal uptake. However, this does not 
account for uptake related to ingestion. As previously discussed, H 
diversicolor ingests large quantities of sediment to acquire sufficient 
energy from food particulates (Rainbow et al., 2009) therefore, 
ingestion and assimilation of soot bound PAH’s by H diversicolor is 
possible. The presence of these PAH’s in worm tissue from the 
present study therefore strongly suggests ingestion as the primary 
uptake pathway although it is acknowledged that other modes of 
assimilation may have occurred. Again, results from this study 
highlight how bioaccumulation of contamination by marine organisms 
must not be generalised, as differing physiologies and ecological 
niches among species are important factors governing accumulation. 
8.4 Behavioural alterations of H diversicolor following exposure 
to Cu, Pb and pyrene individually and in combination. 
 
The use of behaviour in environmental toxicology research provides 
a non - invasive method to detect toxicity at the whole organism level 
(Canty et al., 2009). Where behaviour following exposure has been 
negatively affected, this may have deleterious consequences for a 
whole population which may reside in polluted environments. Results 
from the present study clearly demonstrated that Cu, Pb and pyrene 
individually and in combination alter H diversicolor behaviour, 
confirming the usefulness of this parameter in ecotoxicological 
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investigation. However, high rates of mortality were observed in Cu 
exposure experiments. As median values of sediment concentrations 
obtained in Chapter 3 were used as environmentally relevant 
concentrations, these outcomes were surprising. Aqua cultured 
worms purchased for this series of experiments were selected as 
previous exposure to contamination may affect results due to genetic 
adaptation of detoxification mechanisms. As a result, normal 
regulation of specific enzymes and proteins associated with Cu 
regulation may have occurred. Additionally, higher bioavailability of 
metals in spiked sediment studies (Simpson et al., 2004) may also 
have contributed to the observed mortalities. 
Importantly, burrowing rates for Cu exposed worms and the highest 
Pb exposure group were slower than those of the respective 
concentration metal + pyrene mixtures. Additionally, worm tissue 
concentrations of Pb and Cu were higher in these single metal 
exposed groups. This may indicate that body concentrations of 
metals influence burrowing behaviour in H diversicolor. Furthermore, 
lower metal body concentrations of Cu and Pb in the mixed Cu + 
pyrene and highest Pb + pyrene groups suggest an antagonistic 
interaction between these metals and pyrene.  
Results from the present study indicate that both Pb and Cu tissue 
concentrations may influence the burrowing rates of H diversicolor. 
This may result from the inhibition of the ATPase Ca+ pump (Brix et 
al., 2017, Carfagna et al., 1996) or blockade of voltage dependant 
calcium channels in neurons (Busselberg et al., 1994; Büsselberg et 
al., 1998; Sanah et al., 2012). Additionally, cellular membrane 
alteration via pyrene uptake (Sikkema et al., 1995) may alter ion 
regulation and consequently, P - ATPase ion transporters (Gauthier 
et al., 2014, Li et al., 2011).  
AChE activities for all Pb and pyrene exposed groups were 
significantly different from the control and support the neurotoxic 
status of both Pb and pyrene (Rabitto et al., 2005, Martinez-Tabche 
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et al., 2001, Kim and Kang., 2007,Christensen et al., 2002, Kalman 
et al., 2009). However, the combined pyrene + Pb, and individual 
pyrene groups had the lowest AChE levels indicating that pyrene is a 
stronger neurotoxin than Pb. Conversely, burrowing rates of the 
combined Pb9.2 mg kg-1 + Pyrene970 µg kg were faster than the 
Pb9.2 mg kg-1 exposure group suggesting that specific AChE activity 
levels may not relate directly to burrowing speed. The determination 
of AChE activity regarding a contaminants neurotoxic status are 
commonly used as biomarkers in toxicological research. However, 
results gained in the present study suggest that H diversicolor  
burrowing behaviour may be influenced by other modes of toxicity 
namely, Ca2+ regulation following exposure to Pb. Although, there is 
no evident literature regarding this interaction following Pb exposure 
in this species and warrants further investigation. 
Importantly, results from this investigation clearly show that the 
burrowing rates of H diversicolor are negatively affected following 
exposure to Cu, Pb and pyrene. Also, Pb and pyrene elicit 
neurotoxicity in H.diversicolcor. This may have adverse 
consequences for polychaete populations which reside in 
environments where these contaminants are present. Locomotory 
performance specifically burrowing speed relates directly to predator 
avoidance and survival. Therefore, higher predation rates may occur 
ultimately Leading to reduced populations (Robinson and Peters, 
2018). Additionally, altered AChE activity in H diversicolor reported in 
the present study has been directly linked to lower population density 
and biomass in contaminated environments (Métais et al., 2019).  
 
8.5 Biochemical responses following exposure to Pb and pyrene 
by H diversicolor 
 
Worm tissue results of both the higher (Pb9.2 mg kg-1) and lower 
(Pb4.5 mg kg-1) Pb series showed reduced assimilation of Pb when 
combined with pyrene at both concentrations (Pyrene970 µg kg-1 + 
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Pyrene480 µg kg-1). Interestingly, results from the 7- day behaviour 
exposure detailed in Chapter 6 showed that Pb concentrations from 
the lower combined group Pb4.5 mg kg-1 + Pyrene480 µg kg-1 had 
higher worm tissue Pb concentrations. However, Pb concentrations 
in worm tissue from this test series showed concentrations between 
the Pb4.5 mg kg-1 and Pb4.5 mg kg-1 + Pyrene480 µg kg-1 groups 
were similar for sample days 1, and 7. On sample day 14 and 21 
there was a large increase in Pb concentration in the Pb only group. 
Thus, it is suggested that exposure to pyrene at 480µg kg-1 in 
combination with Pb over a time period >7 days may reduce 
assimilation related to the direct binding of pyrene to the cellular 
membrane. Subsequent alteration of membrane fluidity may then Pb 
to ion - regulatory dysfunction, reducing the transport of Pb+ ions 
across the cell membrane via Ca2+ and Na+ / K+ ATPases (Gauthier 
et al., 2016, Kim et al., 2016, Shuona et al., 2017).  
Pb concentrations in worms from exposure groups Pb9.2 mg kg-1 
and Pb9.2 mg kg-1 + Pyrene970 µg kg-1 increased during the 
elimination phase. It is possible that Pb particles were attached to the 
mucous membrane observed on all worms when they were removed 
from the spiked sediment tanks and placed into the clean sediment 
tanks.  
Pyrene was assimilated by H diversicolor in all individual and 
combined exposure tanks where rapid uptake was observed between 
sample days 1 and 7 for all exposure groups. The phase l metabolic 
product of pyrene, 1 - OHP was then detected in tissue from all 
exposure groups between days 1 and 7. Interestingly,  pyrene tissue 
concentrations for all exposure groups showed rapid decrease during 
sample days 1 - 14 for all exposure groups. However, 1 - OHP was 
detected until sample day 7 of the elimination phase. These results 
support research conducted by Christensen et al., (2002) who 
observed that this metabolite may be excreted and re – assimilated 
by H diversicolor. As both the phase l and phase ll metabolic 
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products of pyrene have been identified in gut tissue of this species 
(Geissing et al., 2003, Christensen et al., 2002), it is reasonable to 
suggest that 1 - OHP may be excreted into the immediate 
environment. As such, these excretory products may be available to 
organisms, although there is no research evident regarding the 
distribution and fate of these products in the marine environment.  
Metallothionein’s (MT) were not detected in worm tissue following Pb 
exposure. There are no evident reports of MT induction following 
exposure to Pb alone by H diversicolor although, this has been 
witnessed in other species (Won et al., 2012, Aouini et al., 2018, 
Ferrante et al., 2018, Bordon et al., 2018). High metabolic weight 
(HMW) proteins in association with assimilated Pb have been 
identified by Raimundo et al. (2010) in the Common octopus, 
Octopus vulgaris and the Japanese scallop, Mizuhopecten 
yessoensis (Gao et al., 2016). Therefore, HMW proteins may be 
responsible for Pb sequestration in H diversicolor rather than MT’s. 
However, basic metal ATPase efflux or lysosome sequestration may 
be the primary mechanisms evoked following Pb exposure in this 
species although, there is no existing research to support these 
theories.   
Both Pb and pyrene alone and in combination, initiate reactive 
oxygen species (ROS) production in H diversicolor. All biochemical 
responses of ROS showed higher values than those of the control 
group. Interestingly, GSTs levels in worms showed values lower 
during the assimilation than the elimination phase of the experiment. 
This may be attributed to inhibition of GSTs by these contaminants. 
Inhibition of GSTs following Pb exposure supports existing research 
(Hariharan et al., 2012, Lui et al., 2011, Ozkan-Yilmaz et al., 2014), 
which is attributed to an inhibiting mechanism related to interactions 
with sulfhydryl groups (Dai et al., 2018, Dai et al., 2012, Kim et al., 
2017). Furthermore, GSTs levels in the exposure group Pb4.5 mg kg-
1 + Pyrene480 µg kg-1 were lower than the Pb (Pb4.5 mg kg-1) and 
pyrene (Pyrene480 µg kg-1) groups. This may suggest that exposure 
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to these contaminants at these concentrations produces a co - toxic 
effect on GSTs in H diversicolor. Additionally, lower levels of GSTs 
during the assimilation phase may have affected the metabolism of 
pyrene through reduced conjugation reactions. Following 
transference of worms to clean sediment for the elimination phase, 
GSTs levels increased which may have resulted in the efficient 
metabolism of pyrene to 1 - OHP. This may explain the observed 
levels of I - OHP during both the assimilation and elimination phases 
of the experiment. Although metabolic products of pyrene in H 
diversicolor have been recorded (Geissing et al., 2003, Christensen 
et al., 2002) there is no existing research regarding how levels of 
GSTs may inhibit these processes.  
Similarly, CYP450 levels were found to be lower during the 
assimilation than elimination phase of the experiment for all exposure 
groups. This may indicate an inhibitory response to these 
contaminants also, the continued expression of CYP450 during the 
elimination phase for pyrene exposed groups may be in response to 
the presence of the metabolite 1 - OHP. However, production of ROS 
following exposure to Pb and pyrene may increase the degradation 
of CYP proteins or inhibit synthesis (Gauthier et al., 2016). The lower 
CYP450 levels during the assimilation phase of the Pb exposure 
groups supports the research of Korashy and El-kadi (2012) although 
there is no existing research to support pyrene exposure CYP450 
inhibition where these proteins are critical in metabolism (Geissing et 
al., 2003). Therefore, results gained in the present study suggest a 
novel finding regarding pyrene exposure in H diversicolor and 
warrants further investigation.  
DNA adducts resulting from ROS in H diversicolor were detected in 
all exposure groups and were higher than those of the control. This 
suggests that Pb and pyrene individually and in combination at the 
concentrations used produce ROS to levels which result in lesions 
involving modified guanosine. Importantly, the pyrene only exposure 
groups showed that although both pyrene and the metabolite 1 - 
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OHP were undetected from day 7 of the elimination phase, 8 - OHdG 
levels remained high. This may indicate a slow rate of base repair or 
more ominously, that the adducts formed are unrepairable. There is 
no evident literature regarding the formation or repair of DNA adducts 
following exposure to Pb and pyrene by marine polychaetes. 
Therefore, results in the present study may indicate a novel finding. 
In addition, following Pb exposure, the dissociation of Zn2+ by Pb2+ in 
Zn fingers have been evidenced (Sivo et al., 2018) and may Pb to 
protein mis - folding and subsequent reduction of DNA binding affinity 
(Huang et al., 2004a; Petering et al., 2000). Again, there is no 
literature apparent regarding this dissociation for marine polychaetes 
and warrants further investigation. Importantly, consequences for H 
diversicolor which inhabit Pb and pyrene polluted environments, 
include altered gene expression, strand misreading, chromosomal 
alteration and loss of heterozygosity (Evans et al., 2004, Nerbert and 
Dalton., 2006).  
8.6 Energetic costs of Pb and pyrene exposure. 
 
Results from this investigation show lower levels of lipids, 
carbohydrates or proteins in all exposed groups during the 
assimilation phase of these experiments. These results clearly show 
the energetic costs of Pb and pyrene exposure individually, and in 
combination. Furthermore, these findings agree with the cost of 
tolerance theory proposed by Holloway et al. (2000) where exposure 
to chronic contaminants depletes energy reserves which in turn, may 
reduce feeding activities.  
Mixed Pb + pyrene exposures revealed lower levels of lipids for all 
test exposures whereas, lower levels of carbohydrates and lipids 
were determined in the individual Pb test exposures. As worm tissue 
Pb concentrations were higher in the Pb only test exposures, 
increased Pb assimilation intensifies the energetic demands of H 
diversicolor. Lower concentrations of proteins were identified in 
mixed Pb + pyrene, individual Pb and individual pyrene exposure 
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groups. Although the exploitation of proteins following contaminant 
exposure have been reported (Khan et al., 2016, Hori et al., 2006, 
Smith et al., 2001), there is no literature evident reporting depletion of 
proteins following Pb or pyrene exposure, hence this is a novel 
finding. 
Importantly, lower energy determinants were observed post exposure 
for both individual and mixed groups. Increased levels of 
detoxification proteins / enzymes reported in Chapter 6 during the 
elimination phase suggested that the toxic effects of Pb and pyrene 
endure post exposure. Continued depletion of energy stores Pb to 
increased food consumption following exposure to contaminants, in 
the earthworm Eisenia andrei, in response to the energetic demands 
of detoxification strategies (Svendsen and Weeks, 1997). As food 
availability in situ is variable, H diversicolor which inhabit Pb and 
pyrene contaminated environments may not meet increased 
energetic requirements Leading to weight loss and reduced health 
status (Johnston et al., 2014). Moreover, slower burrowing rates for 
Pb and pyrene exposed worms ascribed to the alteration of AChE 
activity (reported in Chapter 5), may impair feeding mechanisms and 
food assimilation. The inability to satiate these increased energy 
requirements may ultimately Pb to slower growth and maturation 
rates, reduced health status and ultimately mortality (Johnston et al., 
2014).  
Svendsen and Weeks (1997) also reported that although food 
consumption of Eisenia Andrei increased following exposure, 
reproduction ceased. Cessation of reproduction following 
contamination exposure has been observed directly correlated to 
reduced energy budgets: zebrafish Danio rerio exposed to water 
effluent (Smolders et al., 2003);  springtails Proisotoma minuta 
exposed to cadmium and Zn; fathead minnow Pimephales promelas 
exposed to bisphenol A (Sohoni et al., 2001). Furthermore, Durou et 
al. (2007), report the depletion of H diversicolor population densities 
from contaminated sediment of the Seine, France. They further 
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describe that low energy stores found in this population of worms 
correlated to decreased egg production and ultimately, reduced 
population structure. As a key species, these worms are considered 
a primary food source for higher organisms (Moreira, 1999) and as 
ecosystem engineers due to its role in sediment bioturbation (Gerino 
et al., 2003). Diminished health status of H diversicolor present a 
pervasive threat to the functioning not only of the Fleet lagoon, where 
concentrations of Pb (Chapter 3) and pyrene (Chapter 4) exceed 
those used in the present study, but all ecosystems where Pb and 
pyrene are present. 
8.7 Limitations 
 
The present study investigated water and sediment metal and PAH 
concentrations in the Fleet Lagoon to establish environmentally 
relevant concentrations of metals and PAH’s. The bioavailability of 
these contaminants to the marine polychaete H diversicolor and 
metal (s) and PAH (s) would be identified for use in exposure 
investigations. The limitations of this investigation are explained 
below. 
8.7.1 Hediste diversicolor from the Fleet Lagoon 
Ideally, in - situ assessment of H diversicolor behaviour, biochemical 
responses and energetic determinants against a control group would 
provide information regarding the health status of these populations. 
Also, a full species survey of the selected sample locations may 
provide valuable information regarding the population density and 
biomass of this species. However, resident worms may be exposed 
to a variety of contaminants. Therefore, biochemical, behavioural and 
energetic comparisons between Pb, Cu and pyrene laboratory 
exposed worms and resident worms would not be relevant. Also, full 
contamination screening of the lagoon and labour - intensive site 
surveys would be beyond the time and financial budgets of the 
present study.  
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Worms were not identified in sample locations 8 and 9 detailed in 
Chapter 3. As H diversicolor builds burrows in soft sediments (Scaps 
2002), the high concentration of larger stones found in the sediment 
at these locations may exclude this burrowing activity. Sampling 
further into the lagoon proved hazardous due to the presence of 
deep of mud away from the shoreline. To sample away from the 
shoreline would require access to a boat which was beyond the 
financial budget for this study. 
8.7.2 Cu exposure to H diversicolor 
 
Median values of Cu concentrations from lagoon sediments reported 
in Chapter 3 were used as environmentally relevant levels to 
conducted exposure experiments. However, high mortality rates of 
worms exposed to the initial (31 mg kg-1 and 15 mg kg-1) and 
subsequent reduced concentrations (7 mg kg-1 and 4 mg kg-1) 
occurred. This may relate to the increased bioavailability of Cu in 
spiked sediment experiments due to lower levels of available organic 
matter and subsequent fractionation (Simpson et al., 2004).  
Individuals which inhabit contaminated environments may genetically 
increase the synthesis of proteins and enzymes responsible for 
regulation (Rainbow et al., 2009). However, worms used in the 
present study were purchased from a commercial aquaculture facility 
where they were housed in a mixture of clean sediment and 
vermiculite. These worms were not previously exposed to 
environmental concentrations of Cu. Therefore, mortality may have 
occurred as assimilation of Cu exceeded detoxification and excretion. 
Given this, pilot studies to determine sub-lethal concentrations of Cu 
for these worms may have provided clarity however, the costs were 
prohibitive to this study.   
8.7.3 Pyrene assimilation 
 
Pyrene exposure studies reported in Chapters 5 - 7 showed the rapid 
uptake of pyrene by H diversicolor. Sample days for behavioural 
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assessment were each day of a 7 - day period. Sample days for 
biochemical and energetic responses (Chapters 6 and 7 respectively) 
occurred each 7 days over a 56 - day period. This study may have 
benefitted from increased sample rates during the initial exposure to 
fully understand the assimilation rate of pyrene by these worms. 
However, this would have vastly increased the number of individuals 
required resulting in multiple tanks for each exposure. Therefore, the 
increased associated costs, equipment and facilities would have 
been beyond the financial budget of the present study.  
8.8 Further research 
 
Results gained from this study have highlighted areas where further 
research is necessary. To fully determine the spatial distribution of 
both metal (s) and PAH (s) in sediment of the Fleet Lagoon, Dorset, 
UK, it is suggested that further investigations are conducted. In 
particular, the use of sediment cores and radio isotope data analysis 
may provide clarification. As PAH levels were found to be extremely 
high in some sample locations it is advised that further sediment 
analysis is urgently required.  
Research regarding alterations to cellular membranes following 
pyrene exposure should be conducted using cell membrane potential 
analysis and ATPase activity in relation to ion uptake. To determine 
the impact of GST and CYP450 levels on the metabolism of pyrene 
and its metabolic products by H diversicolor, further studies 
potentially using radiolabelled products may clarify any potential 
inhibition. Additionally, the detection of pyrene metabolites within 
marine sediment in environments where pyrene and H diversicolor 
are present may elucidate the fate and distribution of these products.  
<4 ringed PAH exposure studies using H diversicolor are necessary 
to identify the assimilation, excretion and metabolic products. 
Reduced metabolism and excretion of these PAH’s by H diversicolor 
may Pb to trophic transfer and warrants further investigation.  
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ROS, 8 - OHdG adducts and alterations of energy budgets were 
reported by H diversicolor in this study following exposure to pyrene 
and Pb. This may Pb to deleterious consequences for individuals and 
populations which reside in environments where these contaminants 
are present. However, to fully elucidate whether long term effects 
occur including fitness and reproduction it is suggested that 
epigenetic and genetic studies are conducted using this species. 
8.9 Conclusion 
 
The work presented in this thesis determined concentrations of 
metals and PAH’s from water and sediment of the Fleet lagoon. The 
bioavailability of metals to H diversicolor was investigated using a 
variety of techniques. Although step 1 of the BCR sequential 
sediment digestion over - estimated the bioavailable fraction of 
metals to H diversicolor, this method proves to be a more reliable 
indicator of bioavailability than total metal concentrations . However, 
proteinase K sediment digestion correlated to Cu and Pb worm tissue 
concentration highlighting the role of sediment digestion and 
assimilation of metals by this species. Correlations between 
sediment characteristics were identified: Cu with medium and coarse 
sand; Pb with very coarse sand; LOI with Cu, Pb and Zn. The highest 
levels of LOI, Cu, Pb and Zn were found at site 10. Therefore, the 
high levels of LOI at this site location may influence accretion of 
these metals. Additionally, the presence of an oyster aquaculture 
facility near this location may affect the concentration of organic 
matter found at this location.   
PAH concentrations were found to exceed the PEL of the Canadian 
sediment quality guidelines in sample locations 2, 4, 6, 7 and 10. 
Isomer source analysis indicated that PAH’s found at sample 
locations 1, 3, 4, 5, 6 7, 8, 9 and 10 originate from pyrolytic 
combustion of fossil fuels and biomass whereas, petroleum 
combustion was identified as the original source at site 2. 
Correlations between naphthalene, clay, very fine silt and fine silt 
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sediment fractions were identified. High concentrations of these 
sediments were identified at site 1 and may influence the high 
naphthalene levels found at this site. Furthermore, a correlation was 
identified between LOI, acenaphthene, phenanthrene and 
anthracene. ∑concentrations of these PAH’s were found at site 4 
which had the second highest LOI levels and may therefore influence 
accretion. 
<4 ringed PAH’s were identified in worm tissue and may indicate 
rapid assimilation and metabolism or reduced affinity of the aryl-
hydrocarbon receptor and low molecular weight PAH’s. Furthermore, 
the presence of the predominately soot bound PAH’s pyrene, 
fluoranthene and phenanthrene in worm tissue suggest ingestion as 
an important uptake pathway.  
Assimilation of Cu, Pb and pyrene adversely affected burrowing rates 
in H diversicolor. Moreover, interactions between Pb, Cu and pyrene 
were observed including change of metal assimilation rates in the 
presence of pyrene. Both Pb and pyrene were altered AChE activity 
however, mixed Pb + pyrene exposures demonstrated additive 
toxicity on AChE activity.  
Both Pb and pyrene were assimilated by H diversicolor. Pyrene 
uptake was rapid resulting in the identification of the phase 1 
metabolite 1 - OHP. Worm tissue Pb concentrations increased during 
the elimination phase of the 28 d exposure experiment. This may 
have occurred due to Pb contamination adhering to mucous layers 
present on worms when they were removed from spiked sediment 
tanks. As they were then placed into clean sediment tanks, adhered 
Pb particles may have then been assimilated by the worms. The 
apparent lack of Pb excretion by the worms suggests cellular and 
tissue sequestration.  
MT’s were not initiated by Pb assimilation during exposure tests 
indicating regulation by basic metal ATPase efflux or sequestration 
by lysosomes. Both Pb and pyrene exposure were found to initiate 
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ROS in H diversicolor, as increased levels of SOD, GST were 
identified for all exposure groups during the assimilation phase. 
However, SOD levels for exposure group Pb4.5 mg kg-1 remained 
high during the elimination phase, indicating increased persistent 
levels of ROS. GST levels for the mixed group Pb9.2 mg kg -1 + 
Pyrene970 µg kg-1 exceed those of the individual exposures and may 
highlight additive effects of these contaminants. Interestingly, GST 
levels for all exposure groups during the elimination phase exceed 
levels of the assimilation phase. This reduction during the 
assimilation phase may relate to its exploitation, and therefore 
depletion, in ROS metabolism or more ominously, inhibition of 
synthesis. CYP450 levels were increased for all exposure groups 
during the assimilation phase. Again, higher levels of CYP450 were 
identified during the elimination phase for all exposure groups. This 
may indicate its role in ROS reduction or inhibition by Pb and pyrene. 
DNA adducts in the form of 8 - OHdG were identified for all exposure 
groups throughout the assimilation and elimination phases. The 
presence of these adducts during the elimination phase suggests 
ineffective regulation of ROS. 
Exposure to Pb and pyrene reduced lipids, carbohydrates or proteins 
in H diversicolor. Individual Pb exposed groups showed lower lipid 
and carbohydrate levels than the mixed Pb + pyrene groups. Higher 
tissue concentrations of Pb in the individual Pb groups suggests that 
higher Pb assimilation is more energy depleting. Depleted energy 
stores were identified for both individual and mixed exposure groups 
during the elimination phase. This may relate to the continued 
expression of biochemical detoxification mechanisms during this 
phase reported in Chapter 6. This thesis set to determine 
bioaccumulation of metal (s) and PAH (s) by H diversicolor from 
environmental matrices of the Fleet lagoon, Dorset, UK, and to 
assess the behavioural, biochemical and energetic effects of 
exposure to both Pb and pyrene. All aims were addressed to improve 
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the understanding of assimilation and subsequent effects of 
exposure on the marine polychaete H diversicolor. 
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Appendix 1 
I2 Analytical PAH Test results  
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Appendix 2 
Glutathione Calibration Curve 
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